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Abstract 

Although the degradation of plastics is desirable, the degradation products of plastic materials, 
micro- and nanoplastics, are of increasing concern. These plastic particles are now emerging 
pollutants in the environment and are considered potentially hazardous to organisms and 
humans. This thesis had the scope of giving further insights into the understanding of these 
pollutants by addressing fate, generation, detection and effects on human health.  

In detail, the following questions were posed: How do microplastics distribute in a river 
ecosystem and does the biotic microplastic pollution reflect that of the abiotic matrices? Can 
the use of plastic packaging generate plastic particles? How are nanoplastic particles 
chemically modified during secondary formation, and through which analytical approach can 
they be identified and quantified? What are the human health effects of inhaled microplastics, 
and is the 3D structured human airway organoid model suitable for human risk assessment of 
atmospheric plastic particles? 

For investigating the occurrence and fate of microplastic in a freshwater ecosystem, two 
projects were conducted on the Ticino River (North Italy); one on microplastics extracted from 
multiple matrices (water, sediment, fish and macroinvertebrates) simultaneously sampled 
along the river and one on microplastic isolated from pellets of an avian freshwater species. 
The results demonstrated a high complexity of the distribution of microplastics along the river, 
evidenced by the absence of correlation of concentration between the matrices and along the 
river, and that a single matrix alone cannot accurately represent the microplastic pollution level 
of a river ecosystem. Moreover, the spatial variability and the opposing microplastic 
concentrations in water and sediment further indicates a strong role of the pronounced 
hydrodynamic conditions of the Ticino River, where microplastics can be deposited, retained 
and resuspended. Furthermore, using regurgitated pellets and a tied use of different analytical 
techniques, here µ-FTIR and SEM-EDS, were proven to be a suitable approach for identifying 
(micro)plastics for avian plastic ingestion studies.  

The formation of plastic particles from packaging was investigated in two further 
projects focusing on the release of micro- and nanoplastic particles from drinking water plastic 
bottles (single-use) under simulated use. The results demonstrate that the bottle lid (made of 
high-density polyethylene) was the source of the formation of plastic particles, which were also 
detected on bottlenecks and, therefore, available for human exposure via ingestion. In this 
context, the modifications of the physical-chemical characteristics of secondary nanoplastic 
particles were detected and described. High resolution SEM, XPS, SPES and µ-Raman 
analysis, in combination with concentration steps proved to be suitable for quantifying and 
identifying nanoplastics in simple matrices like drinking water. 

The last project was dedicated to an innovative model for the risk evaluation of inhaled 
and deposited atmospheric micro- and nanoparticles on humans. In this work, 3D human 
airway organoids were characterised and exposed to synthetic microplastic fibres released by 
drying textiles in a tumble dryer. The result shows that the presence of nonbiodegradable fibers 
during the repair phase of a damaged lung epithelium may lead to their inclusion in the repaired 
tissue with unknown effects on long term perspective. Concluding that human airway 
organoids are suitable for testing airborne micro-and nanoplastics to determine the potential 



 
 

 

risks of atmospheric particles in developing adverse pulmonary effects, this thesis contributes 
to the development of urgently needed human models for assessing the impact of particulate 
matter pollutants. 

Covering different aspects of micro- and nanoplastic pollution, this thesis contributed 
to understanding the complexity of this pollutant and to the optimisation of future micro- and 
nanoplastic research regarding the evaluation of environmental concentrations, human 
exposure of plastic particles from packaging and human risk evaluation of atmospheric 
particulate matter. Also, with a perspective on the future of plastic materials (here packaging 
and textiles), the results of this work should stimulate and be taken into consideration for the 
re-design of plastic materials.  
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CHAPTER I – General Introduction 

1.1 Micro- and nanoplastics 

With the consistent production and consumption of plastics, emissions of plastic are 
increasing and will continue to do so even in the most optimistic future scenarios for plastic 
waste reduction.1,2 Stimulated by reports of plastic waste in the marine environment3,4 and 
adverse impacts for animals (e.g. entanglement),5 the discussion about environmental pollution 
by plastic has gained public interest in recent years. Conventional plastics are synthetic 
polymers mainly derived from petroleum-based raw materials and can contain a wide range of 
low molecular weight additives to improve their processability, properties, and performance.6 
Plastics may be toxicologically relevant when the chemicals, including these additives (e.g. 
plasticisers, stabilisers, flame retardants) and other molecules present in plastics, leach from the 
material.6 Micro and nano-size ranged plastic particles, so-called micro- and nanoplastics, are 
part of the overall plastic pollution problem and have been considered a potential threat to 
humans.7–9 It is therefore not surprising that the scientific community has contributed 
substantially to the research of these emerging contaminants in recent years. By now, it is well 
known that microplastics are ubiquitous in the environment due to their small size10 and slow 
degradation, which depends on the polymer properties and environmental conditions.11 Less 
information is available for nanoplastics because they have not yet been extensively measured 
in the environment. However, there is growing concern that this size fraction of plastics may 
be more prevalent and hazardous than larger particles.12 

1.1.1 Microplastics in freshwater 

Although there is still no agreement on the upper and lower size limits to microplastics, 
the following proposed definition by Frias and Nash (2019)13 goes in line with the most used 
definitions: “Microplastics are any synthetic solid particle or polymeric matrix, with regular 
or irregular shape and with size ranging from 1 μm to 5 mm, of either primary or secondary 
manufacturing origin, which are insoluble in water”. 

This elaborate description already indicates that microplastics is a collective term for a 
heterogeneous group of diverse and complex contaminants14 with shapes ranging from fibre, 
film, fragment, foam to spheres.6 Microplastic particles can be produced as such and added to 
products to improve their functionality (e.g. printing ink, lubricants) or as a major component 
(e.g. paints, cosmetics) and are defined as primary microplastics.15 Recently, the European 
Chemical Agency (ECHA) proposed a restriction of primary microplastics under the REACH 
regulation.16 The majority of microplastics in the environment, however, are secondary 
microplastics deriving from the fragmentation and degradation of plastic litter via biological, 
physical, and chemical processes. Moreover, they can be generated when using a plastic 
product, for example, the release of microplastic fibers from wearing or laundering synthetic 
clothes,17 particles from tyre wear18 or packaging material.19 

 Once in the environment, microplastics can be transported through the atmosphere, 
reaching very remote areas such as glaciers,20 the Arctic region,21,22 Antarctica,23,24 and even 
the highest mountain on earth.25 In the marine environment, the presence of microplastic has 
been studied extensively.26,27 Also, there has been a surge of interest in studying microplastic 
pollution in freshwater ecosystems. The presence of microplastic has been detected in surface 
water28–30 and sediment31–33 of rivers and lakes worldwide. Microplastics have also been 



 
 

2 
 

observed in organisms, such as fish34,35 and invertebrates,36,37 and in traces of organisms (e.g. 
mammal faeces),38 indicating the ubiquity of microplastics in aquatic ecosystems. The levels of 
microplastic vary greatly. According to a recent review,39 the reported microplastic 
concentrations span eight orders of magnitude in freshwater (1.2 × 10-3 to 
5.4 × 105 particles m- 3) and six orders of magnitude in sediments (8.1 × 10−1 to 
9.5 × 105 particles kg-1). Higher microplastic concentrations are often associated with areas of 
high industrial activity,29 which might be explained by the main input pathways of microplastic 
to rivers that are known to be effluents from wastewater treatment plants,40 surface runoff from 
roads and agriculture,41 and atmospheric fallout.42 Interestingly, the plastic consumption by 
polymer type, which lists polyethylene types (PEs), such as high-density polyethylene (HDPE) 
and low-density polyethylene (LDPE), polypropylene (PP), polystyrene (PS) and its expanded 
version (EPS), polyvinylchloride (PVC) and Poly(ethylene terephthalate) (PET) as plastics of 
highest demand,43 is also reflected in the order of globally detected polymers in freshwater and 
drinking water studies: PE ≈ PP > PS > PVC > PET.44 

For the chemical identification of the microplastics, spectroscopic methods are most 
often used: Fourier-transform infrared (FTIR) and Raman spectroscopy coupled to a 
microscope (µ-FTIR, µ-Raman), and scanning electron microscopy combined with energy 
dispersive X-ray spectroscopy (SEM/EDS). Also, pyrolysis gas chromatography/mass 
spectrometry (Pyr-GC/MS) for providing the mass of microplastics is commonly used.39 It has 
been rigorously highlighted that there is an urgent need to establish standardised and 
harmonised protocols for sampling, sample processing, analysis and reporting of microplastics 
from various environmental matrices due to the rapid increase in microplastic pollution 
studies.39,45,46 Particularly challenging is the chemical identification of microplastics, especially 
those of a few micrometre size.  

Plastic particles are considered an environmental risk due to their chemical and physical 
properties. Potentially negative impacts of microplastics on biota are associated with the 
leaching of monomers and additives, of which some have been proven to have endocrine-
disruptive, toxic, or carcinogenic effects.47–49  Additionally, microplastics can serve as a carrier 
for other toxic pollutants that are already in the environment, including persistent organic 
pollutants50,51 and heavy metals52,53 sorbed to the surface of microplastics. Microplastics can 
also have physical impacts such as injuries caused by internal scratches and obstructions in the 
digestive tract or deprived nutrient availability via gut blockage, false satiety sensation.54,55 
However, the reported effects of microplastic on the biota, which depended on species, size, 
shape, chemical composition and concentration, are highly contradictory. The impacts ranged 
from negative (including lethal) through no impacts up to detoxification (when the initial 
concentration of pollutants in organisms was higher than in the ingested microplastics).56,57 
Furthermore, many toxicity studies were implemented with microplastic concentrations 
exceeding those measured in the environment by far.56 The ambiguity of these results and the 
shortcoming in sampling and detection have cast doubt on the relevance of microplastic studies 
in freshwater systems.57 The environmental risk of larger microplastics for freshwater biota has 
been suggested to be rather low, while a higher risk remains for small microplastics (few 
micrometres) and nanoplastics.57    

1.1.2 Nanoplastics 

The further weathering of macro- and microplastics can lead to a substantial load of 
nanoplastics in various ecosystems.12 Nanoplastics differ from microplastics due to their size 
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and their size-dependent properties. Contributing to the on-going debate on size definitions for 
micro- and nanoplastics, Gigault et al.58 defined nanoplastics as “particles resulting from the 
degradation of plastic objects” and that “nanoplastics exhibit a colloidal behaviour within size 
ranging from 1 nm to 1 μm”, which in turn is consistent with Frias and Nash's13 lower size limit 
to microplastics (1 μm). 

The size-dependent properties of nanoplastics have consequences for transport, 
interactions with colloids, bioavailability, potential toxicity and leaching times for additives.59 
Due to these properties, nanoplastics are even considered to be more extensively distributed 
and damaging than microplastics.12,60 Previous research has shown that nanoplastics can 
permeate through biological membranes due to their small size.61 

However, unlike microplastics, nanoplastics have rarely been measured in the 
environment due to methodological challenges.62 The technical development and feasibility for 
the analysis of particles below certain sizes are still limited. Chemical identification techniques 
relying on laser spot sizes such as µ-Raman or transmitted/reflected µ-FTIR microscopy are 
popular in microplastics analysis as physical and chemical information can be obtained with a 
single instrument; however, they have a resolution limit.59 Although the nanoplastic research 
benefits from existing studies on engineered nanomaterials, whose analytical methods are now 
being adapted and improved for the quantification and identification of nano-scales plastics,59 
understanding the formation and detection of nanoplastics is in its infancies. To overcome the 
limits of single instruments, it has become practical to couple different techniques to obtain the 
necessary information on the chemical character, shape, size discrimination, and concentration, 
including field flow fractionation, mass spectrometry, and light scattering.56,58  

Moreover, scientific evidence about their interactions with organism is rare and 
inconclusive; depending on the measurement metric used (numerical, mass-based or volumetric 
concentration) and the nanoplastic model characteristics,59,63,64 toxicity experiments can lead to 
varying outcomes.65 The recent perspective by Mitrano et al.12 reports that there is insufficient 
information to conduct an adequate risk assessment of nanoplastics leaving key knowledge gaps 
that still must be filled in terms of both nanoplastic hazard and nanoplastic exposure. To fill 
this research gap, the physical-chemical properties of secondary nanoplastic debris needs to be 
better understood. 

1.1.3 Human health 

With growing studies on plastic particles in the environment and animal and cell-based  
experiments in the laboratory producing inconsistent results,65,66 the question emerged how 
plastic particles affect humans; through which pathways do we take up micro- and nanoplastics, 
and, most importantly, do they have harmful effects on our health?  

The presence of microplastics in food and beverages has been demonstrated 
before19,67,68, and their oral ingestion has been proven recently.69 The oral uptake of micro- and 
nanoplastics via direct exposure from consumer goods is therefore undisputed. For drinking 
water, the World Health Organization reports that there are currently no or low health concerns 
regarding the consumption of microplastics and associated chemicals.70 Yet, increasing 
concentrations in our food may have unknown consequences in the future and particularly for 
nanoscale particles, reliable information is lacking. Moreover, science has just begun to look 
more closely at the plastic food packaging itself as a source of micro- and nanoplastic particles 
for human exposure. The release of plastic particles by food packaging under thermal stress 
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was observed by a study analysing the water after steeping a plastic teabag.71 Plastic food 
containers and plastic cups were also recently identified as potential ingestion sources.72 
Considering the role that plastic food packaging plays in our daily lives, understanding their 
contribution as unintentional sources of secondary micro- and nanoplastics and the level of 
human exposure is important. In this context, it is particularly important to determine the 
physical-chemical properties of secondary nano-scale particles that might occur during the use 
of a plastic product. 

Other pathways of micro- and nanoplastic intake by humans are the inhalation of 
atmospheric particles, which has already been demonstrated in vivo for microplastic fibres.73,74 
The main sources of microplastics in the air are industrial emissions, traffic, materials in 
building, waste incineration and, considered as the major source, synthetic textiles from, for 
example, clothes and house furniture.42,75 The latter explains also, why the largest portion of 
microplastics in the atmosphere consists of microplastic fibres.42 Reports on the concentration 
of microplastic in the air are still few.76–78 Those comparing indoor with outdoor airborne 
microplastic concentration observed higher concentration in indoor environments,77 with levels 
ranging from 1–60 particles m-3 day-1.79 The estimated atmospheric microplastics that a person 
could inhale was calculated to be 26–130 airborne microplastics a day.75 

Commonly, the human health effects of these emerging contaminants are deduced from 
in vivo exposure tests in animal models, i.e., mammalian or nonmammalian models such as 
mice,80 rats,81 Xenopus laevis,82 and zebrafish,83 and from in vitro models such as human cell 
cultures.57,84 After exposure, i.e. inhalation or ingestion, micro- and nanoplastics may pass 
through biological barriers, leading to translocation in the body tissue, which, however, is size-
dependent.85 To date, the most common in vitro models used to evaluate the biological effects 
associated with micro- and nanoplastic exposure are human two-dimensional (2D) cell cultures 
with a variety of human cell lines, including epidermal cells,57 lung epithelial cells,84,86,87 
endothelial cells,88 and intestinal cells.89,90 However, it is known that these 2D systems have 
limitations, such as an inaccurate representation of the in vivo tissue,91 or, usually being 
monocultures, allow the study of only one cell type,92 and are therefore increasingly being seen 
as inefficient model.93 Recently, three-dimensional (3D) cellular structures called organoids 
generated from induced pluripotent stem cells, embryonic stem cells, or adult tissue-resident 
stem cells have been shown to be a powerful tool to overcome the limits of 2D cultures.91,94 
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1.2 Thesis objective 

The overall quest of this doctoral thesis was to give further insights into the 
understanding of the emerging pollutant micro- and nanoplastic, particularly the occurrence and 
fate of microplastic in the freshwater environment (Paper 1 and 2), formation of plastic particles 
from plastic packaging and detection methodologies for nanoscale particles (Paper 3 and 4), 
and consequences for human health (Paper 5).  

The first specific objective of the thesis was inspired by the increasing interest in 
microplastics in freshwater ecosystems. Yet, the simultaneous sampling of multiple matrices 
and analysis of how the microplastic concentration in these matrices varies along a river course 
is rare. For this reason, the objective was to provide additional insight into the microplastic 
contamination of specific matrices, their variation along a river system both spatially and in 
between the matrices to analyse potential correlations among the matrices and driving factors 
such as environmental features and potential sources. Sampled matrixes were abiotic and biotic 
samples; surface water, subtidal sediment, gastrointestinal tract of fish (wels catfish, Silurus 
glanis), and macroinvertebrates (caddisfly, Hydropsychidae from the order Trichoptera) 
collected along the length of the Ticino River in Northern Italy (Paper 1). Additionally, since 
very little information on avian plastic ingestion of freshwater bird species is available, the 
microplastic ingestion of the common kingfisher (Alcedo atthis) from the Ticino River was 
studied by examining its regurgitated pellets. Moreover, the aim was to evaluate the kingfisher 
as monitoring species for avian microplastic pollution. In this context, the differences, 
advantages and disadvantages for identifying microplastics of the selected analytical methods, 
SEM and µ-FTIR, were also discussed (Paper 2). 

The second specific objective of the thesis was dedicated to the presence of microplastic 
in drinking water from plastic bottles and on the possible formation of plastic particles from 
these water bottles. This investigation was motivated by the suspicion that mineral water from 
plastic bottles could contain microplastics and that mechanical stress to which the bottles are 
subjected by their use could release more plastic particles to which humans are exposed when 
drinking from these bottles. To test this, water bottles made of PET (body) and HDPE (lid) 
were opened and closed several times and subjected to a squeezing mechanism (to simulate 
use). The aim was to quantify PET and HDPE particles in the micro-size range both in the water 
itself and on the surfaces of the plastic materials of the bottle (Paper 3). However, the decreasing 
size of plastic particles challenges their detection and identification, which is why there is little 
information on secondary nanoplastics in the environment and their exposure to humans. 
Therefore, a further aim of this thesis was to provide an analytical approach to quantitatively 
and qualitatively detect the release of nanoplastics in the water matrix and to measure the direct 
exposure of consumers by the simulated use of plastic water bottles (Paper 4). In this context, 
the work aimed to identify and discuss the modification of the physical-chemical properties of 
nanoplastics that occur during their formation and their impact on identification and 
quantification. Since there is growing concern that nano-sized plastic particles may be more 
hazardous than larger particles due to the small size,12 the need for reliable nanoplastic exposure 
studies is crucial. 

After demonstrating the occurrence and fate of microplastic in a freshwater ecosystem 
and analysing the formation of plastic particles from packaging material, the third specific 
objective of this work addressed the impact on human health, particularly testing an innovative 
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exposure model to study the effects of this emerging contaminant. As atmospheric microplastic 
pollution is one of the main sources of microplastic uptake in humans, the lungs are potentially 
the most affected human organ. As such, innovative 3D structured human airway organoids 
offer a promising model, even though still being in the development phase. Since this model 
has not yet been used to study the effects of inhaled plastic particles, the objective of this thesis 
was to describe the model and test its application for human exposure tests for micro- and 
nanoplastic and other inhalable particulate contaminants (Paper 5). The test contaminant used 
was polyester fibres emitted from the drying process of synthetic clothes and fabrics. This took 
into account that the largest portion of microplastics in the atmosphere consists of microplastic 
fibres deriving from synthetic fabrics.42 The overall aim was, therefore, to contribute to the 
understanding of human exposure risk and consequences of microplastic fibre exposure, which 
still remain unclear due to rare and insufficient information providing evidence of the negative 
human health effects of inhaled microplastic fibres.10,75  
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CHAPTER II – Papers 

PAPER 1 – Following the fate of microplastic in four abiotic and 
biotic matrices along the Ticino River (North Italy) 

Anna Winkler, Diego Antonioli, Andrea Masseroni, Riccardo Chiarcos, 
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H I G H L I G H T S

• Abiotic MP levels were 33 items m−3 in
surface water and 11 items kg−1 in sedi-
ment.

• Biotic MP levels were 0.032 items g−1 in
fish and 0.030 itemsmg−1 in macroinver-
tebrates.

• MP levels of biota did not correlate with
MP levels of abiotic matrices.

• No increasing trend of MP concentrations
with the length of the river.

G R A P H I C A L A B S T R A C T

A B S T R A C TA R T I C L E I N F O
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Microplastics (MPs) are emerging contaminants in freshwater systems that have already attracted much scientific in-
terest, but little attention has been paid to a multi-matrix analysis of MP occurrences along the length of a river. The
present research provides the first record of MP contamination of four abiotic and biotic matrices from a river ecosys-
tem simultaneously analysed.MPswere isolated and identified bymicro-Fourier Transform Infrared (μ-FTIR) spectros-
copy from samples collected along the Ticino River in North Italy during spring 2019. Abiotic samples were surface
water (n = 18, 33 MPs m−3) and sediment (n = 18, 11 MPs kg−1), while biological samples consisted of stomach
and gut content of fish (n=18, wels catfish, Silurus glanis, 0.032MPs g−1) andmacroinvertebrates (n=90, caddisfly
larvae, Hydropsychidae, 0.03 MPs mg−1). MPs were found in biota from all stations; 44% of fish and 61% of macro-
invertebrate samples containedMPs. The calculated unit-consistent concentration ratios indicate that both S. glanis and
Hydropsychidae larvae had a consistent higher amount of MPs than their respective medium (sediment and water),
strongly suggesting an efficient uptake pathway into organisms. MP levels in surface water, sediment, fish and macro-
invertebrates were not correlated and did not increase with the river's length. From our mass balance calculations, the
Ticino River transports a consistent amount ofMP (yearly load of 3.40× 1011±1.1× 1011MPs) to the PoRiver. This
MP load was almost half than an estimated MP load from wastewater treatment plants (WWTPs). On that basis and
supported by the finding that MP concentration in sediment was mostly opposed to that in surface water but was on
average 750-fold higher compared to the water matrix, we surmise that the complex hydrological network of the Ti-
cino River retains a consistent amount of MPs which might build up over time.

Keywords:
Microplastic
Freshwater ecosystem
Sediment
Surface water
Fish
Macroinvertebrates

1. Introduction

The interest in studying the pollution of microplastic (MP, synthetic
polymers<5mm) in freshwater ecosystems is increasing continuously. Pre-
vious studies have already reported the presence of MP in surface water
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(Mani et al., 2016; Dris et al., 2018a; Mintenig et al., 2020), sediment
(Rodrigues et al., 2018; Klein et al., 2015; Horton et al., 2017), fish (Roch
et al., 2019;Wang et al., 2020), mammals (Smiroldo et al., 2019) and inver-
tebrates (Xu et al., 2020; Sfriso et al., 2020), indicating the ubiquity of MPs
in aquatic ecosystems. In rivers, MPs enter through various sources, such as
effluents from wastewater treatment plants (WWTPs) (Schmidt et al.,
2020), surface runoff from roads and agriculture (Xia et al., 2020), atmo-
spheric fallout (Dris et al., 2016), and degradation of larger plastic waste
items. These input pathways might explain why higher concentrations of
MP are often associated with areas of high industrial activity (Dris et al.,
2018a). Rivers are conduits for MP to the sea, yet, not all MPs entering
the river are directly transported toward the marine environments. MPs
can be retained, stored and deposited for a long time in sediments
(Nizzetto et al., 2016; Horton and Dixon, 2018), increasing the exposure
to organisms and the retention potential of the inland hydrological network.

Although the ingestion of MPs by biota from diverse trophic levels is
gaining attention, the intake and effects remain poorly understood
(Hermsen et al., 2018). Furthermore, in-situ investigation of MP loads in
river insect species is still rare (Nel et al., 2018). The ingestion of MP by or-
ganisms depends on the particle size, among other factors (Phuong et al.,
2018). Once ingested, the potential adverse effects on the aquatic life can
be of a physical nature (blockage and disruption of digestion) or have chem-
ical impacts such as pollutant transfer due to their properties as vector and
leaching of plastic additives (Kukkola et al., 2021). The incorporation of
MPs into the benthic food web might also rely on the river flow dynamic,
given that many benthic organisms feed on particulate matter settling on
the sediment. The investigation of MP concentrations in benthic organisms
as potential indicators of MP pollution of the freshwater environment has
been discussed before (Nel et al., 2018).

To date, only one study investigated MP levels in different species and
abiotic matrices simultaneously; however, it addressed the marine ecosys-
tem (Karlsson et al., 2017). Comprehensive studies of multi-matrices cover-
ing more abiotic and biotic samples are still rare, especially with
accompanying analyses of how MP concentration in these matrices varies
along a river course. In the present study, we analyse surfacewater, subtidal
sediment, gastrointestinal tract offish (wels catfish, Silurus glanis), andmac-
roinvertebrates (larval hydropsychid caddisfly, Hydropsychidae:Trichop-
tera) sampled along the length of a river (Ticino River in Northern Italy).
This study aims to provide additional insight in MP contamination of the
specific matrices, variation along a river system both spatially and in be-
tween the matrices to analyse potential correlations among matrices and
driving factors such as environmental features and potential sources. By
analysing MP in different environmental matrices, we can better estimate
relative concentration ratios in biotic vs. abiotic matrices. Based on obser-
vations from previous studies, we hypothesise that the concentration of
MP in surface water increases with the increasing length of the river and
that MP concentrations of biotic matrices reflect those of abiotic matrices.

2. Material and methods

2.1. Research area and sample collection

The Ticino River [7228 km2 total catchment area; 350m3 s−1 mean dis-
charge (Cushing et al., 2006)] is a 248 km long river located in Southern
Switzerland and Northern Italy and is a main tributary of the Po River.
The Ticino was selected as it represents one of Italy's most natural rivers
yet flows through the urbanized and industrialised Po Plain. Moreover,
MPs were already found in the ecosystem of the Ticino River, i.e. in pellets
from the kingfisher (Winkler et al., 2020) and in faeces of otter (Smiroldo
et al., 2019). Six sampling stations (S1–S6) were chosen based on spatial
proximity to potential main MP input sources (drainage canal outflows,
WWTPs) and accessibility, covering a transect of 80 km (1189 km2 catch-
ment area) of the Italian part of the Ticino River (Fig. 1). Sampling of sur-
face water, sediment and macroinvertebrates took place in shallow banks
of the river. Stations S1, S3 and S4 were located in outer bands of the
meandering river, while S2, S5 and S6 were located in inner bands.

Surface water, sediment and macroinvertebrates sampling was imple-
mented on three subsequent days in July 2019, while fish were sampled
from February to July 2019 for logistical reasons. For surface water sam-
pling, we used an in-house manufactured Neuston trawl (60 μm mesh size
of nylon net, 3 m length, steel frame 0.2 m deep and 0.5 mwide). Sampling
was implemented by two persons standing in the current and holding the
trawl in position with ropes. Flow velocity was measured with a flowmeter
and was 0.44 ± 0.11 m s−1 on average (Table S1). Filtered water volume
was estimated by multiplying the area of the trawl opening through
which thewater passedwith theflow velocity and the duration of sampling.
The mean± SD filtered water volume was 10.88 ± 2.60 m3 (see Table S1
for details). Water was filtered three times for 10 min for each position.
Sample material in the net was rinsed with river water from the outside
to the inside into the cod end of the trawl. The collected material was
then rinsed into a glass jar and frozen until extraction.

Subtidal sediment was collected from three spots located 1 m from the
shoreline at approximately 5 m intervals. Subtidal sediment in the littoral
zone was selected based on proximity to macroinvertebrate sampling site
to allow comparison of MP data. Where necessary, the layer of larger stones
was put aside before removing the first 3 cm of river sediment from an area
of approximately 100 cm2 with a metal shovel. We chose a shovel as the
sampling method for cost-effectiveness and simplicity as suggested by pre-
vious literature (Wang et al., 2017; Wen et al., 2018; Peng et al., 2018).
Sample material was transported in aluminum trays closed with aluminum
foil and stored at−20 °C.

The fish species selected was the wels catfish (Silurus glanis), for two
main reasons: it is one of the top predators of the river and is therefore at
the top of the food chain (potential accumulation of MPs), and it is an inva-
sive species and as such was being caught anyhow by a local containment
campaign. The fish were caught via electrofishing during a containment
campaign performed in the Action C7 (Active defence of Acipenser naccarii
spawning sites) of the “Ticino Biosource“ LIFE project (Parco del Ticino,
2021). They were killed according to the ethical statement of the project
and according to the DGR n.8/6308, 21/12/2007 of the Lombardy Region:
“Management of A. naccarii, of reproductive sites and of fishing”, approved
to guarantee long-term survival of the species. For these reasons, sampling
took place over 5 months (February–July). Whether there were temporal
effects on the MP concentration was statistically calculated (see S1.5).
Among those fish caught for containment purposes, three were selected
having similar size in each sampling station. Thus, n = 3 fish per station
were sampled. The fish had a mean (± SD) length and weight of 84.1 ±
11.2 cm and 4.5 ± 1.9 kg, respectively. Since the gastrointestinal tract
(GIT; oesophagus to vent) for the MP extraction was targeted, GITs were
immediately removed in the laboratory and stored at −20 °C until further
processing.

For macroinvertebrate samples, the larvae of hydropsychid caddisflies
(Hydrospsychidae:Trichoptera) was selected due to their numerical
abundance. Preliminary sampling of the macroinvertebrate communities
of the river continuum revealed that Hydropsychidae was the only insect
family present in sufficient individual numbers at each station. Larval
Hydropsychidae typically colonize hard bottom substrates of different
types and particle sizes and are categorised as filter-feeders/collectors and
processors of suspended organic materials (Ficsór and Csabai, 2021). To fa-
cilitate their filter-feeding, they build retreats consisting of silk and sub-
strate material to which catch-nets of a specific mesh sized are attached
(Ficsór and Csabai, 2021). At each sampling station, 15 individuals were
collected by hand-picking the individuals from rocks and larger stones
(Chessman, 1995). The individuals were identified in the field, placed in
glass jars and immediately fixed in 70% ethanol.

2.2. Isolation of MP

For the isolation of MP from the matrix, it was necessary to process the
samples before digesting them chemically in a purification step and sepa-
rate theMP from the solution via density separation. Surface water samples
(n = 18) contained relatively large volumes of suspended organic matter
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and algae due to the small pore size of the net. Therefore, we filtered the
sample matrix over a stacked arrangement of sieves following the protocol
by NOAA (Masura and Baker, 2015). Sample material was poured and
rinsed over a stainless steel sieve (2 mm mesh size) into an aluminum-
framed nylon net (60 μm mesh size), thereby reducing also the water vol-
ume. Retained material on the 2 mm-sieve was visually inspected for any
MPs < 5 mm and discarded. Sieved material on the nylon net was rinsed
carefully into a clean beaker.

Collected sediment (n= 18) varied between stations, but the numbers
ofMPs per sediment sample were normalised to 1 kg. To report MP concen-
trations in kg of dry weight (MPs kg−1), sediment samples were oven-dried
at 50 °C until constant weight (up to 10 days). The drying at higher temper-
atures to speed up the process was prevented as temperatures>50 °Cmight
influence the integrity of MPs inside the sample (Pfeiffer and Fischer,
2020). Mean (± SD) sample dry weight (dw) was 0.634 ± 0.064 kg (see
Table S2 for values for each station). Each dry weight amount was used

Fig. 1.Overviewmap of the study area showing thewatershed of the Ticino River and itswaterways. Sampling stations are located along the 80 km long stretch of the studied
section of the Ticino River, with S1 upstream near the Lake Maggiore and S6 downstream at the confluence of Ticino and Po River.
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to normalize MP concentrations in kg of dry weight of sediment (MPs
kg−1). Throughout the course of the river, the grain size distribution of sed-
iments changed, resulting in differing sample compositions. Therefore, the
grain size classes of each sample were determined by fractioning the grains
in three size categories: < 2 mm (clay, silt, sand), fine gravel (2–4.75 mm)
and medium gravel (> 4.75 mm) using a stacked arrangement of stainless
steel sieves (see Table S2 for grain size ratios). Relationships between
grain size class distribution of each sample and MP concentrations were
evaluated.

As the entire GIT of catfish (n=18) was too large, we released the con-
tent into a glass beaker using filtered Milli-Q water to rinse the residues in
the tract.When ingested fish or crab parts or entire bodies were found, they
were rinsed off over the beaker and discarded. Mean (± SD) GIT content
wet weight (ww) was 46 ± 34 g (Table S3).

Hydropsychidaemacroinvertebrate samples were rinsedwith filtered dis-
tilled water to remove any exterior MPs, placed in glass beakers covered with
pierced aluminum foil and then freeze-dried under vacuum to determine bio-
mass (mg dw). Five individuals were pooled together to provide composite
samples (n = 18) with a mean (± SD) weight of 33.6 ± 6.5 mg.
Subsequently, samples were homogenised with a mortar and pestle and
placed in beakers.

To digest the organic material chemically, surface water and sediment
samples were treated with hydrogen peroxide with iron as catalyst (H2O2

+ FeII), and biota samples with potassium hydroxide (KOH). Additionally,
density separation with a saturated salt solution (NaCl) was performed on
water, sediment and fish samples. All solutions were then filtered on cellu-
lose membrane for the visual identification under the stereo microscope to
isolate putativeMP items. The details of these steps are elaborated in the SI
of this work (S1.2).

2.3. μ-FTIR analysis

To verify our visual identification accuracy and identify the polymeric
origin of MPs, micro-Fourier Transform Infrared Spectroscopy (μ-FTIR,
Thermo Scientific Nicolet iN10 MX) was used. For water surface samples,
40 ± 23% (mean ± SD) of items on each filter were randomly selected
for validation. For sediment samples, 67 ± 22% (mean ± SD) of items
on each filter were randomly selected. For fish andmacroinvertebrate sam-
ples, we conducted an 82±28% and 82±19%FTIR validation of visually
identifiedMPs, respectively (Table S4). Particle image, final FTIR spectrum
and the best match with the library were recorded for each analysed parti-
cle and marked by the univocal code of the particle. The spectra matching
with a quality index between 60 and 70% were accepted and labelled as
“synthetic polymer”, while spectra with a quality index higher than 70%
were recordedwith the nameof the polymer type. FinalMPs concentrations
in water, sediment, fish and macroinvertebrate samples were adjusted by
the percentage of FTIR-confirmed plastics in each category, deducting the
verified non-plastics. For details of μ-FTIR analysis, see S1.3.

2.4. Quality control

All glass ware and metal cutleries were cleaned with washing detergent
and rinsedwithMilli-Qwater, previously filtered through amixed cellulose
ester membrane (0.45 μm). Laboratory surfaces were wiped with ethanol
and paper tissue. All persons wore cotton lab coats or non-synthetic clothes
and washed their hands after each procedure. The NaCl, the H2O2, the Fe
and the KOH solution applied in this study were all filtered using 0.45 μm
pore size cellulose membranes.

We included six lab blanks for water samples and three blanks each for
sediment, fish and macroinvertebrate matrix to cover the different sample
handling, chemical digestion steps and used reagents, with a total of 15
blanks. Blanks underwent the same post sampling process simultaneously
with the respective field samples. In blanks, water, sediment and fish mate-
rial were replaced by 100 mL filtered Milli-Q water, macroinvertebrates by
5 mL. Only fibres were detected in the procedural blanks, never fragments,
spheres or foils. The fibre contamination was low and stable; in all water

blanks, 1 MP fibre (PAN) was found, fish blanks had 1 MP fibre (PET), no
MPs were found in blanks for sediment and invertebrates. The MP abun-
dances in environment samples of each matrix reported for this study
were blank-corrected (subtracted by the mean level of blanks, listed in
Table S5).

To evaluate the efficiency of the applied MP extraction technique, we
implemented a mass recovery test with positive control samples. The
samples consisted of PS standard pellets (INEOS Styrolution PS 124 N/L,
Frankfurt am Main, Germany) and PET water bottles, representing low
and high-density polymers. The material was cryomilled and sieved to a
60 μm – 2000 μm fraction. The control samples underwent the sameMP ex-
traction procedure (preparation, chemical digestion, density separation and
filtration) as surface water and fish samples, representing the chemical di-
gestion step with Fenton's Reagent and KOH, respectively. For details of
the mass recovery test, see S1.4, Table S6. SEM images of the recovered
plastic particles indicated that the chemical digestion had little-to-no im-
pact on the integrity of the material. The mean (± SD) recovery rate for
PS fragments was 98.2± 1.0% and 97.1 ± 2.4% for the extraction follow-
ing the extraction procedure for water/sediment and biota, respectively.
For PET fragments, the recovery rate was 47.1 ± 28.7% following the
procedure for water/sediment and 41.0 ± 16.8% following the procedure
for biota (Table S6).

2.5. Data analysis

The performed statistical analyses are elaborated in the SI of this
work along with the calculations of unit-consistent ratios between
the matrices and estimated MP load from the Ticino River and from
WWTPs (S1.5).

3. Results

3.1. MP validation and composition

We deliberately refrain from mentioning all calculated data in this sec-
tion. Further details can be found in S2. A total of 772 items from all sam-
ples were analysed via μ-FTIR, and 582 (75.3%) were identified as MPs
from 28 different polymer types (Table S9). The validation rate of visual
identification (validated MPs out of all selected items including natural
polymers, minerals etc.) varied between the sample matrices. For example,
the success rate for water surface sample was 91 ± 18% (mean ± SD),
while for macroinvertebrates, only 33 ± 37% (mean ± SD) of all selected
items turned out to be plastic (Table S10). The average MP concentrations
for all matrices are summarised in Table 1. The mean (± SD) MP concen-
tration and the shape composition of MP for each matrix and single sta-
tion are listed in Table S11–S14. Examples of detected MP items on
silver membranes for each matrix can be seen in Fig. S3. The number
of MPs per replicate can be retrieved from Tables S15–S18. In the fol-
lowing, mean MP concentration, polymer type and shape are reported
for each matrix.

Surface water samples had an average MP concentration of 33 (± 20)
items m−3 (n = 18; ± SD). Total surface water samples contained 26

Table 1
Mean (± SD) concentration of MP for all matrices.

Matrix Total number of
samples (n)

Mean (± SD) MP
concentration

Surface water 18 33.336 (± 20.363) [items m−3]
Sediment, subtidal 18 11.016 (± 7.769) [items kg−1]
Fish (catfish, Silurus glanis,
gastrointestnial tract (GIT))

18 0.032 (± 0.029) [items g−1 GIT
content]
1.404 (± 1.309) [items
individual−1]

Macroinvertebrates (caddisfly,
Hydropsychidae, whole
specimen)

18 (5 individuals
pooled as 1
sample)

0.030 (± 0.025) [items mg−1]
0.207 (± 0.184) [items
individual−1]
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different polymer types, of which LDPE (19.3%), PET (18.2%) and PP
(17.5%) were in the majority. Considering the shape of detected MPs,
water samples were dominated by irregular particles (59.3%) followed by
fibres (36.5%),while film, foamand spheres contributed less than 2% each.

The concentration of MPs in sediments was on average 750-fold higher
compared to surface water concentration (when referring to the same vol-
ume, S2.2, Table S19). Subtidal sediment samples contained an average
MP concentration of 11 (± 8) items kg−1 (n= 18; ± SD). Of 11 detected
plastic polymer types, EVA (39.2%) was the most predominant polymer,
followed by PP (15.2%) and PET (8.9%). Most of the detected MPs were ir-
regular particles (83.5%), followed by fibres (12.7%) and spheres (3.8%).

We found plastics in the digestive tracts of 8 of 18 catfish (44.44%).
Each fish GIT contained an average of 1.4 (± 1.3) items of ingested MP
per fish (max 7), corresponding to 0.032 (± 0.029) MPs g−1 ww. We iden-
tified 6 different polymer types in all fish samples, of which LDPE (39.1%)
and nylon (13%)was prevalent. In the average composition ofMP shapes in
fish samples, irregular particles (70.8%) dominated over film (16.7%), fi-
bres (8.3%) and spheres (4.2%). The MP quantity per fish was not signifi-
cantly correlated to the weight of analysed GIT content and the sampling
period did not have a significant effect on MP content (Kruskal-Wallis
Test, p = 0.213). For logistical reasons, the fish were not sampled solely
in the time frame in which the other matrices were sampled. The fish sam-
pling was tied to the containment campaign for this species, over which we
had no control. However, the electrofishing from the boat was carried out
beyond flooding conditions and can therefore be considered as an approx-
imation of the ideal sampling campaign, which would have been truly si-
multaneous to the other matrices. Possible misleading findings resulting
from this approximation have been taken into account in the statistical
evaluation, supporting the assumption that our fish sampling extended
for a longer time compared to the other matrices can be considered the
best experimental surrogate for truly simultaneous fish sampling.

Sixty-one percent (61%) of all Hydropsychidae samples containedMPs.
Overall, Hydropsychidae incorporated 0.21±0.18 (mean± SD)MP items
per individual, corresponding to amean value of 0.030 (±0.025)MP items
mg−1 dw (n=90 individuals; ± SD). The MP composition in macroinver-
tebrates was dominated by PS (26.7%) and PET (26.7%). However, the ma-
jority of suspectedMPs inmacroinvertebrateswere found to be cellulose. In
11 out of 18 samples, 29 cellulose items (76% fibres, 24% irregular parti-
cles) were detected. A contamination from the used cellulose membrane
can be excluded since the isolated cellulosefibres were all of a different col-
our (Fig. S3D). Considering the shape of detected MPs in macroinverte-
brates, most detected MP were irregular particles (60%), the rest were all
fibres (40%).

In terms of size distribution, we can observe a general trend for all ma-
trices. Grouping the amount in size categories (Fig. 2), it becomes apparent
that the number of MPs < 1000 μm increases with decreasing size. The

smallest sizes are impeded by the sampling method (60 μm mesh size of
our applied Neuston trawl) and the identification limit of visual isolation
and μ-FTIR. The smallest MP isolated by visual identification was 19 μm,
and the chemical identification by μ-FTIR loses accuracy when the target
particles are smaller than 20 μm. For surface water samples, the frequency
of MPs below 300 μm, which is the mesh size of commonly used mantra
trawls, was 21%, highlighting the importance of applying sampling nets
of smallermesh sizes. Only 0.2% ofMPswere< 60 μm. The highest number
of MP in water surface samples were in the class of 1000–2000 μm (21.8%,
min = 48 μm). Sediments had the highest number of MP smaller than
100 μm (27.8%, min = 19 μm). Fish ingested most particles in the size
range of 1000–3000 μm (41.7%, min = 96 μm). For macroinvertebrates,
half of the items were smaller than 200 μm (26.7% ≤ 100 μm, 26.7%
between 100 and 200 μm, min = 38 μm) (Fig. 2). The chi-square test
revealed no selectivity of Hydropsychidae larvae with respect to MP size
compared to MPs in their host sediment (smaller: < 100 μm, larger:
≥ 100 μm; χ2 = 0.009, DF = 1, p = 0.925).

3.2. Fate along the river

For surface water samples, the station had a significant effect on the MP
concentration (DF = 5, F-value = 3.979, p= 0.023), however, except for
S1 and S4 (padj = 0.010), the MP concentration did not significantly differ
from each other. Located at the first sampling site along the river, the sur-
face water of S1 had the lowest MP concentration. However, following
the river course, we did not observe a general trend of increasing (or de-
creasing) MP concentration. Instead, we observed a correlation of surface
water flow velocity and MP concentrations in water (see S2.3 for details,
Fig. S4). Due to the possible interfering effect of the different flow rate on
the MP concentrations in water samples, differences among stations were
tested by GLM using “flow rate” as a covariate; in this case MPs concentra-
tions in water did not vary significantly among the stations (F4;12 = 2.1;
p = 0.14), confirming that the low MP concentration at the first station
could be due to the low flow velocity at that station.

Notably, the two stations with the lowest MP concentrations in surface
water samples (S1 and S5) had the highest concentrations in sediment sam-
ples (Fig. 3B+ C). Station S1 was located on the shallow bank in the outer
band of the river just before a dam for hydroelectric power generation.
Therefore, the local hydrodynamic conditions probably explain the oppos-
ing concentrations; particles can sink from the water surface to the sedi-
ment. However, considering the density of detected polymer types in water
and sediment samples, both water and sediment samples had a higher
amount of lighter (< 1.1 g cm−3) than heavier density MPs (χ2 = 4.9, DF
= 1, p = 0.026, Table S9). Comparing the MP properties of the water and
sediment samples, we noted a significant association between the matrices
and the particle size (χ2 = 38.9, DF = 1, p = 4.4 × 10−10).

Fig. 2.MP size distribution for all matrices. Items below 1,000 µm in size are grouped in 100 µm size classes, while items between 1,000 µm and 5,000 µm are grouped in
classes of 1,000 µm.
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Sediment samples contained a significantly greater proportion of smallerMPs
(< 500 μm) than water samples which contained more larger MPs. While the
majority of MPs collected in both matrices were irregular particles, the pro-
portion of irregular particles from sediment samples (83%) compared to
water samples (59%) was significantly greater (χ2 = 23, DF = 4, p =
0.0001). A comparison of MP sizes between water and sediment samples
along the river (differences in sampling sites, Fig. S2) confirms that sediment
had a higher abundance of smaller MP particles than water at each station. It
is also evident that where MP concentrations were highest in sediment and
lowest in surfacewater (S1 at the dam, Fig. 3B+C), the abundance of smaller
particles in sediment was highest (Fig. S2). The particle size composition in
the sediment at S1 differed most from the other stations, while the particle
size distribution in thewater samples did not show any prominent differences
along the river.

The MP concentration for surface water and macroinvertebrates was
both highest at station S4 (Fig. 3B+ E). However, significant relationships
of MP concentrations between all the matrices could not be detected
(Spearman's correlations, p > 0.05). For sediment, fish and invertebrate
samples, the MP concentrations of the 6 stations did not differ significantly
from each other, nor did they reveal any trend (e.g. increasing concentra-
tion) with the length of the river. The grain size ratio of the sediment sam-
ples varied strongly; from 62% sand and 16% gravel in the upper station to
almost 100% sand in the lowest station. Nevertheless, MP concentration in
sediments was not significantly correlated to grain size ratio. The MP load
carried by the Ticino River at the confluence with the Po River was
3.40 × 1011 ± 1.1 × 1011 MP items year−1 (see S2.4, Table S20 for de-
tails), calculated by multiplying the mean measured MP concentrations of
surface water in each station (item m−3) with the yearly mean flow rate

Fig. 3. (A) Overviewmap with sampling stations at the Ticino River and point of measurements of yearly mean flow rates (green triangle) performed by Regional Agency for
the Environmental Protection (ARPA Lombardy). (B–E) MP concentrations of surface water, subtidal sediment, catfish (Silurus glanis) and macroinvertebrates
(Hydropsychidae larvae), respectively, from the different stations.
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of the Ticino River (m3 year−1) at that station reported by ARPA Lombardy
(2021) (Fig. 3A).

4. Discussion

4.1. MPs in abiotic matrices

The first objective of the present study was to assess the MP pollution in
four different matrices. We found MP in all matrices from all stations. MPs
in river ecosystems have attracted global attention in the past decade due to
their high concentration in sediment andwater samples. A comparisonwith
previous studies on MP contamination of river surface water and sediment
is challenging due to variation in the methodology and reported units
(Kumar et al., 2021). For example, the smallest detectable MP particle,
and thus the number of MP items, can be influences by the pore size of
the nets used and the detection limit of the chemical identification instru-
ment. Intercalibration experiments and reference materials are not yet dif-
fused but would be of great interest and highly recommended in the future.
An inter-laboratory comparison study on PET microparticle determination
inwater organized by the European Commission JRC and BAM highlighted
that differentmethodologies applied by different laboratories on a homoge-
neous sample can give very different results spanning several orders ofmag-
nitude (European Commission, 2021). Considering even more complex
matrices such as river water, sediment or biota samples, differences deriv-
ing from the varying analytical methodologies can be even higher.
However, at the present state of the art, comparisons with MP concentra-
tion data from other research papers are recommended to establish large
differences such as those concerning the order of magnitude of the MP con-
tamination. It is implicit that those differences could be partially due to dif-
ferences in analytical methodologies. This is one of the reasons of the
importance and the scientific relevance of the present results which reports
methodologically-consistent data in four matrices in six stations along the
Ticino River. Overall, the values we measured are in their entirety within
the larger range reported worldwide for surface water and sediments.

Table 2 lists selected previous studies and theirmeasuredMP concentra-
tions for surface water and sediment for comparison with our study. In de-
tail, the surface water MP concentration measured in this study (33 ± 20
items m−3, Neuston net 60 μm) are similar to those found in Rhône and
Têt Rivers in France (Constant et al., 2020), while they were lower com-
pared to, e.g. the Seine River in France (Dris et al., 2018b), the Pearl
River in China (Lin et al., 2018) and the Antua River in Portugal
(Rodrigues et al., 2018). Our measured values are higher than those mea-
sured in, e.g. the Ebro River in Spain (Simon-Sánchez et al., 2019) and in
the Ofanto River in South Italy (Campanale et al., 2019). For further com-
parison, the reader is referred to a recent review (Kumar et al., 2021).
LDPE (branched version of PE), PET and PP were the most common poly-
mer types in our water samples which were also the predominant polymer
types detected bymany previous studies of MPs in freshwaters (in the order
PE≈ PP > PS > PVC > PET; Koelmans et al., 2019).

Regarding the MP concentration in sediment samples (11 ± 8 items
kg−1), our values are lower than reported by most studies (Table 2,
Kumar et al., 2021). MP was reported with higher concentrations in sedi-
ment of the Pearl River in China (Lin et al., 2018), of the Antua River in

Portugal (Rodrigues et al., 2018), and of the Ebro River in Spain (Simon-
Sánchez et al., 2019). Also in Italy, documentedMP concentrations in river-
ine sediments of Ombrone River (Central West Italy) varied greatly, but
were higher than our reported values (Guerranti et al., 2017). Next to the
actual occurrence of MP, the main driving factor for differences in reported
values for sediment samples is the used salt for the density separation. How-
ever, the studies mentioned above all used NaCl for the density separation,
as does the present study. Our sediment samples showed a less diverse poly-
mer distribution than our water samples, but the most common polymer
types (EVA, PP and PET) were similar to those in water. With the exception
of EVA, the detected polymer types were also most frequently observed in
previous studies on MP in sediment (Yang et al., 2021). EVA, on the other
hand, is very common for footwear and packaging material (Maiti et al.,
2012; Sonia and Priya Dasan, 2013), was detected less frequently but none-
theless consistently in previous sediment MP studies (Fu and Wang, 2019;
Ferreira et al., 2020).

Generally, the most prevalent polymer types in our samples were LDPE,
PET, EVA, PP, nylon and PS (Table S7). Despite the use of saturated NaCl
solution for the density separation of MP from residual non-polymeric
solids, which has a lower density compared to other solutions (e.g.
ZnCl2), we found denser polymers such as PVC in sediment samples. Never-
theless, the recovery test performed with irregular PET particles for the ex-
traction of MP in sediment samples showed that denser particles in our
samples were underestimated (recovery rate was 48% for PET particles,
Table S6). Indeed, the chi-square test resulted that bothwater and sediment
samples contained a higher proportion of light-density (< 1.1 g cm−3) poly-
mer types. Thus, the number and occurrence of different denser polymers
(of irregular shape) could be much higher (for PET by approx. 50%). De-
spite these limitations, the presented results indicate that the methodology
used is capable of extracting and revealing the concentration of lighter
polymers quite accurately, but also the contamination of heavier plastic
polymers even if underestimated. The choice of not to correct the concen-
trations of polymers with a low recovery (e.g. PET) is consistent with a pru-
dential approach in which underestimations are preferred to possible
overestimations.

4.2. MPs in biotic matrices

Together with MP evaluation in abiotic matrices, MP detection in biota
is an essential for assessing MP bioavailability which relates to MP intake,
exposure and potential adverse effects. The effects of MP exposure on
aquatic organisms are inconsistent across studies, which challenges the
evaluation of the overall potential impact of MP pollution. The meta-
analysis of published literature by Foley et al. (2018) detected only a few
generalizable trends consistent across taxonomic grouping or shape of plas-
tic, with a reduction in consumption being the most consistent negative ef-
fect. The strongest effects were observed on lower trophic level organisms.
In this study, MP particles were identified at every site in fish and macroin-
vertebrates. MP amounts per individual found in both fish GIT and macro-
invertebrates were generally low and generally consistent with previous
studies. MP occurrences of catfish reported in this study (1.40 ± 1.31 MP
items individual−1, Table 1) are similar to those reported for other species
retrieved in the vicinity of our sampling area. The Eurasian perch (Perca

Table 2
MP concentration for surface water and sediment of selected previous studies compared to this study. All sediment sampling studies used NaCl for density separation.

Surface water (items m−3) Sediment
(items kg−1)

Sampling methods Literature

Ticino River, Italy 33 ± 20 11 ± 8 Neuston net (60 μm) / metal shovel This study
Rhône and Têt Rivers, France 12–42 Manta net (333 μm) Constant et al. (2020)
Seine River, France 108 Plankton net (80 μm) Dris et al. (2018b)
Pearl River, China 379–7924 80–9597 Bulk sampler and mesh membrane filter (20 μm) / Van Veen grab Lin et al. (2018)
Antua River, Portugal 58–1265 18–629 Pump with mesh net (55 μm) / Van Veen grab Rodrigues et al. (2018)
Ebro River, Spain 3.5 ± 1.4 2052 ± 746 Neuston net (5 μm) / Van Veen grab Simon-Sánchez et al. (2019)
Ofanto River, Italy 0.9–13 Stainless steel sieve (300 μm) Campanale et al. (2019)
Ombrone River, Italy 45–1069 Manual bucket Guerranti et al. (2017)
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fluviatilis) from the Lake Maggiore, through which the Ticino River flows,
had a mean MP content per individual of 1.73 ± 1.83 (Galafassi et al.,
2021). The study followed a similar protocol but excluded fibres from the
analysis, suggesting that detected concentrations might have been
underestimated. An overview of MP concentration in freshwater fish sam-
ples from previous literature was performed by Galafassi et al. (2021) and
Collard et al. (2019). Taking the summarised values reported therein and
calculating an overall mean value for MP concentration per individual,
we obtain a value of 3.03 ± 4.39 MP items individual−1 (ranges were ex-
cluded). Compared to this overall mean value (although it may be very re-
strictive and not representative), catfish of the Ticino River contained
around half as many MPs, but fall within the range of other measured con-
centrations. The sampled catfish species, Silurus glanis, has only been sub-
jected to MP analysis once before. The study by Garcia et al. (2021)
found 0.23 ± 1.31 MP items individual−1 (n = 13) and thus reported
lower values than the present study. Also the composition of MPs found
in this research is comparable to that reported in previous studies. The
most frequently detected polymer types in our catfish samples were PE (in-
cluding LDPE), nylon, PET and PP, andwere also prevalently present in fish
from other studies on freshwater fish contamination (Wagner et al., 2019;
Galafassi et al., 2021; Yuan et al., 2019; Cera et al., 2020). With the excep-
tion of nylon, PE and its branched version LDPE, PET and PP were also the
predominant polymer type of surface water detected in this study and in
many previous studies of MPs in freshwaters (Koelmans et al., 2019).

Research providing evidence of in-situ MP ingestion by riverine macro-
invertebrates is still rare although being considered as suitable indicators
for assessing MP pollution, both in the water column and in the benthic
zone (Akindele et al., 2020). Pan et al. (2021) analysed the MP occurrence
on 11 different invertebrate taxa sampled in the Dommel River in the
Netherlands and demonstrated that the MP uptake of benthic invertebrates
was taxon-specific. They found that the MP number concentration was
higher in Tubificidae (Clitellata), Chironomidae (Insecta), and Asellidae
(Malacostraca) compared to the remaining taxa. For example, Asellidae
had the highest MP number concentration (19 MP items mg−1), followed
by Chironomidae (5.5 MP items mg−1). In contrast, Gammaridae
(Malacostraca) had very low levels of MP (0–0.034 MP items mg−1).
Hydropsychidae (our targeted insect family of the Insecta taxa) were not in-
cluded in this study, however, our measured MP concentrations (0.03 ±
0.03MP itemsmg−1) liewithin the lower range ofMP levels inmacroinver-
tebrates reported by Pan et al. (2021). MP ingestion byHydropsychidae has
been found only once before. Windsor et al. (2019) found 50% of all mac-
roinvertebrates (Hydropsychidae, Beatidae, Heptageniidae) contaminated
withMP and reported amaximumof 0.140MP items permg tissue (yet fail-
ing to report single mean data for solely hydropsychids), which is almost
double of our measured maximum concentration (0.075 MP items mg−1,
Table S14). Nonetheless, the presence of MP in 61% of our macroinverte-
brate samples is of concern considering the potential effects of a trophic
transfer along the food web associated with MP, i.e. adhered pollutants
(Huang et al., 2021) or additives leaching into the body (Wang et al.,
2018). Macroinvertebrates were mainly affected by PET and PS, which
was also frequent polymer type both in sampled sediment and water and
was also observed by Cera et al. (2020) having reviewed 8 studies with
macroinvertebrates.

Larval Hydropsychidae are categorised as filter-feeders/collectors
(Ficsór and Csabai, 2021) feeding on algae, plant and animal detritus as
well as on other organism such as early stages of other macroinvertebrates
or zooplankton (Hilsenhoff, 2001). Scherer et al. (2017) found out that fil-
ter feeders appear to be specifically susceptible toMPs ingestion. The inges-
tion ofMP byhydropsychids is of course subject to physical limits due to the
size of the organism and the morphology of the mouthparts (Windsor et al.,
2019). The largestMP recordedwas afibrewith a length of 945 μm, but it is
known that even fibres with a length of several millimetres can be easily
ingested by small organisms such as the larvae of Xenopus laevis due to
their very small diameter (Bacchetta et al., 2021). Although the size of
ingested MP increased with decreasing size, our results suggest that
Hydropsychidae larvae showed no selection preference for small MP

(< 100 μm) or large MP (≥ 100 μm) over those in the sediment. MP can
be taken up by hydropsychid larvae directly from the medium (collected
orfilteredwith their catch nets), where they can bemistaken for the larvae's
natural prey or accidently ingested during normal feeding behaviour, or in-
directly via ingestion of contaminated prey. Although MPs are readily
ingested by, for example, zooplankton (Botterell et al., 2019), the evidence
of indirect ingestion of contaminated prey via filter feeding or collection is
limited. Moreover, organisms potentially preyed by Hydropsychidae
larvae are small andMP taken up by the prey hence even smaller, reduc-
ing the likelihood of being detected (detection limit of our visual iden-
tification and μ-FTIR analysis was around 20 μm). Once ingested by
Hydropsychidae larvae, MP can have potential adverse effects related
to the chemical nature of MP as mentioned above or the physical char-
acteristics such as shape and size of particles leading to internal dam-
ages as observed for other freshwater species' larvae (Bacchetta et al.,
2021) or blockage of the digestive tract (Kukkola et al., 2021). How-
ever, results of MP effects on freshwater organism vary greatly and
often lack realistic environmental conditions.

Furthermore, the dominance of cellulose fibres found in macroinverte-
brate samples raises questions about the relative risk that non-MP anthro-
pogenic items pose for lower trophic level organisms. High quantities of
textile fibres, including natural polymers such as wool and cotton, have
been found in the environment before, but their impacts are unknown
(Collard et al., 2019; Zhao et al., 2016; Barrows et al., 2018). It was as-
sumed that natural fibres pose similar environmental concerns as synthetic
fibres because both have been associated with chemicals, such as dyes, ad-
ditives and substances adsorbed from the environment, which could be bio-
available and cause adverse health effects after being ingested by organisms
(Zhao et al., 2016). The high amounts of cellulose fibres found in our envi-
ronmental biota samples highlight the need to include natural fibres as a
reference treatment in ecotoxicological studies.

The size distribution analysis highlighted that the number of reported
MPs increased with decreasing size. The high number of detected MP
items in surface water (n = 464, Table S9) forms a strong data basis for
the performed size analysis. The results confirm that the use of small
mesh size is indispensable for avoiding underestimations of the concentra-
tions in the biologically relevant size class. Moreover, with 26.7% of the
MPs being <100 μm found in macroinvertebrates and 8.4% in fish, we re-
port MPs in a class of biological relevancy, although the most toxic and bio-
available class of MPs (< 10 μm) (Beiras and Schönemann, 2020), were not
detectable with our methods. It is recorded that with decreasing size of
MPs, the ecological risk to organisms increases (higher bioavailability,
translocation and toxicity) (Beiras and Schönemann, 2020).

As observed for abiotic matrices (surface water and sediment), which
were highly variable even at the same station and at the same time, the
two biotic matrices (macroinvertebrates and fish GIT) showed even greater
variability, ranging fromno detection ofMP tomultiple items found even at
the same location and time. Once more, these results strongly suggest that
MP contamination is characterised by a large variability and underline
that at least three samples should be taken from the same site to reduce
it. It should be noted that in addition to this variability in sampling, a
large temporal variability during the year can be expected, but this aspect
has not been considered in the experimental design, which focused exclu-
sively on multi-matrix sampling and large-scale spatial variability along
the river. Analytical difficulties in analysing MP in biotic matrices are
well known in the literature and should be taken into account when consid-
ering MP data. Nevertheless, these data are of great interest for the assess-
ment of uptake and exposure to MP, even if the reliability of the data is
currently low. For the same reason, an attempt can be made to determine
the relationship between biotic and abiotic concentrations (see below in
Section 4.3) without establishing an exact and reliable value, but with the
aim of showing the main tendency and suggesting research for further con-
firmation. The present work is suitable for a direct comparison of MP con-
centration data in representative biotic and abiotic matrices of river
ecosystems, as it provides spatially, temporally and methodologically com-
parable data.
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4.3. Inter-matrix MP concentration correlations

The second objective of this work was to detect potential correlations
betweenMP concentrations of abiotic and biotic samples. The parallel anal-
ysis of water and sediment samples from the same site, as performed in this
study, could indicate whether MP ingested by biota reflects the environ-
mental contamination, previously suggested by (Iannilli et al., 2019) for
amphipods and by Nel et al. (2018) for chironomids. Also fish were sug-
gested as biomarkers of environmental contamination after having found
a higher abundance of MP in fish GIT when samples near urbanized areas
(Silva-Cavalcanti et al., 2017). This is not the case for our data since we
did not detect a significant correlation between biota (S. glanis and
Hydropsychidae) and their environment (water and sediment). In our
case, it should be taken into account that both water and sediment did
not vary significantly between the six stations and thus there were no
major differences in MP contamination levels. Without significant differ-
ences in contamination levels, the possibility to test the indicator potential
of a species is only indirect (similar levels in biota vs. similar levels in abi-
otic matrices). In the case of macrobenthos and sediment, another reason
for the lack of correlation could be that the family Hydropsychidae might
not be an ideal indicator of sediment contamination, since they feed on par-
ticles in the near-bed water column (water-sediment interface) and not
from the sediment itself (Maguire et al., 2020). Interestingly, previous stud-
ies have shown that the silk structures of populations of caddisfly larvea are
arranged tomaximize interception of flow, suggesting that changes to near-
bed hydraulics induced by these insects, which have been demonstrated,
may influence ecological processes such as food delivery rates (Maguire
et al., 2020; Georgian and Wallace, 1981; Cardinale et al., 2002), and,
thus, the filtering of MPs. Considering this aspect, the Hydropsychide fam-
ily could be not the optimum as indicator of the sediment contamination
but of thewater sediment interface and they couldmaximize theMPs detec-
tion for their effective MP intake, as demonstrated by the high macroinver-
tebrate/sediment ratio (see below). Instead of Trichoptera, Nel et al. (2018)
and Akindele et al. (2020) suggested Diptera, i.e. the deposit feeder
Chironomus sp. as a suitable bioindicator for MP pollution of sediments,
but in our case we were obliged to sacrifice the optimum indicator group
for maximize the sample comparability, as explained in materials and
methods section.

Having calculated the unit-consistent ratios to test the tendency of MP
uptake by the biota in relation to their living medium (MP pollution in
fish can be assigned to that in water and pollution in macroinvertebrates
to that in sediment, Table S19), we observed that both macroinvertebrates
and fish had a consistent higher amount of MPs than their respective me-
dium (sediment and water), around three orders of magnitude more,
strongly suggesting an efficient uptake pathway into organisms. The com-
parison between the two organisms is not easy due to differences in the
analysed portion (the whole organism and the GIT for macroinvertebrates
and fish, respectively). Nevertheless, these data demonstrated that benthic
macroinvertebrates, being in same food chain as fish but in a lower trophic
level, are highly exposed to MP contamination.

4.4. Environmental features affecting MP concentrations

The third objective of this studywas to report changes of MP concentra-
tions along the river course, with the assumption of an increasing concen-
tration trend along the river due to the cumulative effect of the different
MP inputs, i.e. such as those coming from WWTPs. Urbanisation is known
to strongly correlate with MPs loads in surface waters (de Carvalho et al.,
2021). Increasing urbanisation implies an increasing number of sizes of
WWTPs, which are still classified as the major input source of MP to the
aquatic environment, although these systems can eliminate more than
84% of MPs from the water (Magni et al., 2019; Gies et al., 2018). The pres-
ent study highlights the potential contamination role of WWTP effluents
along the river because MP loads at each station calculated frommeasured
MP concentrations of river surface water are correlated with the estimated
load of MPs from WWTPs (see S2.5, Fig. S5 for details). Yet, these do not

significantly increasewith the river's length, although potentialMP sources,
such as WWTP effluents, are distributed along the whole watercourse
(Fig. 3A, Table S21) and, therefore, their loads should cumulate along the
river. The absence of this evidence suggests a strong role of MP retention
by the hydrological network of the river, which is able to protect the down-
streamwater bodies, but raising concern about the MP accumulation in the
riverine environment over a period of time. While some studies reported
that the concentration ofMPs in surfacewater increasedwith the increasing
length of the river (Stanton et al., 2020), this study cannot support these
findings. Since station S4 had the highest MP concentration for both
water and macroinvertebrate samples, we can locate a strong input source
between S3 and S4, probably carrying the MPs from urban and agricultural
runoff as well as from WWTP effluents (Fig. 3A, Table S22). The reasons
why we could not observe a continuous increase of MP concentrations in
the course of the river are manifold. Firstly, the hydrological conditions in
the Ticino vary greatly. Accumulation zones in the sediment due to low
flow velocity, such as upstream of the dam at station S1, could explain
the increased concentration in sediment samples due to the sinking of par-
ticles. Secondly, temporal differences, which can lead to significant varia-
tions in freshwater MP concentrations (Stanton et al., 2020), were not
investigated in this study. Nevertheless, they should not be neglected, as
particles can be resuspended from the sediment into the water after rain
falls with subsequent higherflow velocities. The conditions of our sampling
(intermediate state of the river, far from typical flood or drought periods)
represent the typical hydrological condition of the river and thus the most
representative state in term of MP contamination. Our data can therefore
be considered sufficiently representative of the general condition of the
river, and by this, they allow to extrapolate general conclusions, even if
more detailed seasonal analyses are obviously suggested. Our sampling
was a snapshot and not a continuum, so we cannot exhaustively explain
the complex MP behaviour in the Ticino River environment. Further re-
search specifically addressed to temporal variability may support the pre-
sented data, furnishing further confirmations andmore precise estimations.

Data of this work indicated that, generally, when concentrations in sur-
face water were high, those in sediment were low and the opposite. This
seems to be contradictory considering the principle of the partition equilib-
rium between water and sediment (high concentration in water will give
high concentration in sediment) such as for traditional contaminants, but
it is not if we consider the particulate nature of MPs and therefore deposi-
tion and transport phenomena governed by flow velocity and flow amount
as generally described by the Hjulström curve (Worrall et al., 2018). MPs
are physical entitieswhich are expected to respond to physical river dynam-
ics, such as those governed by theflowvelocity and the flood erosion poten-
tial. For example, high velocity would favour resuspension and transport of
MPs and thus higher concentration in surface water, while low velocity
would favour deposition and retention phenomena in sediment. According
to this, a significant relationship was found between MP concentrations in
water and the flow velocity in each sampling site. This is consistent with
the Hjulström curve and with the particulate nature of MPs and supports
the high spatial heterogeneity of the MPs contamination in relation to the
four-dimensional gradient of the flow velocity in the river. This hypothesis
should be tested by more experimental data but seems to be supported by
data of this work and theoretically robust.

Another aspect related to the physical behaviour of MPs in water is
linked to the different size and density of the different polymers. By physi-
cal laws, heavier polymer and bigger particles should be preferentially
retained in the sediments, while lighter and smaller particles are preferen-
tially transported within the water compartment and have more chances
to upwell to surface waters. We tested the heavier/lighter polymer ratio
and the smaller/larger particle one between surface water and sediment
compartments, considering polymers with a density< 1.1 g cm−3 as lighter
polymers and≥ 1.1 g cm−3 as heavier ones and < 500 μm and≥ 500 μm
as the smaller and larger particles. Interestingly, the chi-square test re-
vealed that both matrices contained larger proportions of lighter polymers,
thus, no differences between water and sediment samples regarding the
density. This may be due to a generally higher load of lighter polymers in
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the river or due to the higher mobility of the lighter polymers, which pref-
erentially enter the main stream of the river from their sources (e.g. WWTP
effluents). Although we cannot further test and discuss the two hypotheses,
it is interesting to report this result. Moreover, sediment contained a higher
proportion of smaller particles compared towater. However, the proportion
of fibres in thewater sampleswas in general significantly higher than in the
sediment samples. This difference was compensated by the higher propor-
tion of irregular particles in the sediment samples compared to the water
samples. This distribution was observed also by previous studies (Watkins
et al., 2019). For this observation, it is also important to mention the rela-
tionship between surface size of MP particles, biofilm growth and sedimen-
tation rate. Existing studies have already found that biofouling increases
MP deposition (Kalčíková and Bundschuh, 2021; Miao et al., 2021; Kaiser
et al., 2017). The formation of a biofilm is enhanced by a larger relative sur-
face area and surface roughness (Van Melkebeke et al., 2020; Rummel
et al., 2017). This would explain both the observation of increased amounts
of irregular and smaller particles in the sediment compared to the surface
water. However, the phenomenon of biofilm as a driver of MP behaviour
in the resuspension/settling dynamics is complex and research at best lim-
ited (Kalčíková and Bundschuh, 2021).

4.5. MP fluxes along the river

Data of this work and from the literature (Hoellein et al., 2019) suggest
that MPs are subject to a deposition and resuspension cycles as they travel
along the river, depending on their properties (e.g. size, density, biofilm)
and on environmental conditions such as flow velocity and flood events.
Rivers can thus act both as conduits and accumulators of MPs. Our data
(sediments were 750 times more contaminated than surface water,
Table S19) and previous studies finding higher abundance ofMP in benthic
sediments compared to the water column suggest that sediments can be a
sink for MPs (Hoellein et al., 2017, 2019; Nel et al., 2018). We experimen-
tally found the absence of an increasing concentration trend along the river
and a direct relationship between the concentration in water and flow ve-
locity. Moreover, MPs concentrations in water were mainly opposed to
those in sediment. While the MP size distribution in water samples showed
little variance along the river, the one in sediment samples varied stronger
(Fig. S2): the highest abundance of small-sized MPs in sediment samples
were found at the stationwhereMP concentration in sedimentwere highest
and lowest inwater samples (station S1, Fig. 3 B+C). All thesefindings are
consistent with the assumed deposition and resuspension cycles between
water and sediment, which would lead to a high spatial and temporal het-
erogeneity expected in the hydrological network of the river. In the river-
side plains, many lentic ecosystems such as oxbow lakes and ponds may
act as predominant retention areas, while the mainstream of the river
(mostly lotic conditions) may act as prevailing transport pathway. As MPs
are highly persistent to degradation, they can be temporally retained in
the sediment or in the riverside banks, especially during droughts, while
during flood events they are remobilized and efficiently transported down-
stream following the sediment transport.

Finally, considering the mean MP concentration found in water at the
confluence with the Po River, a yearly load of 3.40 × 1011 ± 1.1 × 1011

MPs from the Ticino River can be obtained. Even if the calculated load
of the Ticino River into the Po River is only an estimation, this data
element is essential for understanding the overall MPs contamina-
tion of the freshwater environments in relation to the final receptor.
However, the data suggest that the whole hydrological network is
likely to be involved in the possible retention of MPs and so is the
river itself.

5. Conclusions

This work is a comprehensive study of theMP contamination of a fresh-
water ecosystem, reporting for the first time the incidence of MP in all four
abiotic and biotic simultaneously sampled matrices for direct comparison.
Having identified 582 MPs in total under the same conditions, the present

data have a strong basis for all analyses and calculations. MP concentration
in sediments were on average 750-fold higher than in surface water, and
both benthic macroinvertebrates (Hydropsychidae larvae) and fish
(S. glanis) had a consistent higher amount of MPs than their respec-
tive medium (sediment and water), strongly suggesting an efficient
uptake pathway into organisms. Finding 61% of macroinvertebrates
samples to contain MP indicates a potential trophic transfer of MPs
along the food web and a threat to food chain since these insects
are lower trophic level organisms. However, MP ingestion by the
sampled biota did not strictly reflect the environment (absence of
correlation of concentration in the biota to that in water and
sediment).

We show that the MP contaminations of the water surface varied across
space and correlatedwith the flow velocity and the presence ofWWTPs (es-
timated loads). AllMP concentrations of the analysedmatrices, do not show
an increasing trend with the length of the river, contrary to what is sug-
gested by otherwork from the literature and the principle of the cumulative
effect of the loads along the river. This observation indicates a strong role of
the pronounced hydrological network of the Ticino River and the hydrody-
namic conditions leading to deposition, retention and resuspension, which
is supported by the findings that MP concentrations were mostly opposing
forwater and sediment samples. In addition, the observed differences inMP
from sediment andwater samples in regard to size and shape indicate a con-
siderable influence of other environmental factors such as e.g. biofouling in
driving the environmental fate of MPs. By comparison with work from
other literature, we may conclude that the Ticino River is moderately pol-
luted despite the fairly well preserved naturalness of the habitats. Riverine
ecosystemsmay act as an effective retention system preserving downstream
water bodies, but are potentially able of releasing their MP load during
floods as well as accumulating them in lateral lentic ecosystem potentially
threatening their fauna.
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S1 Supplementary Materials and methods 

S1.1 Background information on collected samples 

Table S1. Measured flow velocity of the sampling stations. 

Sampling 
station 

Sampled water 
volume [m3] 

Flow velocity 
[m s-1] 

S1 7.14 0.29 
S2 13.06 0.53 
S3 9.59 0.39 
S4 12.852 0.53 
S5 9.18 0.38 
S6 13.464 0.55 

Mean (± SD) 10.88 (± 2.60) 0.44 (± 0.11) 

Table S2. Mean grain size ratio, dry weight (dw), volume and density of sediment samples per station. 

Sampling 
station 

Fraction of grain size [%] Mean dw [kg] Volume 
[mL] 

Density 
[g cm-3] < 2 mm 2 – 5 mm > 5 mm 

S1 62.0 22.5 15.5 0.614 300 2.047 
S2 51.9 27.3 20.5 0.707 300 2.358 
S3 55.6 27.7 16.7 0.655 300 2.183 
S4 52.8 28.4 18.9 0.572 300 1.908 
S5 98.5 0.9 0.5 0.619 300 2.062 
S6 99.7 0.3 0.1 0.638 300 2.127 

Table S3. Mean and standard deviation of wet weight (ww) of GIT content from fish samples (catfish, 
Silurus glanis) per station. 

Sampling 
station 

Ww GIT content [g] 
Mean SD 

S1 81.0 47.6 
S2 36.7 22.9 
S3 35.0 25.2 
S4 29.0 13.9 
S5 46.3 30.0 
S6 48.0 49.7 

 

S1.2 MP extraction 

Environmental samples from different matrices require specific solutions and conditions to 
digest organic material (purification) chemically. An additional step is the separation of the 
plastic items from the matrix by density separation, where the MPs float in a high-density 
solution due to their properties. The order of application of these steps varied with the different 
matrices; while for water surface and fish samples, the purification step was performed before 
the density separation, for sediment samples, purification was applied after density separation 
owing to the main mineral composition and the large size of sediment samples. No density 
separation was performed on macroinvertebrate samples due to the small sample size.   
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Chemical digestion 

Hydrogen peroxide with iron as catalyst (H2O2 + FeII) was verified as suitable reagent to digest 
plant material, while potassium hydroxide (KOH) was more appropriate for animal tissue (Prata 
et al., 2019). Thus, water surface samples, rich in organic matter (algae, plankton), and 
sediments were treated with 30% H2O2 + FeII for 1 h at 50 °C and overnight at RT. The iron 
solution (0.05 M) was prepared by dissolving 1.39 g ferrous sulphate granules (FeSO4·7H2O) 
per 100 mL filtered Milli-Q water and adding 0.6 mL of concentrated sulfuric acid (H2SO4). 
Samples were subjected to the solutions following the protocol by NOAA (Masura et al., 2015); 
20 mL of the catalyst solution followed by 20 mL of hydrogen peroxide. Additional 20 mL of 
H2O2 was added until the solution stopped foaming. The beaker was placed on a heating plate 
with a stirring magnet made out of glass for 1 h at 50 °C and then left overnight at RT. 

For the chemical digestion of the fish GIT tissue and macroinvertebrate samples, a solution of 
10% (w/v) KOH (1.8 M) was prepared by dissolving 10 g KOH pellets per 100 mL filtered 
Milli-Q water. The solution was added to the beaker containing the samples in a proportion of 
1:3 (w/v 33%) (Foekema et al., 2013; Rochman et al., 2015). The beaker was placed in an oven 
for 1 h at 50 °C without stirring, as suggested by Dehaut et al. (2016) and Prata et al. (2019). 

Density separation 

Density separation with saturated chloride solution (NaCl) was performed following the 
protocol by NOAA (Masura et al., 2015); 6 g of NaCl per 20 mL of sample was added to the 
beaker and heated to 75 °C to obtain a density of 1.2 g cm-3. The solution was poured into a 
500 mL glass funnel, and the beaker was rinsed into the funnel with the saturated salt solution. 
The solids in the sample were allowed to settle overnight before the separation process was 
repeated for 5 h with the settled material. The supernatant was drained in a beaker, and the 
funnel was rinsed carefully with filtered Milli-Q water.  

The solution with extracted MP items in the beaker was filtered on a gridded cellulose 
membrane (0.45 µm pore size) with a glass filtration apparatus. We chose cellulose membranes 
as they were successfully applied in previous studies for different matrices (Bakir et al., 2020; 
Bour et al., 2018; Wiggin and Holland, 2019; Han et al., 2020). Moreover, the lines of the 
gridded membrane facilitated the visual analysis. Both beaker and reservoir flask of the filter 
were rinsed with filtered Milli-Q. Filters were placed in a glass Petri dish with a closed lid and 
left in a desiccator for 48 h to dry before they were observed under the stereomicroscope for 
the identification and isolation of putative MPs. 

Visual identification 

The filtered material on the cellulose membrane was observed using a Leica EZ 4D Stereo 
microscope equipped with a digital camera. Items identified as putative plastics by their 
properties (Hidalgo-Ruz et al., 2012) were transferred onto a silver membrane filter (13 mm 
diameter, 0.8 µm pore size) with a metal needle. Photos were taken of the MPs on the silver 
filters to record size, shape and abundance of the items. MPs were categorised into five shapes: 
fibre, film, fragment, foam and sphere (Hartmann et al., 2019). The size (maximum Feret 
diameter) was measured using the image process program ImageJ. Fibres were measured using 
the freehand line tool from start to end. The silver filters were stored and transported in glass 
Petri dishes until µ-FTIR validation. 
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S1.3 µ-FTIR analysis  

FTIR microscopy was performed using a Thermo Scientific Nicolet iN10 MX Infrared Imaging 
Microscope. The silver membrane filters were placed onto the specimen holder of the 
instrument. Measurement of all particles was carried out in reflection mode in a wavenumber 
range of 4,000–650 cm-1 controlled by OMNIC Picta software. A total of 256 scans were taken 
for each spectrum, with a spectral resolution of 4 cm-1. The IR absorbance was compared with 
spectra in the software database.  

Table S4. Mean and standard deviation of the ratio [%] of items on the filters verified via µ-FTIR for 
each matrix. 

 Surface water Sediment Fish Macroinvertebrates 
Mean [%] 40 67 82 82 
SD [%] 23 22 19 28 

 

S1.4 Quality control  

Blanks 

Table S5. Mean and standard deviation of detected MPs in blanks for each matrix. 

Matrix Mean SD 

Surface water 0.3 0.7 
Sediment 0 0 
Fish 0.3 0.6 
Macroinvertebrates 0 0 

 

Mass recovery test 

The weight of positive control material (n = 3 for each polymer and extraction procedure) was 
measured before and after the process (Table S6). To analyse the integrity of the material, here 
for PET, scanning electron microscope (SEM) images were taken from the cryomilled particles 
(fragments) before and after the extraction steps by a Zeiss LEO 1430 SEM. Samples were 
fixed on adhesive tape on aluminum sample holders and sputtered with an Au nanolayer. The 
images are shown in Figure S1. SEM images indicated that the chemical digestion had little-to-
no impact on the integrity of the material. Only in 250 X images of KOH treated samples, finest 
fissures can be seen on the surface of the particles. 

Table S6. Weight (mass recovery) of positive control material before and after the extraction process. 

Positive control polymer Chemical 
digestion 
solution 

Original mass 
[mg] 

Mass recovery [%] 

PET from food packaging, 
milled amorphous 
particles (0.06-2 mm) 

H2O2+Fe Rep 1: 23.0 
Rep 2: 22.1 
Rep 3: 23.0 

Rep 1: 18.8 (4.2 mg) 
Rep 2: 75.6 (16.7 mg) 
Rep 3: 47.2 (11.6 mg) 
Mean: 47.7 ± 28.7 
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PET from food packaging, 
milled amorphous 
particles (various size < 2 
mm) 

KOH Rep 1: 22.2 
Rep 2: 23.1 
Rep 3: 24.6 

Rep 1: 45 (10 mg) 
Rep 2: 55.4 (14.9 mg) 
Rep 3: 22.6 (5.2 mg) 
Mean: 41.0 ± 16.8 

PS, Styrolution 124N/L 
from INEOS, milled 
amorphous particles 
(0.06-0.5 mm) 

H2O2+Fe Rep 1: 456.3 
Rep 2: 451.6 
Rep 3: 463.9 

Rep 1: 97.1 (443.08 mg) 
Rep 2: 98.9 (446.52 mg) 
Rep 3: 98.6 (514.6 mg) 
Mean: 98.2 ± 1.0 

PS, Styrolution 124N/L 
from INEOS, milled 
amorphous particles 
(various sizes < 0.5 mm) 

KOH Rep 1: 42.9 
Rep 2: 42.6 
Rep 3: 42.9 

Rep 1: 99.3 (42.6 mg) 
Rep 2: 94.6 (40.3 mg) 
Rep 3: 97.4 (41.8 mg) 
Mean: 97.1 ± 2.4 
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Figure S1. Scanning electron microscope images of cryomilled PET fragments used for the mass 
recovery test: (A – B) before the extraction procedure, (C – D) after extraction involving the digestion 
with Fenton’s Reagent, (E – F) after extraction involving KOH digestion. 
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S1.5 Data analysis 

Statistical analysis 

The normality of each variable was determined using the Shapiro-Wilk normality test. 
To test for differences in the MP concentrations from surface water samples between locations, 
one-way ANOVA followed by Tukey-Kramer post hoc test for multiple comparisons were 
applied. A simple linear regression and Pearson rank correlation analysis was performed to test 
if the flow velocity for each station was correlated to the MP concentration of surface water 
(MPs m-3). Differences in MP concentration among stations were tested by GLM using “flow 
rate” as a covariate. Since the data for sediment, fish and invertebrates were not normally 
distributed, Kruskal-Wallis Test was used to test for significant differences among the different 
stations for each matrix. Kruskal-Wallis Test was also applied to determine whether there was 
an effect of the different timing of fish sampling on the MP concentration in fish. Simple linear 
regression and Pearson rank correlation analysis was performed to test if the MP quantity per 
fish was correlated to the weight of the analysed GIT content. 

Chi-square tests were used to determine if collected MPs from surface water and 
sediment differed by size category (smaller, larger), density of the polymer type (lighter, higher) 
or shape. MPs below 500 µm in size were considered as “smaller”, above 500 µm as “larger 
MPs”. A polymer type was attributed to the category “lighter” when the density was 
< 1.1 g  cm- 3, and to “higher” when density was ≥ 1.1 g cm-3. The relationships of MP 
concentration between the different matrices and MP concentration and grain size ratio of 
sediment samples were determined using Spearman rank correlations (since all variables except 
surface water were not normally distributed). The average of three replicates per station for all 
variables was used to make the correlation analysis.  

Differences in the size of collected MPs between Hydropsychidae larvae and the host 
sediment were examined. The chi-square test was used to examine the selectivity of 
macroinvertebrates with respect to MP size (smaller: < 100 µm, larger: ≥ 100 µm). 

For all tests, a significance level of 0.05 was chosen. Microsoft Excel 2016 and RStudio 
were used for data analysis. Map data was generated using QGIS 3.6.1-Noosa. Microsoft Excel 
2016 and Inkscape were used for exporting data graphs. 

Unit-consistent ratio between matrices 

The unit-consistent ratios between the MP concentrations of sediment and water for each station 
were calculated (Csed/Cwater) to determine if sediment concentrations (v/v) were higher than 
water concentrations or vice versa. The ratios were calculated by dividing the mean MP 
concentration of sediment by the mean concentration in water, both in MPs m-3. The unit 
conversion of sediment concentration from MP kg-1 to MPs m-3 for each station was calculated 
by multiplying the mean sediment concentrations (MPs kg-1, Table S12) by the density of 
sediment (kg m-3, Table S2). The MP concentrations of biotic and abiotic matrices were used 
to estimate the unit-consistent ratios between them for each station. The ratios (mean ± SE, 
Cfish/water and Cmacro/sed) in each station were calculated by dividing the mean MP concentration 
in biota (in MPs kg-3) by the mean concentration in the host medium (water and sediment for 
fish and macroinvertebrates, respectively), both in MPs m-3. The uncertainty was evaluated 
from the SE of the MP concentrations in biota and the medium in each station using the 
propagation of error formula (Brooke and Crookes, 2014). The overall mean ratio was obtained 
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by the geometric mean of the ratio values for each station and its uncertainty regarding the SE 
of the means. 

Calculation of the MP load of the Ticino River   

The MP load per year (MPs year-1) was extrapolated from the measured MP concentrations of 
this work. The measured mean MP concentration in surface water for each monitored station 
was multiplied with the yearly mean flow rates of the Ticino River at that station provided by 
the Regional Agency for the Environmental Protection (ARPA Lombardy, 2021, referred to the 
interval 2001–2015 and 6 stations along the river) (Figure 3A). The ARPA measurement site 
located upstream of each sampling station in this work was selected as representative of the 
flow rate at the sampling point. 

Calculations of MP load from WWTPs 

To estimate the MP load from wastewater treatment plants (WWTPs) of the Ticino River into 
the Po River, we grouped the following information according to the six sampling stations: 
municipalities and number of inhabitants within the catchment area of the Ticino (Table S7), 
and WWTPs connected to the Ticino River with details such as respective equivalent inhabitant, 
outlet flow rates and treatment evaluation (Table S8). Municipalities and WWTPs located 
upstream of a sampling station were grouped. This classification allowed for a characterization 
of sampling stations by their surface area, inhabitants and WWTPs discharging their effluents 
in the Ticino River. From the WWTP effluent flow rates (m3 year-1) above each sampling station 
and the mean MP concentration in WWTP effluents (MPs m-3) obtained from a literature 
overview (Schmidt et al. 2020), the hypothetical MP load (MPs year-1) was derived (estimated 
value). 
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Table S7. Number of inhabitants, surface and inhabitant density of the municipalities included in the 
watershed above each sampling station (Parco Ticino, 2021; Parco Naturale del Ticino, 2021).  

Sampling 
station 

Municipality Inhabitants Surface 
area (km2) 

Density 
(inhabitants km-2) 

S1 Sesto Calende 11,160 25.04 446 
Castelletto Sopra Ticino 7,946 14.61 544 
Golasecca 2,626 7.44 353 

S2 Vergiate 8,649 21.78 397 
Somma Lombardo 17,482 30.51 573 
Arsago Seprio 4,765 10.51 453 
Besnate 5,420 7.48 725 
Varallo Pombia 4,878 13.58 359 
Pombia 2,176 11.96 182 
Cardano al Campo 14,443 9.42 1,533 
Casorate Sempione 5,632 6.91 815 
Gallarate 54,008 20.98 2,574 
Vizzola Ticino 565 7.61 74 
Ferno 6,698 8.66 773 
Samarate 16,035 16.01 1,002 
Marano Ticino 1,615 7.84 206 
Lonate Pozzolo 11,365 29.24 389 
Vanzaghello 5,233 5.56 941 
Oleggio 11,317 37.8 299 
Bellinzago Novarese 9,451 39.36 240 
Nosate 641 4.88 131 
Castano Primo 10,937 19.17 571 

S3 Cameri 10,994 39.65 277 
Galliate 13,346 29.54 452 
Buscate 4,540 7.83 580 
Turbigo 7,043 8.52 827 
Robecchetto con Induno 4,738 13.93 340 
Cuggiono 8,163 14.93 547 
Romentino 5,626 17.69 318 
Bernate Ticino 3,023 12.16 249 
Boffalora Sopra Ticino 4,099 7.65 536 
Trecate 18,028 38.36 470 
Magenta 23,918 21.99 1,088 
Cerano 7,084 32.10 221 
Robecco sul Naviglio 6,757 19.79 341 
Cassinetta di Lugagnano 1,829 3.32 551 

S4 Abbiategrasso 32,473 47.78 680 
Cassolnovo 6,920 31.74 218 
Ozzero 1,417 10.97 129 
Morimondo  1,025 26.00 39 
Vigevano 62,064 81.37 763 

S5 Besate 2,036 12.74 160 
Motta Visconti 8,037 10.51 765 
Gambolò 9,910 51.70 192 
Borgo San Siro 954 17.64 54 
Bereguardo 2,641 17.86 148 
Garlasco 9,716 39.18 248 
Zerbolò 1,753 37.19 47 
Torre d’Isola 2,427 16.44 148 
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S6 Groppello Cairoli 4,429 26.22 169 
Villanova d’Ardenghi 772 6.61 117 
Carbonara al Ticino 1,446 14.78 98 
Pavia 71,006 62.86 1,130 
San Martino Siccomario 6,443 14.29 451 
Valle Salimbene 1,469 7.16 205 
Travacò Siccomario 4,385 17.05 257 

 

Table S8. Wastewater Treatment Plants (WWTP), number of equivalent inhabitants, flow rate, 
treatment evaluation (high, medium and low performance) and inland water receptors in the watershed 
above each sampling station (Vailati and Trovò, 2003). 

Sampling 
station 

WWTP Equivalent 
inhabitants 

Flow rate 
(m3 day-1) 

Treatment 
evaluation 

Inland water 
receptor 

S1 Dormelletto 45,000 8,496 Medium Rio Arlasca, 
Maggiore Lake 

Sesto Calende 10,000 1,680 Medium River Ticino 
Sesto Calende 
San’Anna 

190 33 Medium River Ticino 

Golasecca 
Presualdo 

1,300 525 Medium River Ticino 

Golasecca Bizzorra 1,500 350 Medium River Ticino 
Somma Lombardo 
Coarezza 

700 168 Medium River Ticino 

S2 Somma Lombardo  15,497 5,760 Medium River Ticino 
Somma L. 
Maddalena 

10,000 3,840  Industrial Canal, 
River Ticino 

Daverio 3,500 1,250 Medium Strona creek, River 
Ticino 

Mornago 6,840 1,634 Medium Strona creek, River 
Ticino 

Vergiate 5,000 1,863 Low Strona creek, River 
Ticino 

Lonate Pozzolo 360,000 95,000 Medium Marinone canal, 
River Ticino 

Nosate 1,000 137 High Industrial Canal, 
River Ticino 

Varallo Pombia 3,500 683 Low Rio Linosa, River 
Ticino 

Pombia    Rio Riale, River 
Ticino 

Bellinzago 
Novarese 

25,000 9,504 Low River Ticino 

Bellinzago N. 
Cavagliano 

400 48  Fontana Milanesi, 
River Ticino 

S3 Robecco sul 
Naviglio 

195,000 9,1507 Medium River Ticino 

Turbigo 30,000 6,720 Medium Dead Branch, River 
Ticino 

Bareggio 46,000 15,068 Low Scolmatore Canal, 
River Ticino 

S4 Abbiategrasso 25,000 11,507 Medium Roggia Rile, River 
Ticino 
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Ozzero 2,000 356 Low Roggia Rile, River 
Ticino 

Cassolnovo 5,000 4,234 Low Fosso Vegetato, 
River Ticino 

Cerano 60,000 27,168 Medium Ramo dei Prati, 
River Ticino 

Vigevano 50,000 21,120 Low River Ticino 
S5 Besate 7,000 408 Low Mezzabarba canal, 

River Ticino 
Motta Visconti 5,000 986 Low Canalino canal, 

River Ticino 
Bereguardo 2,014 403 Medium Fontanoni Canal, 

River Ticino 
Bereguardo La 
Zelata  

200  Low Talentina Canal, 
River Ticino 

Bereguardo 
Frutteto  

41 3 Low Re Canal, River 
Ticino 

Torre d’Isola 100 14 Low irrigation canal, 
River Ticino 

Torre d’Isola 
Casottole 

300 43 Low Roggia Vecchia, 
River Ticino 

Torre d’Isola 
Carpana 

100 14 Low irrigation canal, 
River Ticino 

Torre d’Isola San 
Varese 

500 58 Low Roggia Vecchia, 
River Ticino 

Torre d’Isola Ca’ 
de Vecchi 

100 14 Low Roggia Vecchia, 
River Ticino 

Torre d’Isola 
Villaggio Pioppi 

100 14 Low Roggia 
Bergonzola, River 
Ticino 

Torre d’Isola 
Villaggio Camp. 

100 29 Low Roggia 
Bergonzola, River 
Ticino 

Torre d’Isola Pesca 
Sportiva 

100 14 Low Roggia Vecchia, 
River Ticino 

Zerbolò 700  Low Roggia Martina, 
River Ticino 

Zerbolò Parasacco 300  Lo Roggia Castellana, 
River Ticino 

S6 Pavia 145,000 4,399 Medium Naviglio Pavese, 
River Ticino 

Groppello Cairoli 4,828 1,536 Medium Cavo Gipponi, 
River Ticino 

Carbonara Ticino 1,241 605 Low Colatore Quaglio, 
River Ticino 

Travacò 
Siccomario Rotta  

7,241 1,920 Low Gravellone Canal, 
River Ticino 

Travacò 
Siccomario 
Chiavica 

259 15 Low Gravellone Canal, 
River Ticino 

Travacò 
Siccomario Boschi 

130 15 Low Gravellone Canal, 
River Ticino 
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Travacò 
Siccomario 
Battella 

149 28 Low Gravellone Canal, 
River Ticino 

Travacò 
Siccomario 
Valbona 

119 10 Low Gravellone Canal, 
River Ticino 

Travacò 
Siccomario Scotti 

57 3.6 Low Gravellone Canal, 
River Ticino 
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S2 Supplementary Results and Discussion 

S2.1 MP in abiotic and biotic matrices 

Table S9. Identified plastic polymer types [%] and their densities for all matrices and number of MP 
items identified via µ-FTIR. The density class of the polymer types was formed according to the 
following principle: lighter < 1.1 g cm-3, heavier ≥ 1.1 g cm-3. 

Polymer type Surface 
water [%],  

n = 464 
items 

Sediment 
[%], n = 
79 items 

Fish [%], 
n = 24 
items 

Macro-
invertebrates 
[%], n = 15 

items 

Density 
g cm-3 

Density 
class 

ABS 0.2    1.07 lighter 
Acrylate polymer  1.3   1.05 lighter 
Acrylonitrile 
copolymer 

0.2    0.8 lighter 

EEA 0.2    0.93 lighter 
EPDM 0.2    0.9 lighter 
Ethyl acrylate 0.2    0.9 lighter 
EVA 3.1 39.2   0.95 lighter 
HDPE 2.0    0.95 lighter 
LDPE 19.3 5.1 39.1  0.92 lighter 
Nylon 1.8  13.0  1.0-1.1 lighter 
PA 0.4 2.5   1.02-

1.42 
lighter 

PAM 0.2    1.3 heavier 
PAN 10.5   6.7 1.184 heavier 
PC-ABS 0.2    1.1 lighter 
PE 6.1 7.6 4.3 6.7 0.854 lighter 
PET 18.2 8.9 8.7 26.7 1.333 heavier 
Phenoxy resin  2.5   1.18 heavier 
PMMA 0.2   6.7 1.2 heavier 
Polyvinyl 
propionate:acrylate 

0.2    1.12 heavier 

PP 17.5 15.2 8.7  0.861 lighter 
PS 5.3 5.1  26.7 1.052 lighter 
PUR 1.3    0.03-0.5 lighter 
PVA 3.9 6.3 4.3  1.19 heavier 
PVC 0.4 5.1   1.388 heavier 
SAN 1.3    1.08 lighter 
SBR 0.2    0.935 lighter 
Synthetic polymer 6.8 1.3 21.7 26.7 - - 
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Figure S2. Size distribution of MPs in surface water and sediment samples along the river. For 
comparability reason, only particles with a size of 0.060–5 mm were included in the size distribution 
analysis (leaving out < 0.06 mm MPs from the sediments). 

 

Table S10. Mean and standard deviation of the validation ratio [%] of visual identification with regard 
to natural particles/non-plastic items. 

 Surface water Sediment Fish Macroinvertebrates 
Mean [%] 91 80.9 19.5 33 
SD [%] 18 19.0 25.4 37 
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Table S11. MP mean concentration and shape composition for all surface water samples and sample stations. 

Station 
 

Percentage [%] MP shape 
(for all replicates) 

Amount MPs 
station-1 

Items  
m-3 

Fibre Irregular 
particle 

Foam Sphere Film Mean SD Mean SD 

S1 19 62 17 0 2 44.5 36.4 6.239 5.101 
S2 44 56 1 1 1 435.5 171.2 33.360 13.111 
S3 43 50 0 2 4 298.7 169.0 31.155 17.631 
S4 46 55 0 0 0 881.5 396.1 68.588 30.817 
S5 23 71 0 3 3 222.7 36.3 24.256 3.954 
S6 6 86 0 6 0 489.5 269.9 36.358 20.046 

 

Table S12. MP mean concentration and shape composition for all subtidal sediment samples and sample stations. 

Station 
 

Percentage [%] MP shape 
(for all replicates) 

Amount MPs 
station-1 

Weight, dw 
[kg] 

Items 
Kg-1 

Fibre Irregular 
particle 

Foam Sphere Film Mean SD  Mean SD 

S1 0 100 0 0 0 16.4 15.4 0.61 26.782 25.051 
S2 43 43 0 14 0 5.3 5.0 0.71 7.540 7.116 
S3 9 73 0 18 0 4.6 1.9 0.66 6.955 2.894 
S4 50 50 0 0 0 4.3 1.5 0.57 7.571 2.669 
S5 0 100 0 0 0 5.8 4.3 0.62 9.429 6.874 
S6 30 70 0 0 0 5.0 0.9 0.64 7.818 1.390 
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Table S13. MP mean concentration and shape composition for all fish (catfish, Silurus glanis) samples and sample stations. 

Station 
 

Percentage [%] MP shape 
(for all replicates) 

Amount MPs 
station-1 

Weight of 
GIT content, 

ww [g] 

Items g-1 Items individual-1 

Fibre Irregular 
particle 

Foam Sphere Film Mean SD  Mean SD Mean SD 

S1 0 40 0 0 60 1.73 1.76 81.000 0.021 0.022 1.730 1.763 
S2 0 0 0 0 0 0.00 0.00 36.667 0.000 0.000 0.000 0.000 
S3 0 50 0 0 50 1.60 2.78 35.000 0.046 0.079 1.603 2.777 
S4 0 100 0 0 0 1.22 2.12 29.000 0.042 0.073 1.222 2.117 
S5 100 0 0 0 0 0.22 0.38 46.333 0.005 0.008 0.222 0.385 
S6 0 91 0 9 0 3.64 2.85 48.000 0.076 0.059 3.644 2.852 

 

Table S14. MP mean concentration and shape composition for all macroinvertebrate (Hydropsychidae) samples and sample stations. 

Station 
 

Percentage [%] MP shape 
(for all replicates) 

Amount MPs 
station-1 

Weight, 
dw [mg] 

Items mg-1 Items individual-1 

Fibre Irregular 
particle 

Foa
m 

Sphe
re 

Film Mean SD  Mean SD Mean SD 

S1 33.3 66.7 0 0 0 1.0 1.0 36.500 0.027 0.02
7 

0.200 0.200 

S2 0 100 0 0 0 0.3 0.6 25.617 0.013 0.02
3 

0.067 0.115 

S3 37.5 62.5 0 0 0 0.0 0.0 31.833 0.000 0.00
0 

0.000 0.000 

S4 0 0 0 0 0 2.7 1.2 35.793 0.075 0.03
2 

0.533 0.231 

S5 0.0 100 0 0 0 1.1 1.9 41.203 0.027 0.04
6 

0.219 0.379 

S6 100 0 0 0 0 1.1 1.9 30.413 0.037 0.06
3 

0.222 0.385 
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Figure S3. Items detected in samples from (A) surface water, (B) subtidal sediment, (C) fish, and (D) 
macroinvertebrates isolated on silver membranes for MP verification with µ-FTIR. 

 

Table S15. MP number per replicate for all surface water samples. 

Station - 
Sample 

Total MP 
number 

Blank corrected 
MP number 

Volume [m3] Items m-3 

S1 - 1 14.00 13.70 7.14 1.92 
S1 - 2 35.50 35.20 7.14 4.93 
S1 - 3 85.01 84.71 7.14 11.87 
S2 - 1 244.58 244.28 13.06 18.71 
S2 - 2 488.25 487.95 13.06 37.38 
S2 - 3 574.64 574.34 13.06 43.99 
S3 - 1 408.00 408.00 9.59 42.56 
S3 - 2 104.00 104.00 9.59 10.85 
S3 - 3 384.00 384.00 9.59 40.06 
S4 - 1 1089.61 1087.81 12.85 84.64 
S4 - 2 426.67 424.87 12.85 33.06 
S4 - 3 1133.60 1131.80 12.85 88.06 
S5 - 1 208.00 208.00 9.18 22.66 
S5 - 2 264.00 264.00 9.18 28.76 
S5 - 3 196.00 196.00 9.18 21.35 
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S6 - 1 416.00 416.00 13.46 30.90 
S6 - 2 264.00 264.00 13.46 19.61 
S6 - 3 788.57 788.57 13.46 58.57 

 

Table S16. MP number per replicate for all sediment samples. 

Station 
Sample 

Total MP number Blank corrected 
MP number 

Weight 
[kg] 

Items kg-1 

S1 - 1 34.00 34.00 0.61 55.37 
S1 - 2 10.00 10.00 0.61 16.29 
S1 - 3 5.33 5.33 0.61 8.69 
S2 - 1 0.00 0.00 0.71 0.00 
S2 - 2 6.00 6.00 0.71 8.48 
S2 - 3 10.00 10.00 0.71 14.14 
S3 - 1 3.00 3.00 0.66 4.58 
S3 - 2 4.00 4.00 0.66 6.11 
S3 - 3 6.67 6.67 0.66 10.18 
S4 - 1 4.00 4.00 0.57 6.99 
S4 - 2 3.00 3.00 0.57 5.24 
S4 - 3 6.00 6.00 0.57 10.48 
S5 - 1 7.50 7.50 0.62 12.12 
S5 - 2 9.00 9.00 0.62 14.55 
S5 - 3 1.00 1.00 0.62 1.62 
S6 - 1 5.25 5.25 0.64 8.23 
S6 - 2 5.71 5.71 0.64 8.96 
S6 - 3 4.00 4.00 0.64 6.27 
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Table S17. MP number per replicate for all fish samples. 

Station - 
Sample 

Total MP 
number 

Blank corrected 
MP number 

Weight of GI 
content [g] 

Items g-1 

S1 - 1 2.00 1.67 81.00 0.02 
S1 - 2 3.86 3.52 81.00 0.04 
S1 - 3 0.00 0.00 81.00 0.00 
S2 - 1 0.00 0.00 36.67 0.00 
S2 - 2 0.00 0.00 36.67 0.00 
S2 - 3 0.00 0.00 36.67 0.00 
S3 - 1 0.00 0.00 35.00 0.00 
S3 - 2 0.00 0.00 35.00 0.00 
S3 - 3 5.14 4.81 35.00 0.14 
S4 - 1 4.00 3.67 29.00 0.13 
S4 - 2 0.00 0.00 29.00 0.00 
S4 - 3 0.00 0.00 29.00 0.00 
S5 - 1 0.00 0.00 46.33 0.00 
S5 - 2 1.00 0.67 46.33 0.01 
S5 - 3 0.00 0.00 46.33 0.00 
S6 - 1 3.60 3.27 48.00 0.07 
S6 - 2 1.33 1.00 48.00 0.02 
S6 - 3 7.00 6.67 48.00 0.14 

 

Table S18. MP number per replicate for all macroinvertebrate samples. 

Station - Sample Total MP 
number 

Blank corrected 
MP number 

Weight 
[mg] 

Items mg-1 

S1 - 1 1.00 1.00 36.50 0.03 
S1 - 2 2.00 2.00 36.50 0.05 
S1 - 3 0.00 0.00 36.50 0.00 
S2 - 1 0.00 0.00 25.62 0.00 
S2 - 2 1.00 1.00 25.62 0.04 
S2 - 3 0.00 0.00 25.62 0.00 
S3 - 1 0.00 0.00 31.83 0.00 
S3 - 2 0.00 0.00 31.83 0.00 
S3 - 3 0.00 0.00 31.83 0.00 
S4 - 1 2.00 2.00 35.79 0.06 
S4 - 2 4.00 4.00 35.79 0.11 
S4 - 3 2.00 2.00 35.79 0.06 
S5 - 1 0.00 0.00 41.20 0.00 
S5 - 2 3.29 3.29 41.20 0.08 
S5 - 3 0.00 0.00 41.20 0.00 
S6 - 1 0.00 0.00 30.41 0.00 
S6 - 2 0.00 0.00 30.41 0.00 
S6 - 3 3.33 3.33 30.41 0.11 
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S2.2 Unit-consistent ratios between matrices 
This work provides a consistent set of concentration data in six stations along the same river 
and in four different matrices for which sampling modalities and analytical procedures were 
fully comparable within and among stations regarding space and time variables. The data are 
therefore suitable for calculating the unit-consistent concentration ratios. The purpose of 
calculating the unit-consistent ratios was to determine which of the abiotic matrices (water and 
sediment) was higher contaminated (Csed/Cwater) and to analyse the tendency of MP uptake by 
the biota in relation to their living medium; MP pollution in fish can be assigned to that in water 
(Cfish/water) and pollution in macroinvertebrates to that in sediment (Cmacro/sed). 

The results are presented in Table S19. The overall mean ± SE (n = 6) ratio of MP 
concentration in sediment to that in water (Csed/Cwater) was 750 ± 660, implying that the 
sediment concentration was 750-fold higher compared to the water matrix. Both fish GIT and 
macroinvertebrates showed high ratios in all analysed stations ranging from 210 – 3,400 for 
Cfish/water (overall mean ratio ± SE of 1,100 ± 310; n = 5), and 500 – 5200 for Cmacro/sed (overall 
mean ratio ± SE of 1,400 ± 450;  n = 5). The high variability found within each station and 
among the different stations revealed that MP distribution is characterised by an intrinsic high 
fluctuation and that individual values should be considered not reliable. However, the overall 
consistency of the order of magnitude of the values calculated in six independent stations 
support the validity of the proposed approach. Only the overall mean of the ratios calculated at 
the six station should be used as reference value. To avoid overestimation of calculated values, 
the geometric mean was used as the best estimate, reflecting the general tendency of MP uptake 
from the living medium with sufficient reliability. Summing and subtracting the respective SE 
values to the overall means, the following intervals were obtained for Csed/Cwater, Cfish/water and 
Cmacro/sed: 100–1,400, 800–1,400 and 1,000–1,900, respectively.  

Both macroinvertebrates and fish GIT presented overall mean ratios of about 1,000, 
highlighting a similar strong tendency of MP to be ingested by the biota. 

Table 19. Unit-consistent ratios ± SE for sediment/water, fish (S. glanis’s GIT) and macroinvertebrates 
(Hydropsychidae family) for each sampling station and as mean of all stations. 

Sampling 
station 

Csed/Cwater Cfish/water Cmacro/sed 

S1 8,800 ± 8,900 3,400 ± 3,600 490 ± 550 
S2 530 ± 410 � 730 ± 1,200 
S3 490 ±280 1,500 ± 2,000 � 
S4 210 ± 98 610 ± 770 5,200 ± 2,300 
S5 800 ± 410 210 ± 210 1,400 ± 2,000 
S6 460 ± 190 2,100 ± 1,600 2,200 ± 2,400 

Geometric 
mean 

750 ± 660 1,100 ± 310 1,400 ± 450 

 

The calculated values, especially considering the overall mean values, should overcome 
discrepancies deriving from the intrinsic variability of MP contamination, as observed in this 
work among replicates for each station. In fact, six different stations were analysed with three 
replicates each allowing to calculate mean values for each station and mean values among 
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stations. The concentration ratio summarizes the intake directly from the medium and that of 
the food chain. Here, however, the two processes cannot be distinguished. Although calculated 
unit-consistent ratios reflect the MPs transfer from direct intake from the medium as well as 
potential indirect transfer of contaminated prey, these two organisms live in different habitats 
of the river, and thus they must be compared with the background MP contamination of their 
medium. The similar ranges of the mean concentration ratios of fish GIT and 
macroinvertebrates (800–1400 and 1000–1900, respectively) strongly suggests an effective 
transfer of MPs inside the organism’s digestive system in relation to their medium. A direct 
comparison between the two organisms is not possible in this work, because, for analytical 
reasons, the MP contamination was calculated considering the whole body for 
macroinvertebrate and only the GIT for fish. 

 

S2.3 Correlation flow-velocity vs. MP concentration in water 

The MP concentration in surface water concentration was measured in each station during 
water samplings. The correlation coefficient between MP concentration in water and flow 
velocity was 0.587 (p = 0.010), suggesting that the flow velocity had a significant effect on the 
MP concentration (MP m-3) in surface water (Figure S4).  

 

  
Figure S4. Scatter plot showing the correlation between MP concentration in surface water samples 
and the measured flow velocity in all six stations. 

 

S2.4 Calculations of MP load from the Ticino River 

Multiplying the mean measured MP concentrations of surface water in each station (item m-3) 
with the yearly mean flow rate of the Ticino River (m3 year-1) at that station reported by ARPA 
Lombardy (Figure 3A), we extrapolated the yearly MP load carried by the river at each station 
and a total MP load at the confluence with the Po River of 3.40 x 1011 

± 1.1 x 1011 MP items year-1 (Table S20).  
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Table S20. Measured mean MP concentration in each sampling station (± SE; n =3), yearly mean flow 
rates of the Ticino River measured in ARPA stations (Figure 3A, ARPA Lombardy, 2021) and 
calculated MP load based on the measured concentrations and the reported flow rates of the Ticino 
River for each sampling station (± SE was calculated by the propagation error formula). 

Sampling 
station 

Measured 
MP conc. 

(items m-3) 

Ticino 
River 

flow rates 
(m3 year-1) 

Calculated 
MPs load 

(items year-1) 

S1 6.2 ± 2.9 8.64 x 109 5.39 x 1010 ± 2.5 x 1010 
S2 33 ± 7.6 4.80 x 109 1.60 x 1011 ± 3.6 x 1010 
S3 31 ± 10 6.03 x 109 1.88 x 1011 ± 6.1 x 1010 
S4 69 ± 18 7.79 x 109 5.35 x 1011 ± 1.4 x 1011 
S5 24 ± 2.3 8.93 x 109 2.17 x 1011 ± 2.0 x 1010 
S6 36 ± 12 9.34 x 109 3.40 x 1011 ± 1.1 x 1011 
Total  9.34 x 109 3.40 x 1011 ± 1.1 x 1011 

 

S2.5 Calculations of MP load from WWTPs 

In the attempt to evaluate the role of WWTPs in the MP contamination of the river, we 
calculated the expected MP load from the local WWTPs that discharge their effluent into the 
Ticino watershed. The Ticino River presents only two urban sites located directly on the river; 
one in the North at the outlet of Lake Maggiore (Sesto Calende, 11,160 inhabitants, Table S7), 
and the second at the end of the river course near the confluence with the Po River (Pavia, 
71,006 inhabitants, Table S7). The remaining riverine valley is dominated by natural riparian 
strips and agriculture, up to 10 km wide. Despite the naturalness of the Ticino area, a high 
number of people live in its watershed (around half a million people, Table S7 and S21).  

Table S21. Number of inhabitants, surface, inhabitant density (Parco Ticino, 2021; Parco Naturale del 
Ticino, 2021) above each sampling station and number of WWTPs, equivalent inhabitants and total 
flow rate above each sampling station (Vailati and Trovò, 2003).  

Sampling 
station 

Inhabitants Surface area 
(km2) 

Density 
(inhab. Km-2) 

WWTP  
(number) 

WWTP  
(e.i.) 

Flow rate 
(m3 day-1) 

S1 21,732 47.09 461 6 58,690 11,252 
S2 191,310 309.26 619 11 430,737 119,719 
S3 119,188 267.46 446 3 271,000 113,295 
S4 103,899 197.86 525 5 142,000 64,385 
S5 37,474 203.26 184 15 16,655 2,000 
S6 89,950 148.97 604 9 159,024 8,532 

Total 563,553 1173.9 480 49 1,078,106 319,183 

 

The northern part of the basin is more densely populated, while the southern part is 
much less so except for the city of Pavia near the confluence with the Po River. Many WWTPs 
treat domestic effluents as well as from industrial and commercial activities. Out of the 49 
WWTPs having the Ticino River as a final receptor (Table S8, Vailati and Trovò (2003)), only 
3 exceeded 100,000 equivalent inhabitants (Figure 3A), and 10 were between 10,000 and 
100,000 equivalent inhabitants. The depuration efficiency of the small WWTPs was low, while 
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that of medium and high dimension WWTPs was medium. None of the listed WWTPs had an 
optimum depuration efficiency, implying also that the efficiency in removing MPs was limited.  

Having no direct measure of the MPs concentrations in the WWTPs outlets, we 
consider a representative MP concentration level at the WWTP outlet and refer to the median 
of 6,400 items m-3 indicated by Schmidt et al. (2020), who recently reviewed available data on 
MP concentrations in WWTP effluents. With that, the indicative MP loads from WWTPs can 
be derived upstream of each station, considering the WWTPs discharging their effluents 
upstream that station (Table S21). Finally, the total MP load at the confluence with the Po River 
of 7.46 x 1011 MP items year-1 was calculated as sum of the contribution of all WWTPs 
discharging their effluents into the river (Table S22). The total flow rate from WWTPs 
(1.17 x 108 m3 year-1) is around 1% of the yearly mean flow rates of the Ticino River at the 
confluence (9.34 x 109 m3 year-1). 

Table S22. WWTP flow rates (sum of WWTPs flow rates upstream of each sampling station based on 
values in Table S9), calculated MP loads for WWTPs based on the median MP concentration in WWTPs 
effluents reported by Schmidt et al. (2020), and cumulative MP loads for WWTPs along the river. 

Station WWTPs flow rate 
(m3 year-1) 

MP loads by WWTPs 
(items year-1) 

S1 4.11 x 106 2.63 x 1010 
S2 4.37 x 107 2.80 x 1011 
S3 4.14 x 107 2.65 x 1011 
S4 2.35 x 107 1.50 x 1011 
S5 7.30 x 105 4.67 x 109 
S6 3.11 x 106 1.99 x 1010 
Total 1.17 x 108 7.46 x 1011 

 
The MP load estimated from WWTP effluents is nearly double than the MP load of the 

Ticino River (Table S20) obtained from measured MP concentrations, suggesting that a 
consistent amount (mathematically the difference 4.06 x 1011 MP items year-1) is retained by 
the hydrological network of the Ticino watershed, considering only MP loads from WWTPs. 
Obviously, the calculated values should be considered as rough estimates of the actual amount 
released by the WWTPs in the watershed, as they were calculated assuming that they discharge 
a number of MP equal to the median indicated by Schmidt et al. (2020). However, no best 
estimation was possible because no data on MPs in WWTP effluents in the area were available, 
therefore, the proposed MP mean concentration can be accepted as the best available estimate 
based on the current literature knowledge. The estimations proposed here suggest that WWTPs 
represent a consistent source of MPs to the river and that the hydrological network can retain 
a consistent MP load from putative sources. This is consistent with the obtained ratios between 
sediment and water MP concentrations. 

 

Figure S5 depicts the relationship between MP flows (Log10 MP items year-1) calculated 
from measured MP concentration and the cumulative MP loads by WWTPs (Log10 MP items 
year-1) calculated from WWTPs effluent flow rates and the median MP concentration in 
WWTP effluents indicated by Schmidt et al. (2020).  Independently from the best interpolation 
model, the linear regression (n = 6; R2 = 0.80; F = 16.14; p = 0.02) was proposed as statistical 
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evaluation relationship. The six points derived by data of this work did not allow a more precise 
evaluation of the type of the relationship (linear or asymptotic); the purpose of this elaboration 
was to test the role of the WWTPs in determining MP contamination in water. 

 

 
Figure S5. Correlation between MP flows (Log10 MP items year-1) and the cumulative MP loads by 
WWTPs (Log10 MP items year-1). 
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Abstract
Previous research has reported avian plastic ingestion in marine bird species. Yet, while research attention on plastic pollution is
shifting from marine to freshwater ecosystems, very few information on plastic ingestion is available for freshwater birds. Here,
we examined the presence of microplastic in regurgitated pellets of the common kingfisher (Alcedo atthis) collected along the
Ticino River (North Italy). In total, 133 kingfisher’s pellets were examined between March and October 2019 from 54 transects
along the river. Plastic elements were detected and identified by visual inspection followed by μ-FTIR and SEM-EDS. Overall,
we found 12 (micro)plastics from at least three different polymers in 7.5% of the pellets. This study provides the first report of
plastic uptake of this bird species. It highlights the importance of spectroscopic techniques in plastic monitoring studies in order
to avoid misidentification of items found. Documenting the presence of plastic ingestion by top carnivores such as fish-eating
birds is necessary to understand the pervasiveness and impact of (micro)plastic pollution in food webs of freshwater ecosystems.

Keywords Microplastic . Common kingfisher . Freshwater ecosystem .μ-FTIR . SEM-EDS . Plastic ingestion . Ticino River

Abbreviations
EDS Energy-dispersive X-ray spectroscopy
μ-FTIR Micro-Fourier transform infrared spectroscopy
PE Polyethylene
PET Polyethylene terephthalate
PP Polypropylene
PS Polystyrene
PVC Polyvinyl chloride
SEM Scanning electron microscopy

Introduction

The interest in the study of microplastics (synthetic polymers
< 5 mm in size; Arthur et al. 2009) in freshwater ecosystems is
increasing continuously. The presence of microplastic in
freshwater has been reported worldwide (Dris et al. 2018;
Lahens et al. 2018; Mani et al. 2016, amongst others) and
recently also in Italy (Campanale et al. 2019). Thus, it is not
surprising that research attention is shifting towards the entire
freshwater ecosystem and its food web, including fish-eating
birds which are on the top level of this food web (Gochfeld
et al. 1999). Several studies have investigated avian plastic
ingestion in a wide array of marine species from offshore
and coastal waters (e.g., Acampora et al. 2016; Avery-
Gomm et al. 2013; Franco et al. 2019). However, information
about (micro)plastic ingestion by continental birds is still
scarce (Blettler et al. 2018; Reynolds and Ryan 2018). A re-
cent study has pointed out the necessity of exploring the pres-
ence of (micro)plastics in waterbirds because this might rep-
resent a potential problem for continental freshwater bird con-
servation (Gil-Delgado et al. 2017).

Monitoring of plastic ingested by birds is mainly obtained
by stomach analyses of dead birds (Acampora et al. 2014;
Avery-Gomm et al. 2013; van Franeker et al. 2011).
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Methods for monitoring macro- and microplastics in living
birds, however, are a suitable alternative for determining plas-
tic contamination in the absence of finding dead animals. For
bird species that do not accumulate plastic in their digestive
tracts which can then be analysed in their faeces (Acampora
et al. 2017a), the analysis of regurgitated pellets (indigestible
residues of food composed of fish bones and teeth, scales,
exoskeletons of insects, and other organic material) provides
the information on the incidence of litter in the diet. One of the
freshwater birds regurgitating pellets is the common kingfish-
er (Alcedo atthis, hereafter kingfisher). The species is distrib-
uted throughout most of Europe, Africa, and Asia and feeds
on pelagic and benthic fish species and aquatic invertebrates
(Čech and Čech 2015; Vilches et al. 2012). Their prey, mostly
pelagic fish, is caught by a harpooning maneuvre of the king-
fisher as he dives into the water, up to 25-cm deep (Fry et al.
2010). Plastic litter in regurgitates was analysed earlier in pel-
lets from the great cormorant (Acampora et al. 2017a), in
regurgitates from chicks of the black-legged kittiwake, north-
ern fulmar, and great cormorant (Acampora et al. 2017b) in
Ireland, and in pellets from Great Skua from the Farøe Islands
(Hammer et al. 2016). However, these pellets were collected
from marine species. There are currently no published data on
plastic in pellets from freshwater birds, such as the kingfisher.

Therefore, the aim of this study was to assess the ingestion
of (micro)plastic items by the kingfisher by analysing its re-
gurgitated pellets collected along the Ticino River (North
Italy). Hereby, we used an integrated approach relying on a
preliminary visual inspection and the further application of
two different analytical techniques, namely micro-Fourier
transform infrared spectroscopy (μ-FTIR) and scanning elec-
tron microscopy coupled with energy-dispersive X-ray spec-
troscopy (SEM-EDS). Previous studies already stressed the
importance of spectroscopic techniques in plastic monitoring
studies as they are critical in avoiding misidentification of
natural items for synthetic polymers (Nicastro et al. 2018;
Wesch et al. 2016). In particular, when analysing small plastic
items such as microplastic fibres which can be easily mistaken
for cotton fibre and vice versa, thus, the objectives of the
present study were (i) to provide information on the presence
of plastic in pellets from a freshwater, fish-predatory bird; (ii)
to highlight the necessity of using analytical methods for plas-
tic identification and especially high-resolution techniques;
and (iii) to investigate the spatial variation of pellets contain-
ing microplastics along the length of the Ticino River.

Material and methods

Sample collection

The sampling of a total of 133 kingfisher’s pellets was
implemented between March and October 2019 from 15

out of 54 examined transects along the Ticino River
(North Italy). The sampling transects were located along
the main course and tributaries of the river with an average
length of 551 ± 364 m from the Lake Maggiore down to the
confluence into the Po River. The transects were examined
for pellets under potential resting points of the kingfisher
two times at a minimum (up to six times once pellets were
detected in a transect). Visual observation of the kingfisher
or response to a bird whistle indicated that the species was
distributed along the whole watercourse, confirming previ-
ous findings of its high occurrence in the Ticino valley
(Casale 2015). A map of the study area with the locations
of pellets is shown in the result section.

Sample preparation and microplastic extraction

In the laboratory, pellets were placed in glass petri dishes
and visually inspected for the presence of potential plastic
items (e.g., fragments, particles, fibres) under a stereo mi-
croscope (Wild M3B Heerbrugg Switzerland, 6.4 X – 40
X) with a detection and selection limit of 40 μm for parti-
cles and fragments. Most fibres had a thickness < 40 μm
but were detected due to their length. Images were taken
with the camera of the stereo microscope to measure the
size of detected items using the imaging software Fiji. The
putative plastic items were transferred into small glass
vials with metal tweezers or needle and stored until analy-
sis of their polymeric composition by μ-FTIR. The detec-
tion and identification limit with regard to particle size for
the applied μ-FTIR instrument was 10 μm. Considering
the detection and selection limit of the visual identification
with the stereo microscope and the resolution limit of the
μ-FTIR instrument, the application of an additional extrac-
tion method followed by an analytical high-resolution
technique, which is the advantage of SEM-EDS (identifi-
cation limit of 3 μm), was necessary in order to determine
the occurrence of even smaller plastic items.

Therefore, after visual inspection and removal of the
items for μ-FTIR analysis, the remaining pellet material
was further processed for density separation extraction
and SEM-EDS analysis. Out of all pellet material, we
chose ten pellets from different transects representing the
northern and southern areas of the Ticino River (five each).
The material was placed in a beaker and underwent a den-
sity separation in 100 mL of a saturated sodium chloride
solution (NaCl, 0.0616 M) for 24 h to settle parts of the
prey such as bones and to float MP items. Subsequently,
the supernatant was filtered with an in-house manufactured
glass filtration apparatus on silver membrane filters
(Sterlitech, 0.8-μm pore size, 13-mm diameter, filtration
area of 19.6 mm2). The filters were dried for 48 h in a glass
desiccator and stored until analysis with SEM-EDS.
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Quality control precautions

In order to assess potential sample contamination by atmo-
spheric deposition of microplastic, we included procedural
blanks into our analysis. In the field, an aluminium foil was
placed next to a detected pellet and remained open for the
duration of pellet collection, then closed, transported, and stored
in the same way as the pellet samples. The blanks were taken
for each sampling date and transect where a pellet was found. In
the event that more than ten pellets were found in one transect
of the same date, one blank per ten pellets was taken. In total, 29
blanks were sampled in the field. These field blanks were then
further used to include potential airborne contamination of
microplastic in the laboratory. For the duration of the visual
analysis of pellets under the stereo microscope, field blank
samples were opened and placed next to the microscope. All
field blanks were then examined under the stereo microscope to
search for potential deposited microplastics.

Additionally, for the extraction procedure as preparation
for the SEM-EDS analysis, two blank samples deriving from
the northern and southern project areas were processed and
analysed in the same way as the pellet samples. All glassware
were cleanedwith washing detergent and rinsedwith ultrapure
Milli-Q water, which was previously filtered through cellulose
membrane (0.45 μm). All the laboratory procedures were im-
plemented on pre-cleaned surfaces, and executive persons
wore cotton lab coats and washed their hands regularly.

Sample analysis

FTIR microscopy was performed using a Thermo Scientific
Nicolet iN10 MX Infrared Imaging Microscope. Items identi-
fied as putative plastics during the preliminary visual inspec-
tion by the stereo microscope were transferred individually on
a silver membrane filter and placed onto the specimen holder
of the instrument. Measurement of all particles was carried out
in reflection mode in a wavenumber range of 4000–650 cm−1

controlled by OMNIC Picta software. A total of 256 scans
were taken for each spectrum, with a spectral resolution of 4
cm−1. A detected polymer was considered as such when the
match to the respective polymer in the library was > 70%.

For SEM-EDS analysis, high-resolution images of the
filtrated sample material on the silver filter were taken.
Polymer particles or fibres were identified by their elemental
composition signatures. After blank and sample filters were
attached to standard SEM stubs and coated with a thin film of
evaporated gold, they were placed in a Zeiss LEO 1430 SEM
coupled with an Oxford detector for EDS analysis. The
analysed area/filter area ratio of the silver membrane filter
was 11.46% (25 fields vertically, 20 fields horizontally, mag-
nification × 500, total analysed area 2.25 mm2). Particles and
fibres detected in the cross-shaped transect were analysed by
EDS using the Oxford Instruments INCA ver. 4.04 software

(Abingdon, UK). The smallest particle size/fibre thickness
analysed was 3 μm (identification limit of the EDS).
Operating conditions were the following: accelerating voltage
20 kV, probe current 80 μA, and working distance 15.0 mm.
The expected elemental composition of polymers corresponds
to their composition stoichiometry. For example, for polyeth-
ylene terephthalate (PET – (C10H8O4)n), the stoichiometric
C:O ratio is 73:27, given that hydrogen does not provide a
detectable peak in the EDS spectrum. Preoperational EDS
tests on pure PETmaterial confirmed the elemental ratio (with
a gold trace of gold ~ 1%), with 5% variability for each ele-
ment. A particle found on the filter was identified as PET
when EDS spectra revealed the same elemental composition
and when measured peaks matched those of spectra from the
preoperational test. Elemental composition of 100% carbon
indicated polyolefin composition, such as polyethylene (PE),
polypropylene (PP), or polystyrene (PS), but could not be
further specified since these polymers consist of no other ele-
ments besides carbon and hydrogen to distinguish them from
each other. After the cross-shaped transect was analysed, the
entire filter surface was scanned (× 30) looking for fibres and
particles and inspected for their elemental composition.
Potential confusion of synthetic fibres with natural textile fi-
bres or fibres from drying paper tissue was prevented by mea-
suring elemental composition of wool, cotton, and paper
resulting in a mean ratio of C:O:N:S = 62:19:17:2, C:O =
61:39, and C:O = 66:34, respectively.

Results

Overall, 12 plastic items were detected in 10 out of 133 regur-
gitated pellets from the kingfisher along the Ticino River.
Micro-FTIR analysis of items detected under the stereo mi-
croscope determined three plastic elements in three different
pellets (one from the northern, two from the southern project
area). The identified polymers were a fragment of polyethyl-
ene (Fig. 1a), a polyurethane fibre (Fig. 1b), and polypropyl-
ene fibre (Fig. 1c). Elemental analysis by SEM-EDS per-
formed on a subset from the pellet material (five pellets from
the North and South, respectively) revealed five fibres with a
C:O ratio corresponding to that of PET (Fig. 2a) and four
fibres with the elemental composition of 100% carbon indi-
cating polyolefin composition (Fig. 2b) from, in total seven
different pellets (three from the North and four from the
South). The detected microplastics were mainly fibres of very
small size with a mean length of 1.16 ± 1.22-mm standard
deviation, ranging from a length of 63 μm to 3.09 mm.

While the presence of the kingfisher was confirmed
throughout the whole watercourse of the river (visual obser-
vations and response to bird whistle), most pellets (82%) were
found in the southern area of the river. Considering the geo-
graphical distribution of pellets which included plastic items,
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no strong spatial variation (for example, an increase of
microplastics in pellets over the length of the Ticino River)
could be detected (Fig. 3). No plastics were detected in pellets
in the top northern part of the study area. Following the wa-
tercourse, the first occurrence of plastic items in pellets was
discovered downstream of a potential primary input source: a
large wastewater treatment plant (WWTP) with a population
equivalent > 300,000 that discards its effluent into the Ticino

River (black dot in map of Fig. 3). The other transects, in
which pellets with microplastic were found, were located in
the southern part of the study area, where the river crosses the
city of Pavia (~ 70,000 inhabitants). The urban area next to the
riverside represents a large (micro)plastic source by means of
water runoff or atmospheric deposition.

Procedural field blanks were examined under the stereo
microscope, but no putative microplastics were found that

Fig. 1 Microscope images of visually identified microplastics in pellets
of the kingfisher and respective μ-FTIR spectra (red) with matches (%) to
reference polymer from the library (blue). a Polyethylene fragment with a

match of 97.02%. b Polyurethane fibre with a match of 71.16%. c
Polypropylene fibre with a match of 91.22%
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could have been analysed by μ-FTIR. Moreover, no
microplastic fibres were detected in the two procedural blanks
analysed by SEM-EDS; hence, airborne contamination during
sampling in the field and analysis in the lab was efficiently
minimised.

Discussion

In this study, 7.5% of pellets (10 out of 133) were contami-
nated by microplastics. Out of the 12 detected microplastics,
11 were fibres. Fibres are often reported as the most abundant
microplastic items in water (Campanale et al. 2019; Kay et al.
2018; Mani et al. 2016, amongst others) but also in fish
(Collard et al. 2015). Dris et al. (2018) reported that fibres
often represent the most common microplastics in surface wa-
ter of rivers, mainly when sampling of water with a mesh size
lower than 300 μmwas applied. A key source of fibres is from
the breakdown of textiles in washing machines entering the
river through the effluent of wastewater treatment plants (Kay
et al. 2018). Consequently, it is not surprising that fibres were
the predominant form of microplastic found in digestive tracts
of fish, such as chubs (Squalius spp.) (Collard et al. 2015),
which is one of the main genus (in juvenile stage) composing
the diet of the kingfisher from the Ticino River (Nessi 2020).

In general, juvenile stages of the predominant fish species in
the diet of the Kingfisher, such as chubs and barbels (Barbus
spp.), are exposed to fibres, as they inhabit shallow areas close
to the water surface where fibres are floating. However,
McGoran et al. (2017) found microplastic fibres also in ben-
thic fish species, indicating that not only fish from shallow
habitats ingest fibres. Microplastic fibres in the Ticino River
were already detected before, in faeces from otters, a mammal
top predator who also feeds on chubs and barbels (Smiroldo
et al. 2019). As shown in Fig. 3, the Ticino River receives the
effluents of several WWTPs, canals, and smaller rivers,
draining also residential, commercial, and industrial areas to
the west of the city of Milan. All these discharges are potential
input sources of microplastics to the river. Thus, it can be
assumed that the microplastic load of the river water increases
with its length, as also proven in other studies (Eerkes-
Medrano et al. 2015; Mani et al. 2016). The amount of
microplastic in pellets from the kingfisher did not reflect this
presumed spatial variation; however, it can be related to spe-
cific sources as reported in the “Results” section.

Sources of microplastic to the kingfisher

Unlike birds which feed at the water surface, diving birds such
as the kingfisher are less prone to directly ingest floating

Fig. 2 SEM images and respective EDS spectra with elemental
quantitative data of analysed fibres from filtered extracts of pellets of
the kingfisher. a Microplastic fibre on silver filter with specific
elemental composition and C:O ratio corresponding to PET. b

Microplastic fibre on silver filter with specific elemental composition of
C = 100% indicating polymeric origin. Gold (Au) was removed from the
output listing as it derived from the gold-coating

Environ Sci Pollut Res



plastic material from the water due to the buoyant nature of
most plastic items. Considering that diving birds take up plas-
tics more likely through their prey by secondary ingestion, as
reported by Acampora and co-authors (2017a), also, the larg-
est detected fragment in the present study (polyethylene of
12.1 mm on its longest side, Fig. 1a) could also be ingested
secondarily. Although microplastics can be accidentally
ingested from water during fish predation, the possibility that
fish already ingested microplastics is high. Therefore, we can
speculate that particles and fibres found in kingfisher pellets
derive from the diet, and that microplastic was transferred
through the food web. Since the regurgitation of pellets pre-
sents an effective method of ejecting plastic items, the physi-
cal effects are considered to be lower than for non-
regurgitating bird species. However, the toxicological conse-
quences of plastic ingestion by birds caused by related
chemicals such as additives and micropollutants attached to
their surface are poorly studied. Toxins leaching from the
plastics upon ingestion are considered to induce adverse
health effects in birds, including endocrine disruption and re-
duced reproduction (Giesy et al. 2003; Roman et al. 2019).

Comparison with other freshwater birds

Only few previous studies showed the ingestion of plastics by
freshwater birds. Plastic (mainly fragments) was detected in
9% (n = 148; English et al. 2015) and 11% (n = 350; Holland
et al. 2016) of digestive tracts of ducks and geese in Canada.
In South Africa, 5% of analysed faeces (n = 283) from differ-
ent ducks and goose species were found to contain
microplastic in the form of fibres (Reynolds and Ryan
2018). Although our findings (7.5% of analysed pellets
contained microplastic, n = 133) fall into the range of these
previous results, a comparison of our findings with the results
of the studies mentioned above is difficult, as they investigat-
ed big-sized, mainly herbivorous bird species. For these spe-
cies, microplastic ingestion derives most likely from sediment
particles and water than from their food, although it is not
proven. On the contrary, here, we provemicroplastic ingestion
from a top predator of river ecosystems, for which the inges-
tion more likely derived from their food rather than from abi-
otic elements (sediment and water). Moreover, these previous
studies did not apply spectroscopic or elemental techniques

Fig. 3 Map of the Ticino River
with transects (orange lines)
where the search for kingfisher
pellets took place. Green spots
represent pellets in which no
plastic item could be identified by
visual inspection and μ-FTIR
analysis. Red spots represent
pellets in which plastic items were
determined by visual inspection
and μ-FTIR or SEM-EDS
analysis. Grey-scaled dots are
wastewater treatment plants
(WWTP) for different population
equivalents
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for identification of smaller microplastics, which was the pur-
pose of the present work.

Methodological novelties and issues

This study is the first to investigate microplastic load in pellets
of a freshwater bird. The kingfisher regurgitates a pellet a few
times per day (Fry et al. 2010). Therefore, the sampled pellets
may represent only the last ingested meal(s) consumed
throughout the same day. Hence, the amount of plastic in the
pellets reflects the ingestion over a short-time period, as items
could have been previously expelled. Although regurgitated
pellets are easily collected, we are aware that the samples may
show varying levels of digestion depending on the duration
between prey ingestion and final pellet ejection. This aspect
might also influence instrumental plastic detection.

Apart from these considerations, another crucial element
should be pointed out: unlike the studies mentioned above,
in this work, two complementary techniques were applied,
μ-FTIR and SEM-EDS. In fact, out of the 12 detected
microplastics, three were identified by stereo microscope in-
spection and μ-FTIR analysis and nine by an additional den-
sity separation extraction and high-resolution SEM-EDS anal-
ysis. The confirmation by analytical techniques is essential, as
natural fibres from wool or cotton can be mistaken for syn-
thetic ones. In fact, from our visual analysis under the stereo-
microscope, a high number of items were selected as possible
microplastics, of which only three were confirmed as such by
μ-FTIR. During the SEM-EDS analysis, many particles with
fibre and non-fibre shapes were analysed, yet only nine fibres
were confirmed as microplastics. In the case of non-fibre par-
ticles, some of them were compatible with the elemental com-
position of plastic polymers, but particles with similar shape
and elemental composition were found in blanks (even if in
lower abundance) so that we decided to not consider non-fibre
small particles as potential microplastics in the pellet samples.
As stated before, polymer identification by SEM-EDS is lim-
ited to polymers which consist of other elements besides car-
bon and hydrogen, such as oxygen in polyethylene terephthal-
ate (PET) and chlorine in polyvinyl chloride (PVC). Thus,
SEM-EDS is complementary rather than a substituting tech-
nique for other analytical methods such as μ-FTIR.

Regarding the instrumental confirmation of the
microplastic detection of this study and the precaution criteria
used for determining their presence, the reported findings can
underestimate the real number of microplastics in the king-
fisher diet. Especially considering that all the pellets were
inspected visually under the stereo microscope for analysis
by μ-FTIR, only a subset of samples was analysed by density
separation and SEM-EDS analysis for smaller particle detec-
tion. This part of the research was added mainly for compar-
ative methodological purpose.

Conclusions

This study is the first assessment of the abundance of
(micro)plastics in pellets of the common kingfisher. All
(micro)plastics were fibres except one larger fragment.
Rivers flowing through highly urbanised regions, like the
Ticino River, are particularly vulnerable to plastic input, pri-
marily through the effluent of wastewater treatment plants.
Indeed, although the Ticino River is included amongst the
global biosphere reserve network and is protected by two re-
gional parks, it is subject to considerable plastic contamina-
tion. The present findings of plastics in kingfisher pellets con-
firmed this condition, although plastic contamination of pel-
lets does not reflect assumed increased microplastic load over
the length of the river. The kingfisher, being a top-level pred-
ator, takes up plastic particles and fibres most likely through
secondary ingestion. It seems that the regurgitation of indi-
gestible material is an effective method for the ejection of
the ingested plastic particles. Thus, the kingfisher has an ad-
vantage over those species which accumulate plastic in their
stomach.

The use of regurgitated pellets and the analysis with μ-
FTIR and SEM-EDS proved to be a suitable method to assess
plastic exposure for freshwater birds like the kingfisher. The
limits of SEM-EDS polymer identification to only polymers
consisting of other elements than just carbon make this rather
a complementary technique than a substitute for μ-FTIR.
Nevertheless, by applying high-resolution imaging by SEM-
EDS, we confirmed the prevalence of ingested fibres that are
not easily detectable under stereo or binocular microscopes.
Thus, the results of this work indicate a strong underestima-
tion of microplastic pollution in freshwater birds when only
visual inspection under the stereo microscope is applied.
Therefore, we suggest the tied use of different analytical tech-
niques for identifying (micro)plastics in pellets and, more gen-
eral, in future avian plastic ingestion studies, as we observed
fibres by SEM-EDS that we did not detect earlier via visual
inspection under the stereo microscope.

This study onmicroplastic in regurgitated pellets presents a
baseline for future studies that should be carried out to further
assess microplastic ingestion rates for freshwater birds. Plastic
presence/absence studies through the collection of pellets are
minimally invasive and provide insights into the plastic expo-
sure of freshwater birds that are alive. Several features make
the kingfisher an excellent monitoring species: it is widely
distributed, site-loyal, and obtains all its food from aquatic
systems at a high feeding rate. Moreover, its small size can
be considered as a peculiar characteristic making it more suit-
able for small size microplastic monitoring than bigger birds.
Reporting plastic ingestion by top carnivores such as fish-
eating birds is necessary to understand the pervasiveness and
impacts of microplastic pollution in food webs of freshwater
ecosystems. However, we highlight that the application of
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spectroscopic analytic techniques is crucial to allow for dis-
crimination between plastic and natural items.
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a b s t r a c t

Plastic particle ingestion has become of concern as a possible threat to human health. Previous works
have already explored the presence of microplastic (MP) in bottled drinking water as a source of MP
intake. Here, we consider the release of MP particles from single-use PET mineral water bottles upon
exposure to mechanical stress utilizing SEM plus EDS, which allows the implementation of morpho-
logical and elemental analysis of the plastic material surface and quantification of particle concentrations
in sample water. The aim of this study was to better evaluate the sources of MP intake from plastic
bottles, especially considering the effect of daily use on these bottles such as the abrasion of the plastic
material. For that, we analysed MP release of PET bottlenecks and HDPE caps on their surfaces after a
series of bottle openings/closings (1 x, 10 x, 100 x). Furthermore, we investigated, if the inner surface of
the PET bottles released MPs, counted particle increase of the water and identified MPs in the PET bottled
water after exposing the bottles to mechanical stress (squeezing treatment; none, 1min, 10min). The
results showed a considerable increase of MP particle occurrence on the surface of PET and HDPE ma-
terial (bottlenecks and caps) after opening and closing the bottles. After 100 times the effect was
impressive, especially on caps. Moreover, great differences exist in cap abrasion between brands which
uncovers a discrepancy in plastic behavior of brands. Interestingly, particle concentrations in the bottled
mineral water did not significantly increase after exposure to mechanical stress (squeezing treatment).
The morphological analysis of the inner wall surface of the bottles supported this observation, as no
stress cracks could be detected after the treatment, implying that the bottles itself are not a consistent
source of MP particles after this extent of mechanical stress. However, chances of MP ingestion by
humans increase with frequent use of the same single-use plastic bottle, though only from the
bottleneck-cap system.

© 2019 Elsevier Ltd. All rights reserved.

1. Introduction

Microplastic (MP) contamination of food and drinking water is a
topical area of plastic pollution investigations. Triggered by the
numerous studies on MP occurrence in our environment, and
reinforced by the detection of MPs in human stool (Liebmann et al.,

2018), plastic pollution has become of concern as potential threat to
human health, too. Sources of MP ingestion by humans have
already been discussed in several studies (Bouwmeester et al.,
2015; Galloway, 2015; Lehner et al., 2019; Schirinzi et al., 2017;
Wright and Kelly, 2017). Moreover, the recent studies by (Mason
et al., 2018; Ossmann et al., 2018; Schymanski et al., 2018;
Zuccarello et al., 2019), attracted the attention of researchers and
the general public as they confirmed the presence of MPs in bottled
drinking water. Reported particle concentrations differ substan-
tially among these studies due to the application of different
methods of sampling, isolating, purifying and identifying MPs,
which vary greatly among studies. Moreover, (Koelmans et al.,
2019) questions the quality of occurrence studies and highlights

Abbreviations: EDS, Energy dispersive X-ray spectroscopy; HDPE, High density
polyethylene; LDPE, Low density polyethylene; PE, Polyethylene; PET, Poly(ethylene
terephthalate); PP, Polypropylene; PS, Polystyrene; PVC, Poly(vinyl chloride); SEM,
Scanning electron microscopy.
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the need for a standardization of MP analysis improvement of
quality assurance.

The most produced types of plastic worldwide are used for
packaging and they are polyethylene (PE) - mainly in its low-
density form (LDPE; bin bags, plastic wraps, shopping bags) and
high-density form (HDPE; shopping bags, bottle caps, detergent
bottles), polypropylene (PP; yoghurt packaging, straws, semi-rigid
containers), polystyrene (PS; foamed food containers, plastic
cutlery), polyvinyl chloride (PVC, toys, pipes) and polyethylene
terephthalate (PET; bottles, food trays). The essential compounds of
plastics are chains of monomers, mostly deriving from non-
renewable fossil fuel, which are molecules capable of combining
to form a polymer (UNEP, 2016). To alter the physico-chemical
properties of the polymers (such as flame resistance, colour, plas-
ticity/viscosity and lubricity) other chemicals (e. g. bisphenol A,
phthalate, fatty acids) can be added to the polymer itself (Hammer
et al., 2012). Some of the chemical additives, as well as some
monomers used for the synthesis of polymers, are classified as
hazardous to human health and the environment. In fact, when
released through use and degradation of plastic products, they can
be mutagenic and/or carcinogenic, or act as endocrine disruptors
(Lithner et al., 2011). However, very little information is available on
the toxic potential of MPs and their additives, which strongly de-
pends on size and shape of the plastic particles and dose of the
released chemical additives (Waring et al., 2018).

Considering the potential harmful effects of MPs, there is a
significant need to better understand possible sources of MP intake
to assess quantities and risks related to their properties. Indeed,
reports focusing on MPs in bottled mineral water are very scarce,
and the reported works have explored solely the presence of MPs in
the bottled water. Here, we considered also the release of MP
particles (wear particles and fragments from breakage) of single-
use water bottles upon exposure to mechanical stress, utilizing
scanning electron microscopy (SEM) in conjunction with energy-
dispersive X-ray spectroscopy (EDS). While EDS provided spectra
revealing the elemental compositions of particles, SEM images
were used to quantify detected particles and to morphologically
examine all the bottle components. Furthermore, we implemented
an additive analysis on HDPE caps of the three brands by gas
chromatography/mass spectrometry to determine the lubricant
substances and their corresponding concentrations. The final goal
of the present studywas to better evaluate single-use plastic bottles
as one of proven sources of MP intake by humans, especially
considering the effects of daily use on these bottles such as the
abrasion of the plastic material. For that, we (1) analysed MP
release of PET bottlenecks and HDPE caps on their surfaces after a
series of bottle openings/closings, (2) performed a morphological
analysis of the PET bottle inner wall surface after a squeezing/
crushing treatment, and (3) subsequently counted particle increase
and identified MPs in the PET bottled water.

2. Material and methods

2.1. Sample material and preparation

For the analysis of particle release from bottle material upon
exposure tomechanical stress, three differentmineral water bottles
(0.5 L) were chosen based on the bottle texture (plastic thickness
and, hence, bottle weight). Generally, sparkling and not-sparkling
water are associated with heavier and lighter bottles respectively,
with thickness/weight differences among brands. We selected
three brands representative for light, medium and heavy bottles, to
test their reaction tomechanical stress. Mineral water bottles of the
selected brands were purchased in Italian supermarkets, in a set of
6 in order to have replicates within the same lot of bottles. All

samples were single-use bottles made of PET with screw caps made
of HDPE. The water types and bottle net-weights (without cap and
label) were: natural water in 9.61 g bottles (Brand 1), sparkling
water in 12.03 g bottles (Brand 2), and sparkling water in 16.03 g
bottles (Brand 3). Cap weights of respective brands were: 1.15 g,
1.27 g and 1.78 g for Brand 1, 2, 3, respectively. By including
different bottle and cap net-weights, the effect of flexibility of PET
and HDPE material could be taken into consideration. A complete
scheme of the experimental plan, which includes bottleneck and
cap analyses (section 2.1.1), bottle water and bottle-inner-wall-
surface analyses (section 2.1.2) is shown in Fig. 1. Images of the
bottles of the three brands after mechanical stress are presented in
Supporting Information S1.

2.1.1. Bottlenecks and caps
MP particle release from bottleneck and cap material from the

three brands was studied after an opening and closing procedure.
Three treatments were implemented; for the first one, bottles were
opened only once in order to analyse bottleneck and cap from the
inside, for the second treatment bottles were opened/closed 10
times and, for the third one, 100 times (with 1-min pause every 20
times). The treatments were applied on a second set of bottles from
each brand to obtain a true replicate for each treatment and bottle
brand, while the same treatment on bottles of different brands
represented pseudo-replicates for the applied treatment. Particular
emphasis was laid on using the same pressure (same operators)
and pressure point when turning the caps. This section (marked
before procedure) was then analysed by SEM for all brands and
treatments in order to have consistent analyses among samples.
Bottlenecks and caps were removed closed from the bottle by a
scalpel and stored until analysis in order to avoid post-treatment
contaminations. Precautions to avoid post-treatment contamina-
tions are described later, because they were taken also for the
analysis of the inner surface of the plastic bottle and for water
filtrates.

2.1.2. Bottle water and bottle inner wall surface
To identify a potential MP release from bottle inner wall surface

upon mechanical stress, bottles of the three brands were treated
the following; no treatment at all, 1min and 10min of rolling the
bottles on a smooth surface under a vessel having a weight of
5 kg at the speed of one complete bottle round per second. This
treatment was performed to mimic the squeezing/crushing effects
that plastic bottles are subjected to during handling and use,
particularly when re-using the bottles. In order to carry out the
treatment, it was necessary to beforehand remove 250mL water
from the initial volume of each bottle. Therefore, the sample vol-
ume in each bottle was 250mL.

Each water sample was filtered via vacuum using an in-house
manufactured glass filtration apparatus that allows filtering up to
four samples simultaneously (three samples and a blank) but can
individually regulate the vacuum (Supporting Information S2).
Samples were filtered in blocks of samples of the same brand. For
that, sample water was poured into the respective reservoir flasks
and covered with aluminium foil. To prevent filtering air, vacuum
was turned off subsequent to water addition. The filters (specified
below) were carefully removed and attached onto standard SEM
stubs immediately after filtration. Then, they were placed within a
glass container and dried for 48 h in a glass desiccator.

In order to identify a potential MP source from the bottle inner
wall, a piece of bottle wall was taken from the same area of each
bottle after the water filtration (Supporting Information S1). The
plastic piece was cut out of the bottle with a scalpel, avoiding
abrasions, and the inner surface mounted on standard aluminium
stubs and kept within a glass container until SEM analysis. Bottle
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water and bottle-inner-wall-surface analyses were repeated twice
for three bottles. However, in the second replicate of the filtered
bottle water, we decided to change the filters in order to obtain a
better ratio between the SEM analysed area and the filtered one.
The analysed area could not be increased, unless loosingminimum-
size detection; therefore, lowering the filtering area was the only
feasible solution for raising the analysed/filtered area ratio (details
are reported in section 2.4).

2.2. Blanks and positive control

To assess sample contamination during the procedure in the lab
(particle deposit), we included procedural air blank samples using
the same filter used for water analyses. Air blank samples under-
went the same procedure as the water sample (experimental set
up, filtration, transport, storage, preparation for analysis, analysis
itself).

Furthermore, three positive control samples of standard MP in
250mL Milli-Q filtered water served as a functionality control for
the full-applied methodology. For this purpose, a MP solution was
prepared by suspending 6.23 mL of a standard polystyrene solution
(50 g/L, dark blue, calibrated particle size: 2.91 mm, density: 1.51 g/
cm3, Sigma-Adlrich Chemie GmbH, Steinheim, Germany) in 1 L ul-
trapure Milli-Q water (filtered three times through glass fibre
membrane, pore size: 0.7 mm), resulting in a concentration of
~16,000,000 particles/L (p/L). Dilution by 1:10 and 1:100 provided
the following concentrations: ~1,600,000 p/L and ~160,000 p/L.
Subsequently, 250mL of each MP solution (containing ~4,000,000,
~400,000 and ~40,000 particles) were filtered as described in sec-
tion 2.1.2 on silver membrane filters and quantitatively analysed by

SEM (Supporting Information S3). MP bead numbers were counted
in 10 randomly selected fields, and the mean counted numbers for
the three dilutions were extrapolated to the total filtered particles,
based on the analysed/filtered area ratio. The filtration process was
considered as applicable when counted and extrapolated concen-
tration of MP beads matched the expected MP concentration of the
control sample. For the first control solution, a mean of 52.2± 4.9
standard deviation (SD) MP beads were counted, corresponding to a
total extrapolated number of 3,866,000± 362,900 (4,000,000 ex-
pected). In the second control, a mean of 90.5± 15.6 (SD) MP beads
were counted, corresponding to an extrapolated number of
606,000± 104,500 (400,000 expected), and the third control
showed a mean of 8.7± 3.5 (SD) MP beads, corresponding to an
extrapolated number of 58,300± 23,500 (40,000 expected). The
analysis of SEM images of the positive control samples revealed
acceptable matches of expected and actually counted MP beads in
the three control solutions, even if precision and accuracy decreased
when lowering the concentration.

It is worthmentioning that applied glass fibre filters, which were
used to prepare Milli-Q water for the control solution, released glass
fibres into our stock solution. Hence, the stock solution contained
glass fibres which were filtered amongst the MP beads (Supporting
Information S3), highlighting the problemof a safe use of such filters
and of particles released by the filters in general.

2.3. Precautions to reduce contamination and loss of sample
material

To minimise background contamination during the analysis,
samples were placed in closed glass containers whenever

Fig. 1. Experimental draw of all processes performed in this study including sample preparation, sample processing and analysis.
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transported or stored. Preparation of the water samples was per-
formed in a laminar flow box, which was previously cleaned with
ethanol. All glassware (such as the filtration apparatus) was first
cleaned and then rinsed with deionized water. Executive persons
wore cotton lab coats and washed their hands regularly.

2.4. SEM imaging and EDS analyses

The combination of SEM and EDS provides high resolution im-
aging of material surface structures as well as elemental compo-
sition signatures in order to confirm the nature of particles. After
samples were attached onto standard SEM stubs and coated with a
thin film of evaporated gold, they were placed in a Zeiss LEO 1430
SEM coupled with an Oxford detector for EDS analysis.

For the morphological analysis of the inner surface of bottle
material samples (bottleneck, cap and bottle inner wall), SEM im-
ages were taken from different areas of a sample with varying
magnifications (15-1000 X). The areas were chosen consistently
(applying a consistent pattern) within a sample kind. Operating
conditions were: accelerating voltage 10e20 kV, probe current
80 mA, and working distance varying from 10.0 to 15.0mm. SEM
images of caps (from bottles opened/closed 100 x) were further
processed to count particles on the sample material. For that, par-
ticles within a vertical line of the sample (from the top to the
bottom edge of the inner cap surface, magnification 750 X,
consistent over all samples) were counted and their area measured
automatically with the image process program ImageJ (Supporting
Information S4). To account for irregularities of the detected par-
ticles, reported sizes refer to the diameter of a spherical particle of
the same area as the detected, irregular particle. To give indications
about MP particle densities on caps, counted particle numbers in
analysed areas were reported as MP particles/mm2 (MPs/mm2)
inner surface of cap.

Subsequently, HDPE cap material from bottles that were opened
and closed 100 times was inspected for elemental analysis with
EDS. For that, individual candidate microplastic particles on bottle
cap samples were analysed using the Oxford Instruments INCA ver.
4.04 software (Abingdon, UK). The smallest particle size analysed
was 3 mm. Preoperational EDS tests on pure HDPE cap and PET
bottle material resulted in an elemental composition of 100% car-
bon for HDPE with trace of gold (1%) deriving from the coating
procedure and for PET in an elemental composition ratio of
C:O¼ 73:27 (always with a gold trace), with 5% variability for each
element and no significant differences between the three brands.
The measured elemental composition corresponds to the compo-
sition stoichiometry of C:O ratio in PET ((C10H8O4)n) and PE
((C2H4)n), giving that hydrogen doesn't give a detectable peak in the
EDS spectrum. A particle found on bottle cap sample was identified
as PET or HDPE when EDS spectra revealed the same elemental
composition and when measured peaks matched those of spectra
from the preoperational test.

Filtered particles from bottle water were analysed for elemental
composition by EDS. All elemental signatures were documented.
Particles on filters were identified as PET when measured peaks
matched those from spectra in the preoperational tests and when
analysed C:O ratio lied within the variability range of preopera-
tional measured elemental composition. An elemental composition
of 100% carbon indicated polymeric origin, such as PE (HDPE or
LDPE), PP or PS, but could not be further specified since these
polymers consist of no other elements besides carbon and
hydrogen to distinguish them from each other. SEM images of
analysed areas were taken and area and shape of all detected par-
ticles were measured with the image process program ImageJ
(Schneider et al., 2012). Again, to account for irregularities of the
detected particles, reported sizes refer to the diameter of a

spherical particle of the same area as the one detected. As reported
in section 2.1.2, in order to obtain a better ratio between the SEM
analysed area and the filtered one, the second set of water samples
was filtered on different filters. The first replicate's filter consisted
of a mixed cellulose ester membrane (0.45 mm pore size, 25mm
diameter, filtration area 176.6mm2) and had an analysed area/filter
area ratio of 0.67% (resulting from 50 analysed vertically fields and
50 fields horizontally, magnification: 1000 X, total analysed area
0.012mm2), while the second replicate's filters was a silver mem-
brane filter (0.8 mm pore size, 13mm diameter, filtration area
19.6mm2) with an analysed area/filter area ratio of 5.54% (20 fields
vertically, 20 fields horizontally, magnification: 500 X, total ana-
lysed area 0.027mm2. Procedural blanks were analysed the same
way.

2.5. Chemical analyses of lubricants

Lubricant analyses were performed by solvent extraction and
Gas-Chromatography detection (GC), according to Garrido-L!opez
et al. (2006). Briefly, one cap of each brand was sectioned by steel
scissors in small pieces nearly of the same size of a HDPE sample
used as positive control, consisting of small HPDE pellets containing
10% of behenamide. Samples were extracted with 2-propanol
(Sigma Aldrich, Schnelldorf, Germany) in a soxhlet apparatus
(FALC Instruments, Lurano, Italy). Samples were then concentrated
by a Rotary Evaporator (Laborota 4000, Heidolph Instruments,
Schwabach, Germany) until dryness and dissolved in 2mL of the
same solvent under 20min of sonication. For the lubricant identi-
fication and quantification in caps, the GC and Mass Spectrometer
Trace ISQ QD Single Quadrupole GC-MS (Thermo Fisher) was used.
An aliquot of 1 mL was injected in Splitless Mode in a Zebron-5MS
plus capillary column (60m; 0.32mm; 1 mm). Oven program star-
ted at 200 "C for 0min, then 10 "C/min to 280 "C for 0, finally 10 "C/
min to 340 "C for 30min. Run timewas 44min. Heliumwas used as
carrier gas at the flow rate at 1.2mL/min. Inlet temperature, MS
transfer line and the ion sourcewas 300 "C. Ionizationwas obtained
by electron impact at 70 eV and acquisition mode operated by full
scan for selecting ions of interest and by SIM mode for quantifica-
tion. The qualifier ions having m/z of 59, 72, 128, and 339 and those
having m/z values of 59, 72, 126, and 337 were selected for behe-
namide and erucamide quantification. Behenamide and erucamide
analytical standards were purchased by Sigma Aldrich (Schnelldorf,
Germany) and dissolved in 2-propanol.

Analyses were performed by external calibration curves using
peak area as independent variable; correction for recovery was
applied. Each sample was injected twice, and the mean value was
considered for quantification. Quality assurance (QA) and quality
control (QC) were performed by procedural blanks, replicates an-
alyses and recovery tests. No peaks were detected in blank and the
positive control sample gives a recovery of 72%.

2.6. Statistical analyses

Statistically analysis was implemented on the particle concen-
tration in bottled mineral water (particles per 250mL sample vol-
ume) identified by SEM using the RStudio statistical software. Two-
way ANOVA with p< 0.05 was applied to test for possible effects of
treatment (mechanical stress) and bottle weight (brand). Dunnett's
test with p< 0.05 was applied to test for differences between blanks
and bottle water samples. Further statistical analysis was performed
on particle dimensions of filtered bottle water and air blanks using
the SPSS statistical software. Mann-Whitney test with p< 0.05 was
applied to test for differences between particle sizes in water and
blanks. Kruskal-Wallis tests with p< 0.05 were used to test for dif-
ferences between particle sizes among treatments and brands.
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3. Results

3.1. Microplastic on caps and bottlenecks

The opening/closing treatment showed a strong effect on cap
material (Fig. 2). On caps opened just once (in order to perform the
analysis), we observed no evident signs of deformation and no
evident particle release. We detected only few single flakes of
polymer half detached at the edge of the closing sectors. Since caps
showed no signs of abrasions, it seemed very likely that these de-
formations derived from the production processes (injection
molding). On caps opened/closed 10 times, loose particles were still
not abundant, but we noted an increase in the effects of mechanical
stress on cap structures. Interestingly, caps from Brand 2 bottles
showed the worst condition with deep signs of abrasion and
abundant material detached from the cap structure. Samples of
bottle caps deriving from bottles opened/closed 100 times showed
impressive signs of mechanical stress such as abrasions and deep
grooves (Fig. 2). At higher magnification, the effects detected on
caps after mechanical stress were even worse increasing the
magnitude of damages and the number of released particles in the
low dimensional range (Fig. 3). In detail we observed tears and
widespread abrasions (Fig. 3A and B), torn up particles (Fig. 3C) and
numerous detached particles even on bottleneck rings (Fig. 3D).

Among the three brands, caps of Brand 2 showed theworst state
in both abrasion and detached particles. In order to confirm these
results, caps and bottlenecks were prepared again on new bottles,
and similar results were obtained. To quantify the effect of particle
release from the three caps, all particles, along a vertical line from
the cap edge to the cap bottom of the bottles opened/closed 100
times, were counted and measured.

Results of the particle density analysis of these cap samples
confirmed major differences between brands, revealing caps from
Brand 2 to release exceedingly more MPs than Brand 1 and 3
(Fig. 4A).

Extrapolating the HDPE particle density to the entire inner cap
surface, we obtained a total particle number of 63,400, 1,225,500
and 333,800 for caps of Brand 1, 2 and 3, respectively. Of all three
brands, detached MPs varied in size ranging from 0.54 to 39.9 mm.
The majority of these MPs fell into the size category of 1 - <5 mm
(64%), then in the size range of 0.5 -<1 (25%) mm, and finally those in
the range 5 - <40 mm (11%). Hence, nearly 90% of released particles
were <5 mm. However, caps from Brand 2 and 3 released relatively
more smaller particles (0.5 - <1 mm) than from Brand 1 (Fig. 4B),
though a correlation with cap weight could not be identified.

Fig. 5 shows the extent of mechanical stress to bottleneck
samples. In bottles opened/closed 1 and 10 times, bottlenecks of the
three brands did not show any evident sign of abrasion, and only
after 100 times, signs of mechanical damage were observed. This
goes in line with the known differences in the material hardness,
with PET generally being harder than HDPE (average hardness of
HDPE is 65 Shore D, whereas for PET is 85 Shore D according to
(ASTM, 2015)). No free particles have been observed on the necks of
1-time-opened bottles, and very few have been found on those
opened/closed 10 times. The picture changed in the samples from
bottles opened/closed 100 times, showingmany particles spread on
their neck, near the edge of the bottle or attached to the closing
rings (Fig. 5).

Since PET and HDPE displayed different EDS spectra, particles of
these two materials could be easily distinguished from each other.
On HDPE cap samples we randomly selected 10 particles per brand;
9 out of 10 (two brands) and 10 out of 10 (the third) analysed

Fig. 2. SEM images of HDPE caps from the three considered brands after exposure to mechanical stress.
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particles consisted of 100% carbon, which is consistent with HDPE.
This result clearly indicated that nearly all of them came from their
respective caps and not from bottleneck which is made of PET
(carbon and oxygen peaks in the spectra). The two not identified
particles showed EDS spectra characterized mainly by carbon but
having only traces of oxygen not enough to be consistent with PET
composition. The obtained results go in line with the different
hardness of PETand HDPE and indicated the cap as theweakest link
of the system. An exemplary HDPE particle with its respective
spectrum is shown in Fig. 6.

Results from GC/MS analyses showed that caps from Brand 1
bottles did not present peaks corresponding to the analysed lu-
bricants, while caps from Brand 2 and Brand 3 bottles contained
1.0% and 0.08% of behenamide, respectively. Caps with the highest
release of particles (Brand 2) contained the highest lubricant con-
tent (1% behenamide).

3.2. Microplastic on PET inner surface

Looking for a possible MP release from the bottle inner wall
surface due to mechanical stress, bottle samples of the three brands
were analysed by SEM. Morphological analyses of their respective
inner walls revealed PET to be resistant towards the treatment
procedure, without showing severe effects of mechanical damage.
PET resulted as a polymerwith a very ductile behavior: samples from
no-treated-bottles and frombottles squeezed for 1min did not show
any differences inmaterialmorphology, and also bottles subjected to
10min treatment showed no evidence of breaks or abrasions, some
deformation lines excluded (Fig. 7). At our experimental conditions
and at RT (21e22 "C) the viscoelastic nature of PET is not questioned
and no release of wear particles was observed in the samples,
independently from both the brand and treatment time.

3.3. Microplastic in bottled water

The comparison of particle numbers in water samples exposed

to the three treatments on silver filters was compatible to the re-
sults obtained on cellulose filters. Against our assumptions, brands
and treatments had no significant influence on particle concen-
tration in water (two-way ANOVA: F2,4¼ 4.29, p¼ 0.10 and
F2,4¼ 6.10, p¼ 0.06, respectively). The mean total particle number
inwater samples on silver filters was 980± 320 Standard Error (SE)
per L. No significant differences existed between the total number
of particles in blank and bottle water samples of the three treat-
ments (Dunnett, p¼ 0.23, p¼ 0.26 and p¼ 0.91 for 0, 1 and 10min,
respectively). However, the particle size distribution between
blanks and bottle water samples differed significantly (Mann-
Whitney, p< 0.001) (Fig. 8A). In fact, the majority (almost 90%) of
particles in procedural blanks were of small size (<5 mm), while in
water samples about half of the particles were bigger (>5 mm)
(Supporting Information S5). Examples of particles with different
shapes found in our samples can be seen in Supporting Information
S6. Comparison of particle sizes between the three treatment and
the three brands showed no significant differences (Kruskal-Wallis,
c2¼1.2; d.f.¼ 2; p¼ 0.28 and c2¼ 2.5; d.f.¼ 2; p¼ 0.28, respec-
tively). These results confirmed the analyses on the total number of
particles and on those #3 mm (Fig. 8B), which were those analysed
for the elemental composition to discriminate MPs from other
materials (two-way ANOVA: F2,4¼ 5.19, p¼ 0.08 and F2,4¼ 3.70,
p¼ 0.12, for brands and treatments, respectively). The identifica-
tion by elemental analysis of the number of MPs is more interesting
than the total number of particles, even though the instrumental
limit allowed us to consider only particle #3 mm.

Elemental analyses performed on 58 particles on cellulose filters
revealed that only two particles (3.4%) had a C:O ratio corre-
sponding to that of PET, 17 (29%) had a slightly different C:O ratio,
thus could not be confirmed as PET, and the remaining 39 (69%)
showed variable elemental compositions. The two PET particles
derived: one from water of no-treatment bottle from Brand 3
(3.3 mm), and the other from water of the 10min treatment bottle
from Brand 2 (25.4 mm). On silver filters, out of 50 analysed parti-
cles, one particle showed an elemental composition of 100% carbon,

Fig. 3. SEM images showing the effects of repeated opening/closing treatments (100 x) on cap (AeC) and bottleneck(D).
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consistent with the HPDE of the cap (Fig. 9A) and three with a C:O
ratio corresponding to that of PET (Fig. 9B) reaching 8% of MPs on
total particles. Among the other, 12 (24%) had a slightly different
C:O ratio, and 34 (68%) showed a variable composition mainly with

Si, Ca and Fe (Fig. 9C). Interestingly, the morphological features of
the particle with 100% C (Fig. 9A) were very similar to those derived
from cap abrasion (for comparison see Figs. 3CeD and 6). The
particle consistent to HDPE (28 mm), and the three corresponding to

Fig. 4. (A) MP particle density on inner surface of HDPE caps (opened/closed 100 x) for the three water bottle brands. (B) Comparison of size distribution of MP particles between
different brands.
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Fig. 5. SEM images of PET bottlenecks from bottle of the three considered brands after exposure to mechanical stress.

Fig. 6. (A þ B) SEM images of HDPE fragments detached from cap after exposure to mechanical stress (100 x opened/closed). (C) EDS spectrum of particle B confirming HDPE
material (after removal of the element Au, which derives from the gold cover). (For interpretation of the references to colour in this figure legend, the reader is referred to the Web
version of this article.)
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PETcomposition (ranged between 22.0 and 23.2 mm)were detected
in water of 10min treatment bottle from Brand 3. No PET or poly-
mer particle with 100% carbon in their spectra were detected in
procedural blanks. Considering all the analysed water samples and
particles identified as MPs, we can calculate a mean MP concen-
tration of 148± 253 (SD) MP/L.

4. Discussion

4.1. Cap-bottleneck friction: a source of microplastics

Results from our analyses showed that particle release increased
with extended mechanical stress on HDPE caps and PET bottle-
necks. This was more the case for Brand 2 than for Brand 1 and 3,
with caps from Brand 1 being least sensible to abrasion. This was

confirmed by the quantitative analysis of particle density on caps
opened/closed 100 times, revealing Brand 2 to release the most
particles (and Brand 1 the least). Obviously, our data about HPDE
particles on caps are extrapolations and they intended to show the
potential amounts of MPs released by a single cap from a plastic
bottle, as a consequence of mechanical stress. HDPE, being softer
than PET, is the crucial component of plastic bottles. Differently
from the existing studies on MP concentration in bottled water by
Mason et al. (2018), Ossmann et al. (2018), Schymanski et al. (2018)
and Zuccarello et al. (2019), our results were not obtained from
water samples; they represent direct exposure source during
drinking straight from the bottle.

The industrial approach to contain MP production is the use of
lubricant incorporated as slip additive to the polymer surface to
reduce friction of the material and therefore the torque on the cap

Fig. 7. SEM images of bottle inner wall samples. A: 0min treatment (control); B: sample subjected to mechanical stress for 10min with some deformation lines (arrows).

Fig. 8. (A) Size distribution of filtered particles of blank and water samples after treatment of bottles (squeezing/crushing), and of the different brands. (B) Mean number± SD of
particles per L in procedural blanks and water after 0, 1, and 10min treatment.
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(Dulal et al., 2017). Amongst the common lubricants applied on
HDPE caps, and listed as indirect additive for food contact sub-
stances (FDA, 2018), are oleamide, behenamide and erucamide
(long chain primary alkylamides), the latter being the most
commonly used. Lubricants show a different crystal structure and
rheology and therefore differ in their effectivity (Ramírez et al.,
2002). Further influence on their performance have the surface
amounts, distribution and storage condition, such as temperature
(Dulal et al., 2017; Pan et al., 2017). According to the European
Union Commission Regulation No 10/2011 on plastic materials and
articles intended to come into contact with food, the named ad-
ditives have no specific migration limit (SML), which means they
have a generic migration limit of 60mg/kg of food. Particular caps
with these additives shall not transfer their constituents to food
simulants in quantities exceeding 10mg of total constituents
released per dm2 of food contact surface (mg/dm2) (EC, 2011a).

Regarding toxicity, the potential risk of erucamide to human health
is considered to be low (ECCC HC, 2018). No hazards were identified
for behenamide (ECHA, 2019). However, studies investigating the
health effects of oleamide are limited and read-across from eru-
camide are applied to fill the data gaps addressing the human
health increasing the uncertainty for risk assessment to human
health (ECCC HC, 2018). Since the information about the use of
lubricant is not required by law, we performed additional GC/MS
analyses on caps from the three brands trying to correlate the
observed damages and particle release to a specific compound or
dose. Our chemical analyses revealed very different lubricant con-
tents in the three caps: they weren't detected in caps from Brand 1,
while caps from Brand 2 and 3 contained 1.0% and 0.08% of behe-
namide, respectively. By these results, the extent of MP release was
not related to the lubricant content, on the contrary the Brand with
the higher release of MP showed the highest lubricant content

Fig. 9. SEM images and respective EDS spectra with elemental quantitative data of analysed particles from filtered water showing the particle diversity. (A) MP particle on silver
filter with specific elemental composition of C¼ 100% indicating polymeric origin, such as HDPE. (B) MP particle on silver filter with specific elemental composition and C: O ratio
corresponding to PET. (C) Exemplary non-polymeric particles on silver filter. Gold (Au) and Silver (Ag) were removed from the output listing as they derived from the gold-coating
and the silver background of the filter. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this article.)
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(Brand 2), while the Brand with the lowest release of MP did not
present any lubricant (Brand 1), suggesting that other features than
lubricant content should explain the extent of MP release.

The great difference existing in cap abrasion among the different
brands with Brand 2 releasing more than 10 times higher than
Brand 1, could be explained by the structural features of the cap-
bottleneck system. The cap-neck friction and the subsequent
release of MPs from Brand 2 could have been caused by the
sequence of sectors of its bottleneck, visible in Fig. 5 (rather than a
continuous ring as in Brand 1 and 3). This structural difference in
bottleneck design is clearly an important element and could
explain our results: the bottleneck structure divided by sectors as
the one of Brand 2 can be the main reason of increased MP particle
release in our samples.

It must be considered that our results derive from a series of 100
times opening/closing, which is normally hard to obtain with a
500mL plastic bottle. Nonetheless, such a result can be achieved by
the systematic reuse of the same bottle throughout a week, or even
for longer period. The repeated refilling of the same PET bottle and
mainly the reuse of its HDPE cap is certainly more sustainable, but
indeed generates a greater number of MP particles, which leads to a
higher MP exposure in the plastic bottle-users with potentially
risks to human health. Welle and Franz (2018), who published a
literature review on the existing studies on MPs in bottled mineral
water, evaluated the risk for humans based on reported MP content
and total mass transfer of small molecules like additives and olig-
omers, concluding that exposure estimations would not raise a
safety concern for consumers. By our results, if plastic bottles are to
be re-used, we recommend rinsing the bottleneck as well as the cap
of the bottles to prevent accumulation of MPs on their surface.

Results from our analyses showed that most of the MP particles
produced by repeated opening and closing series derived from the
cap (HDPE) and stayed below 5 mm in size (about 80, 98 and 89% for
Brand 1, 2 and 3, respectively; Fig. 4B), and that for Brand 2 and 3
bottles, about one third of the whole particles were below 1 mm
(size class¼ 0.5e0.99 mm) confirming the very small nature of
these MPs. Analogous to nonplastic nanomaterials, it is very likely
that also for MPs size may play a pivotal role in their toxicity, with
the smallest particles being the most dangerous. This has already
been reported in mammals (Kubo et al., 1999). Literature about
potential toxicity of MPs is constantly increasing in number, but
data on the effects of MPs on living organisms are sometimes
contradictory. In fact, while many studies have demonstrated that
MP ingestion is able to induce sub-lethal adverse effects on
different animals (Alomar et al., 2017; Blarer and Burkhardt-Holm,
2016; Lu et al., 2016), other studies have reported light or null ef-
fects (Imhof et al., 2017; Kaposi et al., 2014; Weber et al., 2018).
Unfortunately, no information on the effects of ingested MPs in
humans is available so far. Even though in human the intestinal
absorption ofMPs appears to be limited, the epithelium of the gut is
not impenetrable to nanoplastics (NPs). Indeed, in vivo human data
on NPs are not available and only PS has been used as model par-
ticle in mammalian in vivo and in vitro studies (Lusher et al., 2017).
We were not able to detect NPs, which are smaller than 100 nm by
definition (EC, 2011b), however, their possible toxicity, despite their
relative low mass, is worth of further and more detailed studies. A
very recent review (Eerkes-Medrano et al., 2019) underlined this
issue, additionally reporting that bottled water had the highest
number of MPs with respect to tap water, but with a considerably
lower mass, due to their small size. Since all plastics contain reac-
tive oxygen species (ROS), due to their polymerization and pro-
cessing history (Wright and Kelly, 2017), MPs ingested via drinking
water can produce oxidative stress, which may lead to chronic
inflammation and tissue damage. Even by minimizing the possible
MP uptake with the simplest one-time use of PET bottled water

(one opening only), which did not produce an evident release of
MPs in the cap-bottleneck area, the re-use of PET bottles and
especially the repeated cap-bottleneck frictions can produce
impressive MP numbers (up to millions of particles) and conse-
quently a higher exposure risk.

4.2. Effects of mechanical stress on PET bottles

Results from our analyses of filtered water after 0, 1, and 10min
squeezing bottle test showed no significant differences among the
samples neither considering the total particle number, nor the
particles #3 mm. Accordingly, the EDS analysis confirmed only few
particles to be of plastic origin and looking at the inner wall sur-
faces of the PET bottles subjected to continued crushing/squeezing
test, no ultrastructural differences were observed by SEM even after
10min of treatment, some minor deformation lines excluded
(Fig. 7). The mechanical stress tested in this paper wanted to mime
a normal bottle use; considering that such a stress can derive
during drinking, carrying and by handling bottles especially when
they are half empty, even 10min treatment does not seem
unrealistic.

The experimental set up was designed to primarily determine
possible MP, i.e. particles from both PET bottle and PE cap, increase
in water due to the treatments. Although MP identification via EDS
is solely based on the elemental composition and C:O ratio, the risk
of misinterpretation for PET particles is low due to the very clear
C:O ratio and strong oxygen peak. On the contrary, particles on
filters identified as HDPE could potentially derive from other
polymers containing only carbon (and hydrogen), such as PP or PS.
Anyway, SEM imaging is a powerful tool for material inspection:
the analysis of the inner bottle surface, the morphological study of
the bottle neck design and cap opening system, greatly help in
identifying new MP generation and detachment sites, mainly in a
study that aims at finding potential sources of MPs after the
application of strong mechanical stress. Thus, SEM/EDS results
were suitable for our purposes, even though limiting when poly-
mers with no distinct element peaks, such as oxygen in PET and
chlorine in PVC, need to be identified (Wang et al., 2017).

The presence of MPs in water from single-use PET bottled was
already considered. Data from the few published papers reported
inconsistent results, mainly due the use of non-standardized pro-
cedures in preparing and analysing the samples. Wiesheu et al.
(2016) considering a bottled mineral water and using m-Raman
spectroscopy did not reported significant differences between the
sample and the controls, both showing a high number offibres in the
size range between 1 and 5 mm. Schymanski et al. (2018) found
14± 14 MPs/L (#5 mm) applying m-Raman spectroscopy, while
Ossmann et al. (2018), by the same methodology, identified
2649± 2857 MPs/L (#1 mm), with more than 98% being% 5 mm.
Mason et al. (2018), applying the Nile Red tagging methodology,
party combined with FTIR spectroscopy, reported that 93% of all
tested single-use PET bottles showed signs of MP contamination
with an average of 325 MPs/L (#6.5 mm). More recently, Zuccarello
et al. (2019) by SEM-EDS methodology found
5.42Eþ07 ± 1.95Eþ07 MPs/L bottled water (0.5e10 mm). Unfortu-
nately, this paper does not describe the details for theMPs extraction
and analytical method, referring to a patent for industrial invention
registered to the ItalianMinistry of Economic Development,which is
not of public domain.Moreover, the reported concentrations refer to
the general particle content and could not distinguish between
plastic polymer, dust or other components. That might explain the
exceedingly high number of detected “MPs”. Apart from this, they
further found a correlation of water particle content and bottle
plastic thickness (hard plastics cause the release of bigger fragments
but in minor number), which could not be confirmed by our study.
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According to a recent comment on the study by Zuccarello et al.
(2019) published by Ossmann et al. (2019), the results of the study
are more than questionable. The authors not only criticize the lack
of information about the methodology, but also highlight the need
for good quality research in order to deliver reliable data for an
adequate assessment. Therefore, we excluded the very high values
by Zuccarello et al. (2019) from our analysis. In general, a com-
parison of MP content in bottled mineral water with results from
the available studies is difficult due to the different experimental
setup and targeted plastic polymers. Our results (148± 253 (SD)
MPs/L) compared to those by the other studies for single-use PET
bottles, Zuccarello's excluded, are summarized in Table 1; values
were directly taken from the respective articles.

Differences in the number of MPs/L among published studies
can be explained by considering the different size limit of detect-
able particle due to the applied technique, which varies within
these studies, as increasing concentration values are correlated to
decreasing particle size limit for polymer identification. Mason
et al. (2018) was limited to a polymer identification of particles
larger than 100 mm, hence the small number compared to our re-
sults. However, also MP concentration by Schymanski et al. (2018)
and Ossmann et al. (2018) differed from ours, despite the particle
size limits for polymer identification differed only slightly to ours. It
gives proof to the findings by Ossmann et al. (2018), who found
increasing number of MPs with decreasing particle size, with 98% of
particles in single-use bottles being smaller than 5 mm.

As Ossmann et al. (2018) already stated, every extrapolation
causes increasing uncertainty. Nevertheless, our results support the
findings by Ossmann et al. (2018) and Schymanski et al. (2018), who
report PET to be the predominant polymer type present in bottled
mineral water. This contradicts the findings by Mason et al. (2018)
who suspect caps to be the main source of pollution, as theymainly
found PE particles in their water. Since the detected PET particles in
the present study did not significantly increase with the treatment,
it is likely that they were due to the wear of the plastic bottles
before purchasing, as before Schymanski et al. (2018) suggested, or
to the filling processes. It must be noted that the highest MP con-
centration was found in both treated and untreated samples, con-
firming that the applied mechanical treatment did not produce an
evident effect on MP particle release. This indicates a reliable
behavior of the plastic polymers used in the bottles selected for our
test and confirms PET as an effective material capable to sustain
repeated squeezing, without gross deteriorations, at least at RT.

Since the concentration in mass of microplastic per volume of
beverage (in mg/L) has become an important parameter value for
risk assessment (Welle and Franz, 2018), we calculated the con-
centration of MP particles from the number of particles and their
sizes. Following Welle and Franz (2018), the calculation is pre-
sented in the Supporting Information (Table S1), and resulting
values are given in Table 1. Data highlight the differences between
the studies regarding particle sizes with Ossmann et al. (2018)
having a much lower mass concentration than Schymanski et al.
(2018), despite the much higher particle number. Our value
(1.71 mg/L), is very near to that of Schymanski et al. (2018) (1.8 mg/L).
Following Welle and Franz (2018) our exposure estimations would
not raise a safety concern for consumers.

5. Conclusions

This study provides more data for exposure estimates to MPs of
plastic bottled mineral water. We found PET bottlenecks and HDPE
caps to present a serious source of MPs, especially following
extended mechanical stress (opening and closing procedure).
Interestingly, high differences in measured MP density on caps
surface existed among brands, likely related to the structural design
of the bottleneck. For Brand 1, 2 and 3 we measured 63,400,
1,225,500 and 333,800 HDPE particles on the inner cap surface,
respectively, revealing Brand 2 to release the most MPs. We
detectedMPs also in drinking water, which, extrapolated to 1L, sum
up to 148± 253 MPs/L. Differently from caps, MP occurrence in
water samples was not significantly related neither to the applied
treatments nor to different bottle types (brand) supporting the
results of total particle counts, which were not significantly higher
after treatment. Therefore, PET material of our tested brands was
resistant towards mechanical stress (squeezing/crushing test). MPs
in filtered water likely derived from contamination of the water
before bottling or due to wear of the bottles before purchase.

SEM/EDS was suitable for our experimental set up as it provided
high-resolution images of the plastic surfaces to reveal abrasion,
quantify particle release and the detection of PET particles in
filtered water. However, this technique reaches its limit when a
differentiation of polymers showing only carbon in their EDS
spectra is desired. The use of positive controls proved the func-
tionality of the applied system, but blanks revealed the sensitivity
of this kind of analysis towards external contamination.

According to these results, though being declared as food-safe,
PET and HDPE used for food packaging exhibit deficiencies such
as the release of MPs due to frequent use. Moreover, the observed
differences in the extent of MP release of bottlenecks/caps between
the bottle brands reveals a variety in the plastic behavior that
should be considered to an optimization of the admission criteria
for food contact substances.

Chances of MP ingestion by humans increase with frequent use
of the same single-use plastic bottle, though only from the
bottleneck-cap system. According to Welle and Franz (2018), MP
content in water of previous studies with lower and higher MP
content compared to our, is not considered a safety concern.
However, there is a lack of information regarding the potential
toxicity of plastic polymers to human health. Research has to be
intensified considering the degradation of plastic material and the
release potential of particles and additives, especially regarding
plastics used for food packaging.
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Table 1
Comparison of the mean number of MPs/L in single-use PET bottles among studies.

This study Schymanski et al. (2018) Ossmann et al. (2018) Mason et al. (2018)

Particle size detection (limit) #3 mm #5 mm #1.5 mm #6.5e100 mm #100 mm
Analytical method (SEM/EDS) (m-Raman) (m-Raman) Nile Red tagging (FTIR)
Total MPs (Mean ± SD) 148± 253 14± 14 2649± 2857 325 10.4
MP mass concentration 1.71 mg/L 1.8 mg/L 0.1 mg/L e e
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Supporting Information 

“Does mechanical stress cause microplastic release from plastic water bottles?” 

 

Graphics: Figure S1 – S6 

 

 

Figure S1. (A - C) Sampled PET single-use water bottles from three different brands (A: Brand 1 with 
9.59 g, B: Brand 2 with 12.03 g, C: Brand 3 with 16.01 g) after the squeezing treatment (from left to 
right: no treatment, 1 min, 10 min) and after filtering the water. (D) One out of all nine removed parts 
of bottle inner wall mounted onto standard SEM mount and coated with a thin film of evaporated gold. 
The samples were morphologically analysed for effects of mechanical stress. 
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Figure S2. In-house manufactured glass filtration apparatus allowing to filter up to four samples 
simultaneously and valves to individually regulate vacuum. The setup consists of the following 
components; four open reservoir flasks that are mounted on top of four extension of a filtering head 
placed on top of a conical flask, which collects the sample liquids. Each of the four extensions has a 
porous plate on which the filter is seated and a closing valve below to individually regulate the vacuum. 
The tube of the vacuum pump is attached to an extended glass tube at the lower part of the filtering 
head. Metal clamps hold the reservoir flask and filtering head together and can be detached in order to 
remove the filter membranes. 
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Figure S3. SEM images of control samples (polystyrene beads, 2.91 μm in size) on silver membrane 
filters (0.8 μm pore size). (A) First control sample: ~ 4,000,000 particles per 250 ml (magnification 
5000), (B) second control sample: ~ 400,000 p/250 ml (magnification 1500), (C) third control sample: 
~ 40,000 p/250 ml (magnification 1500). 

 
  



 

39 
 

 

Figure S4. SEM images of MP particles on inner surface of cups (opened/closed 100 x) (A) recognized 
automatically by imaging software ImageJ (B) to calculate the area of detected particle (C).  
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Figure S5. SEM images of selected irregular particles filtered from bottled mineral water on silver 
membrane filters showing the particle shape diversity. 

  



 

41 
 

 

Figure S6. Percentage of particle size distribution of air blank and water samples after treatment of 
bottles (squeezing/crushing). 
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Abstract 

Since nanoplastics are currently considered potentially hazardous to the environment and 
human health, reliability of studies on nanoplastic exposure becomes crucial. However, 
analytical challenges limit our understanding of their formation and detection, thus hampering 
their biological interactions assessment. Here we provide a combined approach to 
quantitatively and qualitatively detect the release of nanoplastics in water matrix and, in 
particular, to measure direct exposure of consumers by simulated use of drinking water plastic 
bottles. We measured that the polyethylene sealing of the bottles released particles with a size 
distribution ranging from few hundreds nanometers up to about one micron and estimated a 
mass release in the order of few tenths of nanograms per opening/closing cycle. We observe 
that mechanical stress alters the physical-chemical characteristics of the generated secondary 
nanoplastics and degrades the material properties compared to the original bulk source, thus 
complicating their spectroscopic chemical identification. Our findings demonstrate that 
understanding material degradation processes is therefore crucial for identifying and 
quantifying nanoplastics in real samples. Moreover, methods allowing quantitative studies on 
the release of nanoplastic as a source of exposure are considered essential for proper assessment 
of their potential health hazards and to promote improvements in consumer products plastic 
packaging design.  

 
Keywords: secondary nanoplastics, analytical methods, quantification methods, water 
bottles, single particle extinction and scattering, Raman spectroscopy. 
 

Abbreviations: EPDM, ethylene-propylene-diene-monomer rubber; FTIR-ATR, Attenuated 
total reflection - Fourier-transform infrared spectroscopy; HDPE, High density polyethylene; 
LDPE, Low density polyethylene; mQ-H2O, Milli-Q ultrapure water; PE, Polyethylene; PET, 
Poly(ethylene terephthalate); MP, microplastics; NP, nanoplastics; PS, Polystyrene; SBR, 
styrene-butadiene rubber; SEM-EDX, Scanning Electron Microscopy - Energy Dispersive X-
Ray Analysis; SPES, Single Particle Extinction and Scattering, XLPE, Cross-linked 
polyethylene; XPS, X-ray photoelectron spectroscopy; XRD, X-ray diffraction analysis 
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1 Introduction 

Although the growing concern about plastic micro- (MP) and nanoparticles (NP) 
pervasive diffusion in the environment and human’s food-chain, conclusive evidence of their 
potential health hazards is not yet available.1,2 NP, defined in this work as secondary sub-
micron objects resulting from fragmentation of plastic materials and exhibiting colloidal 
behaviour,3 are the most difficult to detect but potentially the most harmful particles since they 
are small enough to interact at a cellular level. To date, a definitive statement on NP toxicity 
cannot be provided since it is agreed that insufficient scientific evidence is available about the 
level of exposure and their interaction with organisms.4 This is not surprising considering how 
little is currently known about the physical-chemical properties of secondary nanoplastic 
debris. Depending on the measurement metric used and NP model characteristics,3,5,6 toxicity 
experiments can lead to varying outcomes.7 Despite these knowledge gaps, uptake of MP/NP 
via direct exposure from consumer goods is undisputed. Confirmed sources include both foods 
and beverages products,8,9 such as bottled water10,11 with focus on particulates originating from 
plastic packaging. Recently, a few studies have confirmed the release of MP/NP by food 
packaging, identifying different degradation pathways and unintentional sources of human 
consumption of secondary MP/NP.  Mechanical stress to HDPE bottle screw caps, i.e., opening 
and closing a drinking water bottle, has been observed to release MP and identified as potential 
ingestion source through transfer via oral exposure12,13. Thermal stress from heat has also been 
confirmed to release MPs/NPs from food packaging, e.g. when brewing a teabags (consisting 
of nylon and PET)14,15, cooking rice in PE cooking bags15 or hot liquids in paper cups coated 
with PE films16 and other plastic materials holding hot liquids17,18. Also thermal stress through 
freezing was has been verified to release MPs/NPs, as recently observed for ice-cube bags.15 
Contamination of MP/NP can also occur by simple contact of food product with the plastic 
packaging, as observed for, e.g. meat in extruded polystyrene trays19 or transfer from plastic 
take-out containers20. Regulating bodies have thus begun discussing safety assessment actions 
for occurrence, analysis and toxicity of NPs in food and drinking water.21  

While knowledge about MP detection is increasing, NP studies are still lagging behind 
since the development of comprehensive detection strategies proved challenging. Mass-
spectroscopy based techniques can identify the presence of plastics in the nanogram range22,23 
but lack characterization capabilities of microscopic methods. While diffraction-limited 
spectroscopic identification/quantification techniques (e.g. µ-Raman) can in principle resolve 
sub-micron individual particles in laboratory conditions,24 practical issues with matrix 
reduction and particle concentration from real samples greatly complicate the analysis.25 Often, 
a multi-technique approach is needed to obtain the necessary information on chemical 
character, shape, size distribution, and concentration.23,26 Moreover, physico-chemical 
mechanisms occurring during top-down formation of secondary NPs from larger particles are 
mainly responsible for the observed heterogeneity in their material properties, transfer 
pathways and reactivity.27,28 Together with other stressors such as photodegradation and 
biodegradation, realistic degradation-induced modifications must be taken into account while 
developing reliable analytical detection methods since the use of overly simplified laboratory 
models may lead to non-representative conclusions.  
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In this study, we will describe a multi-technique analytical methodology for NP 
detection, identification and size distribution measurement as applied to the analysis of sub-
micron particulate release from drinking water bottles under realistic use conditions. 
Furthermore, we identify and discuss NP physical-chemical properties modifications occurring 
during secondary formation pathways and their impact on particulate identification and 
quantification. Understanding the differences between secondary nano-objects and their 
primary macro sources can play a crucial role in designing effective biological interaction NP 
models and experiments. 

2 Materials and methods 

2.1 Study design 
The release of MP/NP particles from PET-bottlenecks and HDPE cap material was determined 
after an opening and closing procedure to mimic the mechanical stress caused by using a bottle. 
Quantity, chemical and size range analyses of released particles were performed by Single 
Particle Extinction and Scattering (SPES), X-ray photoelectron spectroscopy (XPS), Scanning 
Electron Microscopy (SEM), µ-Raman spectroscopy, Fourier-transform infrared Attenuated 
total reflectance (FTIR-ATR) and µ-FTIR spectroscopy. Although all the methods are non-
destructive, the analyses with SEM, XPS, µ-Raman and µ-FTIR require specific filters to 
provide optimal conditions for clear results, which made the use of a new set of prepared 
samples for these instruments necessary. The experimental process is described below. 

2.2 Sample processing 
For sampling material preparation, mineral water bottles (0.5 L) from local supermarkets were 
purchased, and the outer surface was cleaned with ethanol. The bottle itself consisted of 
transparent PET, and the cap was made of white HDPE material as indicated by the 
manufacturer and verified via FTIR-ATR measurements. To apply mechanical stress, one 
bottle was opened and closed 1, 10, and 50 times manually without fully removing the cap 
during each open-close cycle. The water content was previously released by cutting the bottle 
base with a cutter. When the bottle was first opened, the security ring detached from the cap 
and remained loose at the lower end of the bottleneck. To detach the MPs/NPs released from 
the PET bottleneck surface and HDPE cap that passed over to the bottleneck due to the 
treatment, the cap was removed. Particles were rinsed off the bottleneck by immersing it head 
down into a small glass beaker containing 15 mL Milli-Q ultrapure water (mQ-H2O) so that 
only the bottleneck was entirely covered. The bottleneck was left in the solution for 3 minutes 
while gently agitating. For the analysis with SPES, the bottle was removed and the beaker 
transported to the instrument where the solution was directly analysed.  

The same solutions were then used for µ-Raman and SEM analysis after two 
concentration steps. The concentration of the sample solution facilitates the analysis of volumes 
with low MP/NP concentration for spectroscopic and microscopic analyses by reducing the 
area of analysis to a small droplet on a suitable surface. The first concentration of the solutions 
was performed by applying an Amicon Ultra 25 mL Centrifugal Filter having a molecular 
weight cut-off of 100,000 kDa. The solution was centrifuged for 2 min. at max speed (4500 x g, 
swing-bucket rotor), leaving the residual sample in the top part of the Amicon unit. The sample 
reservoir contains the concentrate, of which 500 µL were collected using a pipette. The 
concentrate was transferred into an Amicon Ultra 0.5 mL Centrifugal Filter having a molecular 
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weight cut-off of 10,000 kDa. The sample was centrifuged for 2 min at max speed (21,130 × g, 
fixed angle), resulting in a concentrated solution of 25 µL. Of the final concentrate, 1 µL were 
taken with a pipette and spotted on silicon chips for Raman analysis. Another 1 µL were spotted 
on cleaned flat silicon chips for SEM analysis. Samples were dried before the analysis. In 
addition, the release of microplastic particles from the bottle material was tested by µ-FTIR 
spectroscopy. An additional bottle was opened/closed 50 times, and the bottleneck immersed 
in 0.1% sodium dodecyl sulfate (SDS) solution to aid hydrophobic particles recovery from the 
solution. However, since the analysis of one bottle opened/closed 50 times could identify only 
one PE particle, 390 µm in size (Figure S1), no further replicates were considered. For the sake 
of completeness, the method is described further below. Results and details of µ-FTIR analysis 
(of the detected PE micro- particle) are reported in the SI, Figure S1. 

2.3 Quality control 
Before proceeding with the experiments, it was necessary to verify that plastic particles 
potentially released on the bottleneck were indeed rinsed off from the bottle by immersion in 
mQ-H2O for 3 minutes, without the use of additional solvents. Accordingly, SEM images 
(JEOL JSM-IT500) of the neck of two further bottles opened/closed 50 times were taken to 
count particles applying a semi-quantitative approach. One bottleneck before and one after the 
immersion was removed from the bottle body with a scalpel and mounted on aluminium stubs. 
For each bottleneck, three SEM images with a magnification of 50 X were taken on a vertical 
line from the top to the bottom edge of the bottleneck surface. The SEM images were processed 
to count detected microparticles on bottlenecks before and after the immersion in mQ-H2O. 
Operating conditions were: accelerating voltage 20 kV, probe current 80 mA, and working 
distance 15.7–17.6 mm. The semi-quantitative analysis on the analysed surface area of the 
bottleneck revealed four particles (170–550 µm in size) before and no particles after the 
immersion of the bottle (Figure S2), confirming the successful removal of particles from the 
bottle into the water. EDS analysis of these particles resulted in an elemental composition of 
100% carbon (Figure S3), which is consistent with HDPE and, therefore, suggesting particle 
derived from the cap material.  

We included procedural lab blanks consisting of 15 µL mQ-H2O, which underwent the 
same processes as the samples. The “blank” sample was placed in another beaker close to the 
soaking beaker for all the time needed to process the 50 times sample. Then it underwent the 
same processes. Moreover, pristine mQ-H2O directly from the distributor was analysed by 
SPES for comparison.  

Additionally, we cryomilled cap material (HDPE) of the same bottle brand as reference 
material for µ-Raman spectroscopy to simulate effects of mechanical stress (irregular particles 
rather than micro-and nanobeads). Cap material was cut into smaller pieces and placed in the 
sample holders (polycarbonate sample holder) of the cryomill (Cryomiller 6875 Freezer/Mill® 
Spex) together with NaCl to enhance grinding. Milling conditions were: 20 min cooling time, 
nine cycles of 2 min and 2 min rest, repeated four times. All glass wear and metal cutleries 
were cleaned with washing detergent and rinsed with fresh mQ-H2O. Laboratory surfaces on 
which the preparations were performed were covered with a layer of aluminium foil. All 
persons wore cotton lab coats or non-synthetic clothes and washed their hands frequently.  
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2.4 Single particle extinction and scattering 
For the determination of particle number and size distribution, single particle extinction and 
scattering analysis was performed using the CLASSIZER™ ONE (EOS S.r.l., Milan, Italy), 
equipped with a red light diode (λ = 640 nm, power < 50 mW).  This light scattering method 
enables the analysis, classification and counting of single particles in fluids based on their 
optical properties. Briefly, particles passing the focal region of a light beam transmit and scatter 
light that can be collected onto a sensor placed in the far-field of the laser beam. This can give 
a measure of the complex amplitude of the forward scattered field via a self-reference 
interferometric scheme.29,30 The scattered field amplitude depends on several important 
nanoparticles characteristics (i.e. size, refractive index (n) and shape) that can be analysed with 
the technique. In this work, we focus on the size distribution and particle concentration. The 
results are presented in a 2D histogram having as X- and Y-axis the complex scattered field 
components (Re[S(0)], Im[S(0)]) and as Z-axis the concentration (counts·bin-1·cm-3) within 
each 2D-bin in the complex S(0) plane.29 In the case of dielectric particles and under the 
assumption of spherical shape, both size and n can be simultaneously and unambiguously 
determined from the S(0) raw data thanks to the Mie scattering calculations. Even in the case 
of non-spherical particle shapes, and for particles aspect ratios (AR) lower than 2 – 331, the 
spherical approximation leads to a precision over the refractive index measurement better than 
10%. Therefore, the evaluation of the numerical size distribution of the whole sample was 
obtained by applying the dielectric sphere model. The lower and upper detection limit for 
dielectric material such as polymers is 200 nm to 20 µm. The instrument was operated with a 
constant flow of 4 mL per minute. Total analysed volume varied from 66 to 78 mL, which was 
obtained by fluxing the sample multiple times to ensure a sufficient amount of detectable 
particles.  Since the method is non-invasive and non-destructive, the suspension returned into 
the sample beaker and could be further used for µ-Raman and SEM investigation. In addition, 
by approaching the analysis with the Mean Field Approximation32,33 and the Lorentz-Mie 
method, an average filling factor evaluation was performed to detect signs of agglomeration or 
indication for a shape similar to a ball of fibre or a porous particle. The average filling factor 
analysis reports the filling percentage inside the detected particle of the bulk expected material 
(HDPE or PET in our analysis). Analyses were performed by the software version 
ClassizerONE S1.4.34. 

2.5 Micro-Raman Spectroscopy 
Raman analysis was performed on the concentrated samples drop-casted onto the silicon chips. 
The samples on the chips were analysed using a WITec Confocal Raman Microscope (Witec, 
Ulm, Germany), equipped with a λ = 532 nm laser. The scan resolution was 200 nm and the 
integration time per pixel was 5 s. A 100× magnification object was used with numerical 
aperture of 1.25. Univariate analysis of the hyperspectral images was performed using the 
Witec instrument software (Witec Suite 5) by integration of the spectra corresponding to the 
spectral bands between 2800–3100 cm−1 assigned to the C - H stretching of polymers. Cosmic 
Rays Removal and baseline correction tools were applied to the spectra before univariate 
analysis. The lowest detection limit of single isolated nanoparticles for this instrument was 
0.5 µm (using commercial PS beads, PolyScience Inc). The Raman spectra were fitted with an 
appropriate number of Voigt functions for each spectral band using a nonlinear, least-squares 
Levemberg-Marquardt regression method. Fitting parameters were peak centres, FWHM, areas 
for each peak and the common linear baseline. Peak positions were constrained ± 5 cm-1 using 
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literature references from HDPE. 34–37 The uncertainty of peak positions and areas were less 
than ± 0.5 cm-1 and ± 10%, respectively. Mass fractions of crystalline domains, trans and 
amorphous conformers were calculated according to the method originally suggested by Strobl 
et al. 38,39 and later adopted by several authors 40 describing PE using a three phases model 
(amorphous, orthorhombic crystalline and non-crystalline consecutive trans conformers, 
NCCT). In the method, the intensity of the τ(CH2) twist vibration band around 1300 cm-1 is 
used as internal normalisation standard. The band intensity ratio with its components intensities 
1298 cm-1 and 1305 cm-1 yields the trans and amorphous conformers’ mass fractions. The 
reference band ratio with the 1416 cm-1 peak (interchain interactions from δ(CH2) + ω(CH2) 
vibrations) can then be used to differentiate the mass fraction contribution from the 
orthorhombic crystalline regions from the non-crystalline consecutive trans conformers 
(χothorhombic = χtrans - χNCCT). For comparison, reference spectra acquired on the bottles bulk 
materials are shown in Figure S4. 

2.6 Scanning Electron Microscopy 
Scanning electron microscopy (SEM) images of concentrated samples on silicon chips were 
recorded using a Thermofisher, FEI, NOVA 600i electron microscope operating at an 
acceleration of 2 kV and magnification of 65X at a working distance varying from 4 to 7 mm. 
Further high-resolution SEM images were acquired from different sample areas with varying 
magnifications (1000 –16000 X). EDS spectroscopy and mapping were carried out in a Nova 
600i Nanolab (Thermofisher, Eindhoven, The Netherlands) equipped with a EDS system for 
elemental analysis (EDAX Inc, Mahwah, NJ, USA). The EDS system mounts an Octane Elect 
Plus x-rays detector. Typical EDS maps and spectra were acquired using Acceleration Voltage 
values between 10kV and 25 kV, with Take Off angle of 35° and Dwell Time of 200 ms. 

2.7 X-ray photoelectron spectroscopy 
XPS measurements were performed with an Axis Ultra spectrometer (Kratos, Manchester, 
UK), using a Kα Al monochromatic source (hν = 1486.6 eV) operating at 150 W and a X-ray 
spot size of 400 × 700 μm2 in the hybrid mode. Large spot sizes allowed to obtain good S/N 
ratios in recorded spectra, even if they can introduce drawbacks related to possible substrate 
contribution and require suitable film deposition method. In order to overcome these issues, 
we deposited filtered particulate films by drop/casting, and we used Teflon strips as substrates. 
Sample preparation procedures established in literature were followed for solid 41 and 
nanoparticles 42 surfaces, respectively. The residual pressure of the analysis chamber during 
the analysis was less than 8 × 10−9 Torr. For each sample, both survey spectra (0 – 1150 eV, 
pass energy 80 eV) and high-resolution spectra (pass energy at 40 eV) were recorded. Surface 
charge was compensated by a magnetic charge compensation system, and the energy scale was 
calibrated by setting the C 1s hydrocarbon peak to 285.00 eV in binding energy.43,44 The data 
were processed using Vision2 software (Kratos Analytical, UK), and the analysis of the XPS 
peaks was carried out using a commercial software package (CasaXPS v2.3.18PR1, Casa 
Software, Ltd., UK). Peak fitting was performed with no preliminary smoothing. Symmetric 
Gaussian–Lorentzian (70% Gaussian and 30% Lorentzian) product functions were used to 
approximate the line shapes of the fitting components after a 3-parameters Tougaard-type 
background subtraction. Concentrated samples were dispersed in mQ-H2O and drop-casted on 
clean Teflon substrates. The use of Teflon substrate allows minimizing the uncertainties in the 
stoichiometric evaluation of the C content of the surface, mainly due to adventitious 
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hydrocarbon contamination. This is especially critical in case of low thicknesses of the 
analysed films. The high binding energy shift of electrons originating from C-F bonds and the 
precisely known Teflon stoichiometry allows separating with high confidence the substrate and 
sample contributions during the C 1s peak fitting. Accordingly, Teflon substrate contribution 
to the C 1s signal was not considered in the elemental quantification of the sample. For 
comparison, reference spectra acquired on the bottles bulk materials are shown in Figure S5. 

2.8 Micro-FTIR Spectroscopy 
For the preparation of the µ-FTIR analysis, the particles were removed from the bottleneck as 
described above. The solution was transferred into a standard vacuum-filtration apparatus and 
the beaker rinsed with 5 mL mQ-H2O. The filter membrane was Whatman® Anodisc inorganic 
filter membrane (diam. 13 mm) with a nominal pore size of 0.1 µm. The membrane is 
composed of a high purity alumina porous matrix. After filtration, the membrane was placed 
in a clean, covered petri dish for drying. Micro-FTIR microscopy was performed using a 
Bruker Infrared Imaging Microscope. Since the surface of the filters is transparent for IR-
radiation with wavenumbers above 1300 cm-1, measurement of all particles > 10 µm 
(approximate detection limit for this instrument in our configuration) was carried out in 
transmission mode in a wavenumber range of 4000 – 1300 cm-1. Transmission mode allowed 
for the determination of the particle, minimising the interference of a potential surface cover 
layer or soiling. The measurements were controlled by native Bruker OPUS8.5 software. For 
each experiment, either the full or, in the case of blanks, at least ¼ of the surface area of the 
filter was analysed. A total of 64 scans were taken for each spectrum, with a spectral resolution 
of 4 cm-1. The IR absorbance was compared with spectra generated by reference material 
obtained from PET from bottlenecks and HDPE from bottle caps and with internal OPUS 
spectral library. For comparison, reference spectra acquired on the bottles bulk materials are 
shown in Figure S6. Both sides of the bottle body and screw cap were measured to expose 
eventual occurrence of oxidation due to weathering/ageing of the polymeric materials41 in the 
bottle. ATR-FTIR analysis shows no differences between the two surfaces of the bottle 
components (see Figure S7). 

2.9 Data analysis 
Origin, CasaXPS and Microsoft Excel were used for data analysis. Origin and Inkscape were 
used for exporting data graphs. 

 

3 Results and discussion 

3.1 Morphological and chemical analysis 
The release of MP/NP particles from commercial drinking water bottles was determined after 
several opening-closing cycles (1, 10, and 50 times) to mimic product (re)utilisation. The 
bottleneck-cap system (made of polyethylene terephthalate, PET, and polyethylene, PE, 
respectively, as stated by the manufacturer and verified via FTIR-ATR measurements) was 
rinsed with mQ-H2O after opening/closing cycles to recover released particulate. Care was 
taken to ensure efficient recovery and to avoid contamination from external sources. Chemical 
and size distribution analyses of released particles were performed combining Scanning 
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Electron Microscopy (SEM), Single Particle Extinction and Scattering (SPES)29, X-ray 
photoelectron spectroscopy (XPS), µ-Raman and µ-Fourier-transform infrared (FTIR) 
spectroscopy. For SPES, that allows outlining particle size distribution and concentration, and 
µ-FTIR measurements the rinsing water was analysed directly while for other techniques the 
solution was centrifugally filtered (at 104 kDa cut-off) and concentrated on a Si-chip surface. 
Qualitative SEM images analysis show that the amount of residual particulate recovered from 
the neck of water bottles after simulated use deviates from the procedural blank and increases 
with the number of opening/closing cycles (Figure 1b–d), indicating an accumulation of 
particles whose approximate size range was well below 5 µm (Figure 1e–h). SEM/EDS 
elemental composition analysis on recovered particles showed almost exclusively carbon with 
the measured O/C ratio being close to zero (Figure S2 and S3). This observation is compatible 
with common commodity thermoplastics such as PE (i.e. bottle cap material), PP, and PS, and 
with some synthetic elastomers compositions (e.g. SBR, styrene-butadiene rubber; EPDM, 
ethylene-propylene-diene-monomer rubber) but not with PET (i.e. bottle material). Chemical 
identification of sub-micron particles via EDS is complicated due to increasing interference 
from surface oxidation45 and matrix contaminations.25 Moreover, the size range of the observed 
residual particulate lies below the detection limit of µ-FTIR spectrometers,46–48 as already 
observed in previous investigations on similar systems.12  

 
Figure 1. Microscopic analysis of the nanoparticulate released from water bottles. SEM images of 
concentrated particulates dried on silicon chips. Full droplet area (magnification 65X) from procedural 
blank (a) and drinking water bottles opened/closed 1, 10, and 50 times (b–d). (e–h) High-resolution 
SEM images of the particulate aggregated at the centre of the droplet footprints in a–d, respectively, 
magnification 16000X. 

Accordingly, µ-FTIR analysis of the unfiltered rinsing water did not result in any 
statistically relevant PE or PET particle detection, even though some large PE objects were 
occasionally detected (Figure S1). An XPS study was conducted on both the recovered 
particulates in the nano-range and the cleaved HDPE cap in order to chemically identify the 
materials through their elemental composition and stoichiometric ratios (Figure 2, Table S1 
and S2). In fact, in the HDPE spectrum (Figure 2c), the asymmetric line shape of the main C-
C, C-H component can be used for chemical identification since it can be reliably fitted using 
the four symmetric C-H stretch vibrational components typical of PE.49 However, the 
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nanoparticulate O/C elemental ratio exhibits a six-fold increase with respect to the cap material 
(O/CHDPEcap = [6.5 ± 1.8] %; O/CNP = [35.7 ± 3.3] %), thus making the chemical identification 
based on stoichiometric ratios quite problematic. In addition, this increased surface oxidation 
(Figure 2e, Table S2) in the nanoparticle spectrum resulted in a large overlap between the C-O 
components and the high binding energy tail of the C-C, C-H component, effectively making 
a univocal deconvolution of vibrational C-H components not feasible.  

 
Figure 2. Chemical analysis of the released nanoparticulate surface. XPS survey spectra of (a) the 
HDPE cap surface (cleaved bulk material) and (b) the concentrated particulate recovered from 
bottleneck immersion in mQ-H2O (50 opening/closing cycles). Concentrated particulates were drop-
cast and dried onto clean Teflon substrates. (c) High-resolution C 1s spectra of the HDPE cap surface 
and associated individual peak contributions fitting (line shapes used are GL(80) for the C-H vibrational 
components49 and GL(30) for the oxidized peaks). (d) High-resolution C 1s spectra of the concentrated 
particulate recovered from bottleneck immersion in mQ-H2O (50 opening/closing cycles) (line shapes 
used are GL(30) for all peaks). (e) Quantification of carbon atom bonds from the deconvolution of the 
high-resolution C 1s peak envelope for both HDPE cap surface and recovered nanoparticulate 
(contributions from [CF2]n substrate was subtracted). Values are also reported in Table S2. 

3.2 Quantification and sizing 
We analysed particle dispersions with Single Particle Extinction and Scattering (SPES).29 A 
detailed description of the technique and an explanation of how to interpret data is given in the 
SI. The four panels in Figure 3 show SPES histograms for the procedural blank, consisting of 
mQ-H2O undergoing the same manipulations as the bottle samples (Figure 3a), and the particle 
dispersions recovered after 1, 10, and 50 (Figure 3b-d) opening/closing cycles. SPES data for 
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unprocessed mQ-H2O are shown in Figure S8. The scattering data-points cluster in two slightly 
separated areas which can be qualitatively separated into two distinct particle populations 
(green and blue circles in Figure 3c) with different size-distribution characteristics and different 
behaviour with respect to number of opening/closing cycles.  

 

Figure 3. SPES analysis of the released nanoparticulate. Experimental SPES results obtained from (a) 
procedural blank and suspensions obtained from washing bottle(necks) opened 1, 10, and 50 times (b, 
c and d, respectively). (e) Effective refractive index derived from SPES data of samples compared with 
expected values from different forms of PE (amorphous PE, XLPE and HDPE). Two-dimensional (2D) 
plots (histograms) provide the raw data distribution of single particle scattered light fields amplitude in 
the complex plane Re[S(0)]-Im[S(0)]. Typically, the scattered field values depend on size, refractive 
index and shape of each particle. 

The first group (Population-A), characterised by a high particle concentration, exhibits 
objects with typically sub-micron dimensions (�̅�A = [0.72 ± 0.09] µm with dFWHM_A = [0.57 ± 
0.05 ] µm, D90_A =[1.04 ± 0.14] µm) and refractive index around nA = [1.42 ± 0.01]. All size-
distribution descriptors show little variance with the number of opening/closing cycles. In 
contrast, the second group of particles (Population-B), was present at lower concentrations with 
typical dimensions being in the low micron range (�̅�B = [2.13 ± 0.50] µm with dFWHM_B = [1.90 
± 0.46] µm, D10_B = [1.19 ± 0.32] µm) and nB = [1.41 ± 0.04]. In this case, all descriptors show 
higher variance with increasing cycle number. The increasing integral counts of SPES 
histograms indicates that the total particle concentration in the suspensions also increases with 
the number of opening/closing cycles, as observed in the SEM pictures. However, the numbers 
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of recovered particles and its dependence on the number of cycles are different when 
considered separately for the two particle populations (see Figure S9). Particle counts in 
Population-A, [N]A, is at least an order of magnitude higher than in Population B, [N]B, for all 
the experiments.  

Another important difference is that the total number of recovered particles increased 
roughly linearly (rPearson = 0.98; 𝑅 . = 0.94) with the number of cycles for Population-A while 
it exhibits a plateau for Population-B (see Figure S9). This would suggest that the former could 
be linked to the opening-closing cycles while the latter may derive from environmental 
contamination occurring during manipulation. SPES analysis of mQ-H2O used for particle 
recovery (Figure S8) reveals that a very small amount of particles with sizes in the low micron 
range is already present at this stage. A summary with the principal statistical descriptors 
characterising Population-A number-based particle size distribution is given in Table 1 for 
different opening-closing cycles and for the control experiments. The full table with all the 
statistical descriptors of both Population-A and Population-B particle distributions can be 
found in Table S3 in the Supporting Information section. The overall particle number-based 
distributions (absolute) as a function of the cycle number and their cumulative distributions 
(normalised) are shown in Figure 4. An effect caused by the eventual release of MPs/NPs 
through the detachment of the security ring from the cap during the first opening of the bottle 
was not observed. Moreover, the reported numbers of released NPs refer to those on the 
bottleneck, while it can be assumed that further NPs remained on the inner surface of caps as 
reported by Winkler et al.12 for MPs/NPs in the size range of 0.54 to 39.9 µm. 

Table 1. Particle size-distributions descriptors from SPES data fitting of Population-A nanoparticles. 
Absolute number of recovered particle [N] (ad.), refractive index, n (ad.), distribution mean, d (µm). 
When appropriate, standard deviations are indicated in parentheses. For [N] the relative error in total 
number of particle estimation is around 20%. 

Population A 
[N]A 

ad. 

nA 

ad. 

�̅�A 

µm 

mQ-H2O 1.0E3 -- (c) -- (c) 

BLANK 11.8E4 1.43(0.04) 0.75 

OPEN 1X 12.4E4 1.41(0.03) 0.82 

OPEN 10X 13.5E5 1.43(0.04) 0.69 

OPEN 50X 33.0E5 1.43(0.04) 0.64 

Average(a) n.a.(b) 1.42 0.72 

St.Dev.(a) n.a. (b) 0.01 0.09 

a) Averages and standard deviations calculated only on OPEN 1x, 10x and 50x 
b) Not applicable. 
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Figure 4. Quantitative description of the released nanoparticulate. Number-based particle size 
distribution (left axis) and normalised cumulative particle size distribution obtained from SPES 
experiments with mQ-H2O (procedural blank) and suspensions obtained from washing bottle(necks) 
opened 1, 10, and 50 times. Dotted lines indicated the boundaries of Population-A and B particle 
distributions expressed in terms D10 and D90 as calculated from SPES histograms. The average volume 
analysed per sample was V=[15±0.3]mL. 

 

To identify the likely source of the released particulate, the refractive index derived from 
SPES data was compared with HDPE and PET reference values. The best-fit between particle 
representative data-points belonging to Population-A and Mie scattering calculations (i.e. with 
constant-n contour lines in the (Re[S(0)], Im[S(0)]) plane under the assumption of spherical 
shape) results in an average nA = [1.42 ± 0.01] (inset, Figure 3e). This value does not 
substantially vary with the number of cycles. The measured n value lies in a range compatible 
with polymeric materials, but it is considerably smaller than the nominal values of the bottle 
components, PET (nPET = 1.57) and HDPE (nHDPE = 1.54). Under the working hypothesis that 
particles observed in Population-A originate mechanically during the opening/closing cycles 
from the bottleneck-cap system, we can identify at least three factors that may contribute to 
explaining the difference between observed and calculated refractive indices:  
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i) occurrence of non-isometric nanoparticles, whose neffective is lower than nbulk;  

ii) occurrence of nanoparticle aggregates, whose neffective is the volume-average between 
nbulk and nmedium; 

iii) phase variations occurring during nanoparticle formation during the opening/closing 
cycles (typically namorphous < ncrystallline, see Figure 3e).  

As for hypothesis (i), it is often observed that the spherical-shape assumption is rarely 
met in environmental and/or non-model samples. The occurrence of complex shapes in 
particulate distribution has the effect of lowering the neffective value calculated from SPES data.50 
Assuming quasi-spherical, non-isometric particles with aspect-ratio < 3 (as can be hypothesised 
based on SEM images, Figure S10), the predicted neffective values31 would result in neffective_PE > 
1.46 and neffective_PET > 1.49. Support for hypothesis (ii) also derives from SEM analysis (Figure 
S10), where the granular appearance of the filtered particulate suggests that they may be 
composed of smaller sub-units. An analysis of the filling-factor (ff) can be made based on the 
mean-field approximation and the Lorentz-Mie method32, assuming the empty volume of the 
particles is filled with the suspension medium (nH2O = 1.33). To explain the experimentally 
observed nA, particle conglomerates should have ff_PE = [48.5 ± 19.1] % and ff_PET = [42.6 ± 
16.8] %, respectively. These calculations can be qualitatively compared to experimental data 
using theoretical ff values predicted for (relatively) monodisperse, randomly packed, isometric 
hard objects. Depending on the packing mechanism, a theoretical limiting ff ranging from 52% 
to 62% can be obtained. A slightly higher ff could be reached if an external energy source aids 
conglomerate formation.51,52 Comparing these theoretical values with the experiments, we can 
conclude that the conglomerate’s scenario is more likely to match the case of PE release. 
Hypothesis (iii) is made based on the observed amorphisation of semicrystalline polymers 
during mechanical fragmentation.53 Optical properties of semicrystalline polymers are related 
to their structural characteristics, such as crystalline fraction (Xc), and the refractive index of 
crystalline domains is normally higher than that of amorphous regions according to their 
relative densities. Commercial PET presents Xc around 20 – 30% (determined by calorimetry54) 
and nPET = 1.57; while in the HDPE bottle caps, an Xc = 80% was determined by X-ray 
diffraction (XRD) measurements51 (Figure S11) and nHDPE = 1.54. The refractive index of 
purely amorphous PET has been measured to be around namorph-PET = 1.54;55 while in different 
PE formulations the correlation between Xc and n is clear, e.g. nLDPE = 1.51, Xc_LDPE  ≈ 50%; 
nXLPE = 1.49, XC-XLPE ≈ 40% and namorph –PE = 1.47, Xc_amorph-PE ≈ 0%. Some of these values have 
been used to calculate the constant-n lines in Figure 3e and compared to the data best-fit line 
for Population-A. The trend in particle concentrations and the three scenarios proposed in the 
previous paragraph are qualitatively consistent with the hypothesis that particulates in 
Population A originate from the PE cap system under the influence of the opening/closing 
cycles. Nonetheless, none of these effects alone can be invoked to unambiguously explain the 
discrepancy between the observed nA value and nPE, and univocal identification of the chemical 
nature of the nanoparticles based only on these observations is not possible.  
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3.3 Chemical identification 
To unequivocally identify the particle’s chemical nature, we further analyzed the particulate 
residue via µ-Raman spectroscopy. Figure 5a shows spectra in the group frequencies and 
characteristic CH2-stretching regions measured on the nanoparticulates recovered after 1, 10, 
and 50 cycles. Particulate spectra are compared to the HDPE cap spectrum and literature34–37 
(Figure S12). Figure 5b–e shows surface maps displaying integrated Raman intensity in the 
spectral range between 1400 – 1500 cm−1, a region characteristic of functional group vibrations 
δ(CH2) and δ(CH3) and compatible with both natural organic materials and carbon based 
polymeric materials. Both single-point Raman spectra and intensity maps support the SEM and 
SPES observations which indicate that the recovered particles in the submicron-size range 
increase in number with the number of opening/closing cycles and can be distinguished from 
those of procedural blanks. Particulate chemical identification based on standard automated 
spectral correlation operated using different commercial and home-built reference material 
libraries56 did not show any reliable match with either the packaging materials (HDPE, PET), 
expected impurities (based on XPS analysis) or known contaminants from our preparation 
protocol. In general, spectra from recovered particulates show a marked intensity loss, high 
signal-to-noise (S/N) ratio and poorly defined, broad spectral features compared to the bulk 
material. This is due to reduced scattering material volume in the laser focal spot, reduced 
particle size, and inhomogeneous broadening effects (mainly due to morphological 
inhomogeneity in our sample). The Raman bands with the highest S/N were recorded for the 
50 cycles sample, exhibiting also the highest particulate concentration. Raman bands from the 
samples appear in similar spectral regions where the HDPE cap also exhibits Raman bands, 
however, band head positions and individual peak shapes appear to be different between the 
bulk and the nanomaterials. 

 

Figure 5. Chemical analysis of the released nanoparticulate. (a) Confocal Raman spectrum of the water 
bottle HDPE cap surface (black) and particulate recovered from water bottle opened/closed 1 (blue), 10 
(green), and 50 (red) times. Data are shown in the group frequencies and CH2-stretching distinct regions. 
Black vertical lines above the X-axis represent HDPE reference Raman peak centre positions taken 
from literature.34–37 (b–e) Univariate Raman maps of the selected sample area (rim of the droplet) from 
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concentrated samples of procedural blanks and bottles opened/closed for 1, 10, and 50 cycles. The maps 
were generated by plotting integrated intensity in the spectral range at 1400–1500 cm−1. 

To gain insight into the chemical nature of the recovered nanofraction, we closely 
analysed the group frequencies region (1000 – 1550 cm-1, Figure 6a-b) and the ν(CH2) region 
(2775 – 3025 cm-1, Figure 6d-f). The features of the spectra from recovered particulates (Figure 
6a) were compared with model nanoparticulate obtained by cryomilling HDPE bottle caps 
(after resuspension in mQ-H2O and filtration with a 1.2 µm cut-off filter, Figure 6b) and the 
HDPE cap spectra (Figure 6c). The cryomilled material was included to separate possible 
thermal effects in NP formation occurring during cycling. Raman band assignments for 
semicrystalline PE molecular vibrations are well established in the literature;34–37 Table S4 
summarises the Raman shifts, vibrational modes and structural phase assignments for all the 
individual peaks obtained from band envelopes deconvolution shown in Figure 6.  

 

Figure 6. Chemical identification of the released nanoparticulate. Raman spectra and spectral features 
deconvolution in the 1000–1550 cm-1 group frequencies region for (a) the particulate recovered from 
washing the bottleneck (50 cycles), (b) for the filtered fraction from cryomilled PE cap material, and 
(c) PE cap bulk reference. Data are normalised to maximum intensity. Raman spectra and spectral 
features deconvolution in the 2775–3025 cm-1 CHx stretch frequencies region for (d) the material 
recovered from cap washing opened 50 times, (e) the filtered fraction from cryomilled PE cap, and (f) 
the PE cap bulk material reference. Data are normalised to maximum intensity. 

 

In Figure 6, the different peak phase assignments are colour-coded for ease of reference; 
orange is assigned to the orthorhombic crystalline phase, green for all non-crystalline 
consecutive trans (NCCT)40 configurations and blue for amorphous domains. All peaks 
identified in the HDPE spectrum were identified and phase-assigned,34–37 and the resulting 
crystallinity calculated39 from experiments was found to be as follows: Xorthorhombic_Raman = 
[10.3 ± 0.5] %, (Xamorph_Raman = [18.3 ± 0.5] % and XNCCT_Raman = [71.4 ± 0.5] %). This result 
agrees with the XRD measurements (see Figure S11, which give a compound crystalline 
fraction of Xorthorhombic+NCCT_XRD = [78.9 ± 0.5] % and an amorphous fraction of Xamorph_XRD = 
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[21.1 ± 0.5] % in agreement also with reference values for commercial HDPE.57 For the two 
nanomaterials, the first band in the group frequencies region (Figure 6a–b) shows two peaks 
degrading towards higher wavenumbers and extends from 1000 to 1150 cm-1. The second band 
is a broad, featureless peak centred around 1300 cm-1, while the third band shows two 
components of increasing intensity and extends from 1400 to 1500 cm-1. The fourth band 
(Figure 6d–e) is located at higher wavenumbers and extends from 2800 to 3000 cm-1, showing 
several poorly resolved band heads. In literature, the fundamental Raman bands occurring in 
these regions have been confidently assigned to ν(C-C) from aliphatic chains, τ(CH2) and 
δ(CH2), respectively, for PE and several other polyolefins.35,58–60. Knowing the assignment of 
HDPE cap spectral features allows a detailed comparison with the spectra of both types of 
nanoparticulates. We note that the spectral features in Figure 6a–b can be confidently 
reconstructed using a subgroup of HDPE individual peaks keeping their Raman-shift fixed (but 
varying intensity and FWHM). The peaks observed in the nanoparticulate spectra belong either 
to the amorphous or trans conformations but not to the crystalline orthorhombic phase. In 
general, the following observations hold: 

i) Raman-shifts for different peaks do not vary in all three analyzed materials. FWHM 
increases in all nanomaterials with respect to bulk HDPE. 

ii) Nanoparticulate show decreased relative intensities of ν(C-C) and δ(CH2) Raman 
bands components assigned to trans configurations. 

iii) Nanoparticulate show increased relative intensities in the same spectral regions for 
peaks assigned to amorphous conformational components. 

iv) Nanoparticulate show a decrease and broadening of the whole τ(CH2) band. 

v) The peak related to the orthorhombic crystalline phase (at 1416 cm-1) is absent in the 
nanoparticulate. 

Moreover, the spectrum of the recovered nanoparticulate qualitatively resembles 
spectra recorded for melt phase HDPE obtained during high-temperature recrystallisation.61 
Crystallinity evaluated from the two nanomaterial Raman spectra is zero due to the absence of 
the 1416 cm-1 peak, but control measurements via XRD were not possible due to the low 
amount of the recovered nanoparticulate and the cryomilled nanofraction remaining after 
filtration with the 1.2 µm cut-off filters. However, spectra taken on the unfractionated 
cryomilled particulates (without filtration steps, with a broad size distribution spanning up to 
several tens of µm) reveal a 40% increase of the amorphous PE fraction (see Figure S11). 
Raman results are consistent with the observed reduction in the measured refractive index for 
Population-A in the SPES histograms (Figure 2e), thus supporting a scenario in which 
nanoparticles are produced by mechanical action during opening/closing cycles and originate 
from the HDPE cap. These secondary nanomaterials may degrade and lose their crystalline 
character during formation, resulting in amorphous PE nanoparticles. The PE assignment of 
the unknown nanoparticulate, according to µ-Raman analysis, implying their origin from the 
bottle screw cap and not from the PET-made bottleneck is also supported by comparing Raman, 
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FTIR and EDX spectra of the recovered particulate with the corresponding reference spectra 
for the bulk materials shown in Figures S1, S3-S7, and Figure 2c. 

The ν(CHx) region (2800 – 3000 cm-1) for the same three materials is treated separately 
(Figure 6d-f) as it provides a different kind of information. The reference HDPE cap spectrum 
exhibits the common band structure for this material.35–37,62 The two narrow band heads can be 
assigned to the νs(CH2) (2845 cm-1) and νas(CH2) (2880 cm-1) modes. They contain 
contributions from amorphous and crystalline regions and have no definite phase assignment. 
The broad spectral features forming the high-wavenumber band tail arise due to Fermi 
resonances between the νs(CH2) vibration at 2845 cm-1 and the δ(CH2) at 1440 cm-1.35 These 
broad features carry most of the integrated band intensity, and their predicted Raman shifts are 
around 2900 cm-1 and 2930 cm-1. 35 These contributions should not be confused with νas(CH3) 
vibrations located at slightly higher wavenumbers (2952 and 2964 cm-1). Highly-crystalline 
HDPE is normally characterized by long, linear hydrocarbon chains exhibiting high molecular 
weight and low branching (< 1%) resulting in a very low CH3/CH2 ratio, so methyl-
terminations contributions are normally negligible for this polymer. Spectral analysis for the 
nanoparticulate reveals how typical PE ν(CH2) vibrations band structure is also preserved in 
the two nanomaterials. Both νs(CH2) and νas(CH2) individual peaks are detected at the expected 
Raman-shift, 36 even though they appear broader and less intense. We also observe that their 
intensity ratio (I2845/I2880) is slightly decreased. However, interpretation is not straightforward 
due to the relative uncertainty introduced by evaluating the contribution of the broad underlying 
Fermi resonance bands. 35,37 

A marked difference between bulk and nanomaterials spectra is the appearance of an 
intense band tail at high wavenumbers with non-negligible intensity in the region 2930 – 2980 
cm-1. Raman intensity in this spectral region is normally not observed in common PE-based 
materials (e.g. HDPE [this study], LDPE 63 or XLPE (Figure S13), irrespective of their crystallinity 
degree and cross-linking. This band is fitted with two additional peaks (Figure 6d-e) centred at 
2852 and 2964 cm-1. Moreover, an additional component (2871 cm-1) is observed between the 
two ν(CH2) peaks. The observed Raman-shifts of these peaks match with the predicted shifts 
and relative intensities of methyl- terminations stretching modes in aliphatic chains.35 More 
precisely, the assignments are νs(CH3) (2871 cm-1), in-plane νas(CH3) (2852 cm-1) and its out-
of-plane counterpart (2964 cm-1). These peaks indicate a marked increase in the number density 
of methyl terminations in the nanoparticulate sample compared to the cap material and could 
suggest the occurrence of PE linear chains scission events64 induced by mechanical stresses 
acting during nanoparticle formation upon cycling. Not surprisingly, the nanomaterials ν(CHx) 
band appearance is qualitatively similar to the spectral shape of the same region measured in 
short-chained polyolefins in the liquid state.60 The similarity between the recovered 
nanoparticles spectra and the cryomilled sample supports the hypothesis that the main 
mechanisms responsible for nanoparticle formation and amorphization have a mechanical 
origin.   
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4 Conclusion 

In conclusion, NP release from drinking water plastic bottles under simulated use was 
observed and characterised combining SEM, XPS, SPES and µ-Raman analysis. The 
combination of SPES and µ-Raman represent the minimal set of techniques necessary to apply 
the methodology for the quantification and identification of NP in simple matrices like drinking 
water. The size distribution of nanoparticles released from the packaging ranged from D10_A = 
[0.38 ± 0.03] µm to D90_A = [1.04 ± 0.14] µm, possibly extending to lower sizes below the 
SPES detection limit (200 nm). Nanoparticles were composed of amorphous PE, likely 
originating from HDPE caps via mechanical action during opening/closing cycles. From the 
SPES size distribution data and considering particle shape and fill-factor approximations, the 
total mass of amorphous PE in the form of nanoparticles released can be estimated not to exceed 
a few tenths of ng per cycle. This study shows that, in a realistic environment, stressors acting 
during the top-down formation of NPs may alter the physical-chemical characteristics of the 
nanoparticulate with respect to those of their original source bulk material, thus hindering their 
identification. We have found out that even mechanical stress alone acting during NP formation 
can degrade the materials even without the occurrence of other external stressors. Analytical 
detection methods development, understanding the physical-chemical processes occurring 
during secondary generation and the design of relevant NP models can be linked in a circular 
positive feedback loop. We have shown that the design of improved analytical schemes for 
secondary NP identification and quantification allows for further insights into material 
degradation/fragmentation processes. A deeper understanding of degradation mechanisms 
during secondary NP formation could then be used to design improved model NP materials 
that could be exploited for further developing analytical methods. Moreover, the effect of 
degradation/fragmentation pathways on physical-chemical properties of the NP should also be 
taken into account during the design of model engineered nanomaterials for use in studies about 
secondary NP fate, effects on human health, sampling and analysis.3  
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Supporting Information 

“Detection and formation mechanisms of secondary nanoplastic released from 
drinking water bottles” 

 

Data tables: Table S1 – S4 

Graphics: Figure S1 – S13 

 

 

Figure S1. Optical image (a) selected spectra and FTIR chemical image (b) and full spectra form 
selected areas (c) of a microplastic PE fragment on an Anodisc filter (filtered solution with released 
particles from a bottle opened/closed 50 times). The µ-FTIR images were generated by choosing the 
band region of 1470–1405 cm-1 for integration. The colour-scale represents the intensity of the 
integrated band. All pictures have the same lateral dimensions as labelled in the X and Y axis in panel 
(a) and (c). 

Full filters after filtration were imaged in reflection and potential region of interest were 
manually selected for subsequent spectroscopic analysis (see Figure S1a). On average, each 
replica filter presented a number of candidate objects between 30 and 100. Each object IR 
transmission spectrum was recorded and analysed. In triplicate filters analysis the most 
common spectral hit was assigned to polyamide (around 10% of the hits, know source of 
contamination in our laboratory) and to sodium dodecyl sulphate (SDS), an anionic surfactant 
used to aid hydrophobic particles recovery from the solution (see Figure S1b). In some cases, 
broadband unassigned spectra were recorded but reliable spectral match with the available 
libraries was not possible. In experiments using water recovered from cap washing (50x 
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openings) only one single, large plastic particle (390 µm in size) was detected and assigned to 
PE. The band centred at 1405–1470 cm-1 (CH2 and CH3 bending vibration) was used for 
chemical imaging of the PE particle (see Figure S1c). 

 

Figure S2. SEM images of bottlenecks (vertical line from top to bottom, magnification 50X) of two 
bottles opened/closed 50 times. Left panel: before immersion of the bottle in mQ-H2O. Right panel: 
after immersion of the bottle in mQ-H2O. Particles indicated with a white arrow were analysed by EDX 
(see Figure S3). 
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Figure S3. EDX spectrum representative for all particles on bottleneck (> 100 µm in size, indicated 
with white arrow in Figure S2), showing an elemental composition of 100% carbon, which is consistent 
with HDPE (cap material) and other common polymers compositions. 

 

Figure S4. Raman reference spectra for the drinking water bottle bulk materials (upper panel, 
bottleneck assigned to PET; lower panel bottle screw cap assigned to PE). 
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Figure S5. High-resolution reference spectrum (lower panel) of C 1s peak of bottle bulk material, with 
individual components deconvolution (bottleneck, assigned to PET). The corresponding reference 
spectra for the bottle screw cap (assigned to PE) is shown in Figure 2c in the main article. 

 

Figure S6. ATR-FTIR reference spectra for the drinking water bottle bulk materials (upper panel, bottle 
neck assigned to PET; lower panel bottle screw cap assigned to PE). 
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Figure S7. ATR-FTIR reference spectra for the drinking water bottle bulk materials comparing internal 
and external surfaces (lower panel, bottleneck assigned to PET; upper panel bottle screw cap assigned 
to PE). 

 

Table S1. Surfaces atomic relative concentration (in percentage, %) table from XPS measurement of 
the HDPE cap and recovered nanoparticulate. Standard deviations indicated in brackets, concentrations 
are corrected after Teflon background subtraction. 

 
C1s  

(%) 

O1s  

(%) 

N 1s 

(%) 

Na 1s 

(%) 

Ca 2p 

(%) 

K 2p 

(%) 

Cl 2p 

(%) 

Si 2p 

(%) 

HDPE cap 92.44 

(2.1) 

6.00 

(1.52) 
-- -- -- -- -- 

1.56 

(0.51) 

Nanoparticulate 62.14 

(2.15)  

22.23 

(1.30) 

5.10  

(0.61)  

1.50 

(0.21) 

3.06 

(1.96) 

2.71 

(0.83) 

2.09 

(0.51) 

1.17 

(0.22) 

 

Bulk HDPE (Figure 2a) shows principally carbon (92.4±2.1)%, minor surface oxidation 
(6.0±1.5)% and traces of silicon (less than 2%, likely from siloxanes used as release agents in 
polymers production). The nanoparticulate spectrum (Figure 2b) exhibits a richer elemental 
composition: Carbon still dominates (62.1±2.1)%, Oxygen concentration increases 
(22.2±1.3)% and traces of Nitrogen, Potassium, Calcium, Sodium, Chlorine and Silicon were 
also detected (see Table S1). This increase can be attributed to the interplay between the 
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increased surface area and the interaction with the liquid environment, even if a contribution 
from airborne and/or manipulation contamination cannot be excluded. 

Table S2. Surfaces carbon atom bonds relative concentration (in percentage, %) table from XPS 
measurement of the HDPE cap and recovered nanoparticulate. Standard deviations indicated in 
brackets, all vibrational contributions are summed in C-C, C-H contribution, individual C-O and C-N 
contributions are not resolved and are considered together, final concentrations are corrected after 
Teflon background subtraction. 

 
C-C, C-H 

(%) 

C-O, C-N  

(%) 

C=O 

(%) 

O-C=O 

(%) 

HDPE cap 
96.05 

(2.89) 

1.07 

(0.44) 

0.91 

(0.32) 

1.97 

(0.56) 

Nanoparticulate 
55.66 

(1.10) 

26.25 

(0.63) 

15.83 

(0.40) 

2.26 

(0.39) 

 

A detailed analysis of high-resolution C 1s spectra (Figure 2c–d) revealed more details 
of the nanoparticle oxidation environment. C 1s peak envelope deconvolution for the bulk cap 
material allows to differentiate and quantify the small contributions (below 2%) from chemical 
shifts associated with different carbon-oxygen bonds (C-O, carbonyl and carboxyl, see details 
in Table S2). 

Table S3. Particle size-distributions descriptors from SPES data fitting. Absolute number of recovered 
particle [N] (ad.), volumetric concentration [c] (cm-3), refractive index, n (ad.), distribution mean, d 
(µm), distribution FWHM, dFWHM (µm), distribution 10th percentile, D10 (µm) and distribution 90th 
percentile, D90 (µm). When appropriate, standard deviations are indicated in parentheses. For [N] the 
relative error in total number of particle estimation is around 20%. 

Population A 
[N]A  

ad. 

[c]A  

cm-3 

nA  

ad. 

dA  

µm 

dFWHM_A 

µm 

D10_A  

µm 

D90_A 

µm 

mQ-H2O 1.0E3 6.9E1 -- (c) -- (c) -- (c) -- (c) -- (c) 

BLANK 11.8E4 7.9E3 1.43(0.04) 0.75 0.63 0.38 1.1 

OPEN 1X 12.4E4 8.3E3 1.41(0.03) 0.82 0.63 0.42 1.2 

OPEN 10X 13.5E5 9.0E4 1.43(0.04) 0.69 0.54 0.37 1.0 

OPEN 50X 33.0E5 2.2E5 1.43(0.04) 0.64 0.54 0.36 0.92 

Average(a) n.a.(b) n.a.(b) 1.42 0.72 0.57 0.38 1.04 

St.Dev.(a) n.a. (b) n.a. (b) 0.01 0.09 0.05 0.03 0.14 
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Population B 
[N]A  

ad. 

[c]B  

cm-3 

nB  

ad. 

dB  

µm 

dFWHM_B 

µm 

D10_B  

µm 

D90_B 

µm 

mQ-H2O 1.8E3 1.2E2 1.37(0.05) 0.69 0.4 0.2 1.1 

BLANK 6.4E3 4.3E2 1.42(0.03) 2.0 2.8 1.1 2.7 

OPEN 1X 11.8E3 7.9E2 1.41(0.03) 2.2 1.8 1.2 3.1 

OPEN 10X 13.0E4 8.7E3 1.37(0.03) 2.6 2.4 1.5 3.6 

OPEN 50X 15.0E4 1.0E4 1.45(0.04) 1.6 1.5 0.87 2.2 

Average(a) n.a. (b) n.a. (b) 1.41 2.13 1.90 1.19 2.97 

St.Dev.(a) n.a. (b) n.a. (b) 0.04 0.50 0.46 0.32 0.71 

a) Averages and standard deviations calculated only on OPEN 1x, 10x and 50x 
b) Not applicable. 
c) Validated particles count too low.  

 

Figure S8. Experimental SPES results obtained with pristine mQ-H2O. 
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Figure S9. Absolute number of recovered nanoparticles obtained from SPES data plotted against 
number of opening/closing cycles. 

Two factors are expected to contribute to micro/nanoparticulate collection and 
accumulation in the mQ-H2O dispersion used to wash bottlenecks surfaces: i) collection of 
airborne aerosols from the lab environment and ii) accumulation of micro- or nanoplastic 
particles originating from the bottle materials due to the mechanical effects (e.g. stress, 
abrasion) occurring during the opening/closing action. These factors are expected to correlate 
positively with the ambient exposure time (“open” time of the cycle) and with the number of 
opening cycles, respectively. While the former collection pathway could contribute to the 
accumulation of a variety of nanomaterials, the latter is expected to generate mainly HDPE 
and/or PET particulate. 
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Figure S10. High-resolution SEM (magnification 16kX) of particles recovered from washing 
bottleneck opened/closed 50 times, showing non-spherical shapes and the presence of conglomerates 
(red circles). 

We should also note here that the theoretical void fraction values depend non-trivially 
on the details of the shape of the particles,1 especially in the case of highly anisotropic objects 
and from the size distribution dispersion but considering the characterisation data available for 
our particle distribution (see Figure 4) and high-resolution SEM images (see Figure S10), the 
isometric and monodisperse assumptions can be considered to hold in good approximation for 
a qualitative analysis. 
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Figure S11. X-ray diffraction pattern in the region 16° < 2θ < 25° and peak deconvolution from 
cryomilled PE cap material (upper panel) and PE cap bulk reference material (lower panel).  
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Figure S12. Confocal Raman spectrum of the water bottle HDPE cap surface (black) and particulate 
recovered from water bottle opened/closed 1 (blue), 10 (green), and 50 (red) times. Data are normalized 
to max intensity. Black vertical lines above the X-axis represent HDPE reference Raman peak centre 
positions taken from literature.6–9  

 

Table S4. Vibrational modes and phase assignments of Raman bands of PE.  

(*) ± 2 cm-1 depending on the reference.2–5 

(**) Notation from Snyder et al.,3 

Raman shift* / cm-1 Vibrational modes Phase assignment 

1063 νas. (C-C) stretch  Trans chain 

1080 ν (C-C) stretch  Amorphous 

1130 νs. (C-C) stretch  Trans chain 

1169 ρ (CH2) rock Trans chain 

1270 Unassigned -- 

1298 τ (CH2) twist Trans chain  
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1305 τ (CH2) twist Amorphous 

1369 ω (CH3) wag Amorphous 

1418 δ (CH2) + ω (CH2) bend + wag Crystalline (orthorhombic) 

1440 δ (CH2) bend Trans chain 

1460 δ (CH2) bend Amorphous 

2845 νs. (CH2) stretch  Crystalline, Amorphous 

2871 νs (CH3) stretch  

2880 νas. (CH2) stretch  Crystalline, Amorphous 

2900 Fermi resonance d(0)+ δδ+(0) (**)  

2930 Fermi resonance d(0)+ δδ+(π) (**)  

2952 νas (CH3) stretch (in-plane)  

2964 νas (CH3) stretch (out-of-plane)  

 

In this sample (Figure 6), three peaks are observed in the C-C stretch region; a broad peak 
centred near 1080 cm-1 arising from amorphous conformations and two narrower components at 1060 
and 1130 cm-1 assigned to antisymmetric and symmetric trans conformations (containing contributions 
from both orthorhombic crystalline and non-crystalline consecutive trans). The latter mesomorphic 
phase consists of locally aligned, trans-rich chain segments, and it is normally regarded as a pre-
crystalline structure.6 Just beside the C-C region, a small, sharp peak located at 1169 cm-1 is observed 
and assigned to the CH2 rock vibration. This vibration is normally also assigned to trans conformations.7 
In the next region, typical of the CH2 twist vibrations, two individual peaks can be isolated; a strong, 
sharp peak centred at 1298 cm-1 and attributed to trans conformations, and a broad, less intense peak 
appearing at 1305 cm-1 as a high wavenumber shoulder of the stronger peak and attributed to amorphous 
conformations. Computational results suggest that the sharp CH2 twist peak could arise from the 
contribution of extended mesomorphic regions spanning 3 to 5 consecutive trans chains. Therefore, this 
band is normally used as an internal standard8 for normalisation and crystallinity calculations. The third 
region includes CH2 bend vibrations; it exhibits a complex band that can be deconvolved using three 
independent peaks. The first peak head at 1416 cm-1 is uniquely assigned to interchain interactions 
arising from bending and wagging vibrations in the orthorhombic unit cell of the polymer crystalline 
domains. The two peak heads appearing at higher wavenumbers belong instead to CH2 bending modes 
and arise from trans conformations (at 1440 cm-1) and amorphous domains (at 1460 cm-1), respectively. 
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Figure S13. Confocal Raman spectrum of reference cross-linked polyethylene, XLPE (calculated 
crystallinity around 50%). Data are shown in the group frequencies and CH2-stretching characteristic 
regions. 
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A B S T R A C T   

Three-dimensional (3D) structured organoids are the most advanced in vitro models for studying human health 
effects, but their application to evaluate the biological effects associated with microplastic exposure was 
neglected until now. Fibers from synthetic clothes and fabrics are a major source of airborne microplastics, and 
their release from dryer machines is poorly understood. We quantified and characterized the microplastic fibers 
(MPFs) released in the exhaust filter of a household dryer and tested their effects on airway organoids (1, 10, and 
50 µg mL−1) by optical microscopy, scanning electron microscopy (SEM), confocal microscopy and quantitative 
reverse transcription–polymerase chain reaction (qRT-PCR). While the presence of MPFs did not inhibit organoid 
growth, we observed a significant reduction of SCGB1A1 gene expression related to club cell functionality and a 
polarized cell growth along the fibers. The MPFs did not cause relevant inflammation or oxidative stress but were 
coated with a cellular layer, resulting in the inclusion of fibers in the organoid. This effect could have long-term 
implications regarding lung epithelial cells undergoing repair. This exposure study using human airway orga-
noids proved suitability of the model for studying the effects of airborne microplastic contamination on humans 
and could form the basis for further research regarding the toxicological assessment of emerging contaminants 
such as micro- or nanoplastics.   

1. Introduction 

Atmospheric contamination through airborne particles and fibers is a 
long-existing and growing research topic of environmental pollution. 
Several epidemiological studies have already linked air pollution 
through ambient atmospheric particulate matter to many adverse 
human health effects, including respiratory illness, cardiovascular 

disease, and carcinogenic effects (Churg and Bauer, 2000; Loomis et al., 
2013; Valavanidis et al., 2008). In addition to the well-known air pol-
lutants such as combustion particles from fuel-burning emissions and 
other particulate organic matter and aerosols (Nel, 2005), microplastics 
(MPs) are now considered as emerging components of air pollution 
(Zhang et al., 2020). 

The human health effects of MPs and nanoplastics (NPs) are usually 

Abbreviations: ATR-FTIR, attenuated total reflection Fourier transform infrared spectroscopy; hAO, human airway organoid; hPO, human pancreas organoid; MP, 
microplastic; MPF, microplastic fiber; NP, nanoplastic; qRT-PCR, quantitative reverse transcription–polymerase chain reaction; SEM-EDS, scanning electron mi-
croscope - energy dispersive x-ray spectroscopy. 
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deduced from in vivo exposure tests in animal models, i.e., mammalian 
or nonmammalian models such as mice, rats, Xenopus laevis (De Felice 
et al., 2018), and zebrafish (Bhagat et al., 2020), and from in vitro models 
such as human cell cultures. After exposure, i.e., inhalation or ingestion, 
MPs/NPs may pass through biological barriers, leading to translocation 
in the body tissue. The cell uptake, however, is size-dependent; it has 
been proven that cell internalization increases with decreasing particle 
size (Liu et al., 2021) with an assumed upper particle size limit for 
intracellular uptake of 10 µm (for polyethylene), (Bruinink et al. 
(2015)). Indeed, the transfer of MPs/NPs into human cells has been 
demonstrated using a variety of human cell lines, including epidermal 
cells (Triebskorn et al., 2019), lung epithelial cells (Lim et al., 2019; 
Schirinzi et al., 2017; Xu et al., 2019), endothelial cells (Barshtein et al., 
2016), and intestinal cells (Cortés et al., 2020; Domenech et al., 2020). 
Human two-dimensional (2D) cell cultures are common in vitro models 
used to evaluate the biological effects associated with MP/NP exposure; 
however, these systems have some limitations such as an inaccurate 
representation of the in vivo tissue (Costa et al., 2016). Very recently, 
organoids, which are three-dimensional (3D) cellular structures gener-
ated from induced pluripotent stem cells, embryonic stem cells, or adult 
tissue-resident stem cells (Shamir and Ewald, 2014) have been shown to 
be a powerful tool to overcome the limits of 2D culture. Indeed, orga-
noids, such as kidney (Takasato et al., 2016), brain (Lancaster et al., 
2013), intestine (Sato et al., 2011), liver (Huch et al., 2015), pancreas 
(Dossena et al., 2020) and lung (Sachs et al., 2019) organoids, have 
recently emerged as attractive model systems that contain key aspects of 
in vivo tissue and organ complexity while being more experimentally 
manageable than model organisms. Moreover, these 3D structures have 
been recently applied in nanosafety research (Kämpfer et al., 2020) and 
modeling diseases such as cancer (Tuveson and Clevers, 2019). 

MPs are ubiquitous in the environment (Prata et al., 2020a; 2020b). 
In the atmosphere, the largest proportion of the MPs consists of micro-
plastic fibers (MPFs) derived from various sources, including synthetic 
clothes, textiles, and upholstery (Henry et al., 2019). Especially indoor, 
airborne MPF pollution arises from the wear and tear of clothing, car-
pets, and furniture (e.g., polyester, nylon, acrylic, and polyamide) 
(Akanyange et al., 2021), with synthetic clothing mostly made of poly-
ethylene terephthalate (namely, polyester) as the largest source of 
airborne MPs (Dris et al., 2016). Furthermore, Dris et al. (2017) and Liu 
et al. (2019) have investigated and compared MPFs in indoor and out-
door air. They found that indoor air contains considerably higher 
amounts of natural and synthetic fibers than outdoor air and dust, with 
an indoor fiber concentration ranging from 1.0 to 60.0 fibers m−3 (Dris 
et al., 2017). Also Gaston et al. (2020) found that the interior air space 
(9.8 ± 7.3 fibers per m−3) was significantly more enriched with MPFs 
relative to the outdoor space outdoors. As Rist et al. (2018) already 
pointed out, airborne MPF from synthetic clothes represent an important 
contribution to the total MP exposure pathways, especially considering 
that people spend most of their lifetime indoors (Akanyange et al., 
2021). Recent studies also have demonstrated that a major pathway for 
MPFs is the atmosphere, through which they can reach very remote 
areas such as glaciers (Ambrosini et al., 2019), the Arctic region 
(Bergmann et al., 2017; Lusher et al., 2015), and Antarctica (Reed et al., 
2018; Waller et al., 2017). 

MPFs can be released into the wastewater through the washing of 
synthetic textiles and clothes, as demonstrated previously in several 
studies (Browne et al., 2011; De Falco et al., 2019). In addition to the 
washing process, the drying of synthetic textiles with a household 
clothes dryer further emits MPFs into the atmosphere via the exhaust air. 
However, the air contamination caused by the drying of synthetic 
clothes and fabrics is still poorly understood. Recently, O’Brien et al. 
(2020) have reported and quantified for the first time the amount of 
MPFs released from a clothes dryer into the ambient air. The issue was 
further addressed by Kapp and Miller (2020) who studied the spatial 
distribution of MPFs emitted from the vent of a clothes dryer directly 
into the environment. 

Human inhalation of atmospheric MPFs has been demonstrated in 
vivo (human lung biopsies) by Pauly et al. (1998) and Pimentel et al. 
(1975). The deposition of MPs, however, depends on the properties and 
lung anatomy (Churg and Bauer, 2000; Lippmann et al., 1980). 
Currently, it is well known that humans in certain exposure scenarios, 
such as industrial workers, are particularly susceptible to pulmonary 
diseases caused by airborne synthetic fibers (Goldberg and Thériault, 
1994; Mastrangelo et al., 2002). In the attempt to estimate the human 
inhalation of indoor airborne MPs, Vianello et al. (2019) set up a 
mannequin simulating the human metabolic rate and breathing (male 
person with light activity). The simulated human exposure revealed an 
average inhaled concentration of 9.3 ± 5.8 MPs m−3 (or 272 MPs per 
day), corresponding to the value of indoor airborne fibers reported by 
Dris et al. (2017) (median value of 5.4 fibers m−3) and Gaston et al. 
(2020) (mean value of 9.8 ± 7.3 fibers m−3) – disregarding the problem 
of comparing the results of studies using different analytical techniques. 

The available data or information providing evidence of the negative 
human health effects of inhaled MPFs are still rare and insufficient 
(Prata, 2018). To date, the human exposure risk still remains unclear, 
and the consequences of MPF exposure are not yet well understood 
(Prata et al., 2020a; 2020b). Accordingly, there is an increasing demand 
for interdisciplinary research between environmental and human health 
sciences (Dris et al., 2017). In this study, we propose the application of 
the innovative human organoid model for human exposure tests for 
MPs/NPs and other particulate contaminants. Considering the described 
exposure risk for humans to airborne MPs, the use of the human lung 
airway as an organoid model in this study is an innovative experimental 
approach. 

Importantly, exposure tests should apply environmentally relevant 
MP properties (Prata et al., 2020a; 2020b), such as fibrous or aged MPs. 
Therefore, to test the effects of airborne MPFs on human airway orga-
noids (hAOs), polyester fibers emitted from the drying process of syn-
thetic clothes and fabrics were collected and used as a test contaminant. 
The specific aims of this paper were as follows: i) to characterize the 
release of MPFs in the exhaust filter of a household dryer machine; ii) to 
analyze the effect of these environmentally relevant MPFs on hAOs as a 
possible target of airborne contamination from synthetic clothes; iii) to 
characterize the established hAOs; and iv) to evaluate the use of human 
organoid models to assess the effects of pollutants to humans. 

2. Material and methods 

2.1. hAO isolation and culture 

The herein applied hAOs were generated from tissue-resident adult 
stem cells. Healthy human lung tissues (airway space) were obtained 
from the Thoracic Surgery and Lung Transplant Unit, IRCCS Ca’ Granda 
Ospedale Maggiore Policlinico, Milan, Italy. The use of human speci-
mens was approved by the Institutional Review Board (CE 0001977). 
Young patients underwent minimal invasive wedge lung resection for 
spontaneous pneumothorax. 

For the processing of solid lung tissue, the biopsies (0.5–1 cm3) were 
minced in small pieces and rinsed with wash medium (Dulbecco’s 
modified Eagle medium, DMEM) supplemented with 1% fetal bovine 
serum, 1% penicillin/streptomycin and 1 × Glutamax (see Table S1 for 
the source and ID numbers of all reagents used). Fragments were 
digested in wash medium containing 0.125 mg mL−1 collagenase I, 
0.125 mg mL−1 dispase II, and 0.1 mg mL−1 DNase I for 90 min at 37 ◦C. 
The digestion was stopped by adding cold wash medium, and the sus-
pension was filtered through a 70-µm cell strainer and then spun for 5 
min at 400g. In case of visible red pellets, erythrocytes were lysed in 5 
mL of red blood cell lysis buffer for 15 min at room temperature before 
the addition of wash medium and centrifugation at 400g. The cell pellet 
was mixed with Matrigel, and 40 μL of Matrigel-cell suspension was 
allowed to solidify on prewarmed nontissue culture 24-well plates for 
20–30 min. After complete Matrigel solidification, culture medium 
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containing AdDMEM/F12 supplemented with 10 mM Hepes, 1 × peni-
cillin/streptomycin, 1 × Glutamax, 1% B27, 1.25 mM N-acetylcysteine, 
25 ng mL−1 FGF7, 500 ng mL−1 RSPO1, 100 ng mL−1 FGF10, 100 ng 
mL−1 Noggin, 5 mM nicotinamide, 500 nM A83.01, and 500 nM 
SB202190 was added. For establishment of the organoids, the culture 
medium was supplemented with 10 µM Rock inhibitor Y27632 during 
the first three days. The culture medium was changed every 3–4 days. 
After 10–14 days, the organoids were removed from the Matrigel, me-
chanically dissociated into small fragments, and then split 1:4–1:6 in 
fresh Matrigel, enabling the formation of new organoids. All cell cultures 
were routinely tested for mycoplasma contamination by quantitative 
reverse transcription–polymerase chain reaction (qRT-PCR). 

2.2. hAO characterization 

Total RNA from organoids was isolated using TRIzol reagent, ac-
cording to the manufacturer’s instructions. The RNA concentration and 
purity were verified using a NanoDrop ND-100 spectrophotometer 
(NanoDrop Technologies). For the qRT-PCR assay, cDNA was syn-
thesised from 200 ng of total RNA with SuperScript IV VILO. The cDNA 
was diluted 10-fold, and 1 μL of the sample was used as a template for 
qRT-PCR analysis with SYBR Select Master Mix on a CFX96 thermal 
cycler (Bio-Rad). The relative expression levels of the specific target 
genes, taken from an airway organoid milestone paper (Sachs et al., 
2019), were determined using the ΔΔCt method and normalized to the 
geometric mean of the ACTB and TBP mRNA levels using the primers 
listed in Table S2. 

To characterize the hAO, gene expression analysis by qRT-PCR was 
performed after 10–14 days of standard culture and again after MPF 
exposure to investigate possible changes in the lung cell compartments: 
Claudin 1 (CLDN1) for lung epithelium, Keratin 5 (KRT5) for basal cells, 
NK2 Homeobox 1 (NKX2.1) for lung cell marker, Nephrocystin 1 
(NPHP1) and Dynein Axonemal Heavy Chain 5 (DNAH5) for ciliated 
cells, Secretoglobin Family 1A member 1 (SCGB1A1) for club cells, 
Surfactant protein A1 (SFTPA1) and Surfactant protein C (SFTPC) for 
Alveolar Type 2 (AT2) cells. All primers were reported in Table S2. 

2.3. Sampling and characterization of MPFs from a dryer machine 

To generate environmentally relevant MPFs for the human organoid 
exposure experiment, polyester fibers emitted from the drying of syn-
thetic clothes and fabrics were collected. Specifically, one polyester t- 
shirt, six sweatshirts, and two blankets of different colors (dry weight: 
5427 g) were washed in a washing machine and subsequently dried in a 
common domestic tumble dryer. The dryer filter was previously cleaned 
by a vacuum cleaner, and all fibers derived from the first drying cycle 
were discarded. The same items were then washed again, and the syn-
thetic fibers from the filtered exhaust air of the tumble dryer were 
collected (Figure S1), wrapped in aluminum foil, and transported to the 
laboratory for subsequent analyses. 

The MPFs were first morphologically analyzed with a Leica EZ4D 
stereomicroscope and then with a Leica DMRA2 light microscope 
equipped with a Leica DC300 F digital camera. The size distribution, 
detailed morphology, and the elemental composition (C:O ratio) of the 
fibers were studied with a Zeiss LEO 1430 scanning electron microscope 
(SEM) coupled with a Centaurus detector for energy dispersive x-ray 
spectroscopy (EDS) analysis. A subsample of MPFs was mounted onto 
standard SEM stubs and gold-coated. For the size distribution analysis, 
thirty SEM images (magnification × 50) were taken. The length (n =
450) and width (n = 450) of MPFs was measured with the imaging 
software ImageJ. The width of the irregular fibers (e.g. flat fibers) was 
measured at their smallest and largest width in equal numbers. The 
elemental analysis was performed using Oxford Instruments INCA 
version 4.04 software (Abingdon, UK). The operating conditions were as 
follows: accelerating voltage, 20 kV; probe current, 360 pA; and working 
distance, 15.0 mm. 

To further characterize the material, attenuated total reflection 
Fourier transform infrared spectroscopy (ATR-FTIR) on bulk polyester 
fabrics was performed using a Perkin Elmer FTIR Spectrometer Spec-
trum One and a Perkin Elmer Universal ATR Sampling Accessory con-
sisting of a diamond crystal. Measurements were carried out in a 
wavenumber range of 4000–650 cm−1 with a spectral resolution of 4 
cm−1. 

2.4. MPF exposure to hAOs 

The MPFs collected from the filter of the dryer machine were 
resuspended at a final concentration of 500 µg mL−1 in AdDMEM/F12 
supplemented with 10 mM Hepes, 1 × penicillin/streptomycin, and 1 ×
Glutamax; then the sample was sonicated at a high intensity (3 × 5 min) 
using a Bioruptor sonicator (Diagenode). To obtain organoid-MPF co-
cultures, the hAOs were split as described above, and then the organoid 
fragments were embedded in Matrigel drops and mixed with MPFs at a 
ratio of 70% Matrigel with organoids and 30% culture medium con-
taining the MPFs, at different concentrations (1, 10, and 50 µg mL−1). 
Differently from Watson et al. (2016), who used inverted monolayers to 
assure that polypropylene nanoplastics contacted the cell surfaces, the 
here performed fragmentation allowed the outer as well as the inner cell 
surface of the organoid to have contact with the MPF. Moreover, to 
improve the exposure, we removed the organoids from the Matrigel, 
allowing them to grew in culture suspension. So far, the organoids 
showed an apical-out polarity as previously reported (Co et al., 2019), 
improving their barrier function against external stimuli. Upon solidi-
fication of the Matrigel, the organoid-MPF coculture was supplemented 
again with the culture medium containing the MPFs at the respective 
concentrations. After ten days, the organoids reached maturation (ca. 
200–300 µm in diameter). At this point, in order to improve the inter-
action between the organoids and MPFs, the hAOs were carefully 
removed from the Matrigel and cultured in suspension with only culture 
medium containing the MPFs at the same concentrations for 1 week with 
gentle agitation. An organoid coculture was cultivated under the same 
conditions without MPF exposure as a control. After exposure, the 
airway organoid-MPF cocultures were collected for gene expression 
analysis and fixed for confocal microscopy and SEM analysis, as 
described below. 

2.5. SEM analysis 

To study the effects of MPFs on organoid growth, the control and 
exposed samples were fixed in a mixture of 4% paraformaldehyde and 
2% glutaraldehyde in 0.1 M sodium cacodylate-buffered solution at pH 
7.4. After several washes in the same buffer, the samples were post-fixed 
in 1% OsO4 for 1.5 h at 4 ◦C and then dehydrated in a graded ethanol 
series. As a final step, the organoids were treated with hexamethyldisi-
lazane for complete chemical dehydration. All samples were mounted 
onto standard aluminum stubs, gold sputtered, and analyzed under a 
Zeiss LEO 1430 SEM at 20 kV. 

2.6. Immunofluorescence staining and confocal microscopy 

For confocal microscopy analysis, the organoids were washed with 
0.01 M phosphate-buffered saline, pH 7.4 (PBS) and fixed for 15 min in 
4% paraformaldehyde, incubated in 0.05 M NH4Cl in PBS for 30 min, 
permeabilized for 15 min in PBS containing 1% bovine serum albumin 
(BSA) and 0.2% Triton X-100, and blocked for 30 min in 1% BSA. The 
organoids were incubated overnight at 4 ◦C with a mouse monoclonal 
antibody against α-tubulin diluted in 0.1% BSA/PBS. The samples were 
then rinsed in PBS and incubated for 3 h at room temperature with 
rhodamine phalloidin (cytoskeleton) and the secondary Alexa Fluor 
488-conjugated goat anti-mouse antibody. After several washes with 
PBS, the organoids were finally incubated for 5 min at room temperature 
with the DNA dye Hoechst 33342 (1:5000). At the end of the staining 
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procedure, the organoids were washed with PBS (3 × 5 min), mounted 
in 1:2 PBS/glycerol, and observed under a Nikon A1 confocal 
microscope. 

For the images in Fig. 1 showing the immunofluorescent sections of 

the hAOs, the organoids were fixed 2 ◦C in PBS containing 0.2% Triton 
X-100, 5% BSA, 2% FBS and 5% goat serum. For the staining, the 
organoids were incubated O/N at 4 ◦C with the specific primary anti-
body in PBS containing 0.2% Triton X-100, 3% BSA and 3% FBS. After 

Fig. 1. Organoids recapitulate human airway counterpart. Immunofluorescent sections of human airway organoids (hAOs) showing markers for basal cells 
(KRT5), ciliated cells (acetylated α-tubulin), goblet cells (Mucin), ATI cells (SFTPB) and club cells (SCGB1A1). Nuclei were counterstained in blue. Scale bars: 100 μm, 
25 μm (inset × 5 magnification). (For interpretation of the references to color in this figure legend, the reader is referred to the web version of this article.) 

A.S. Winkler et al.                                                                                                                                                                                                                              



(QYLURQPHQW ,QWHUQDWLRQDO ��� ������ ������

�

five washes with PBS containing 0.05% Triton X-100, the organoids 
were incubated O/N at 4 ◦C with specific conjugated secondary anti-
bodies. Finally, nuclei were stained O/N at 4 ◦C with DAPI. Images were 
acquired using a Leica TCS SP8 confocal microscope (Leica, Wetzlar, 
Germany) with HC Pl fluotar APO 20x/0.55 objective. 

2.7. Inflammatory cytokine, oxidative stress and obesogenic evaluation 

To investigate the possible changes in the inflammatory cytokine 
expression in hAOs after MPF exposure, gene expression analysis by 
qRT-PCR was performed as described above at the end of the coculture 
with the highest MPF concentration using the primers listed in Table S2. 
Considering that the exposure of MPFs could induce oxidative stress in 
human tissues (Hu and Palić, 2020), we analyzed the expression of genes 
involved in oxidative stress pathways reported in relation to MPF 
exposure, including superoxide dismutase family genes (SOD1 and 
SOD2), glutathione detox-related genes (GSTA1 and GPX1), catalase 
(CAT), and ROS-controlling genes (NOX2, COX1, and ND1). In addition, 
the capacity of our 3D structures to respond to standard inflammatory 
stimuli was evaluated after treatment with poly(I:C) (50 µg mL−1) or 
Staphylococcal enterotoxin B (SEB, 2 μg mL−1) as a positive control. 

To investigate a possible contribution of MPF to obesogenic effects 
(Kannan and Vimalkumar, 2021), gene expression analysis by qRT-PCR 
was performed as previously described. We analyzed the following 
genes involved in the adipogenic pathway: peroxisome proliferator- 
activated receptor gamma (PPARγ), a transcription factor that induces 
the adipogenic gene expression program during development, promotes 
adipose remodeling, and regulates the functions of adipocytes in lipid 
storage, adipokine secretion, and energy homeostasis, and its associated 
adiponectin. 

For the ELISA analysis, organoids supernatant was collected and 
centrifuged at 300 × g for 5 min. Interleukin-6 concentration was 
determined using ultra-sensitive ELISA kit (Immunotools, Germany) 
according to the manufacturer’s instructions. 

For the flow cytometry analysis, hAOs were collected and washed 
with PBS and centrifuged for 10 min at 300 × g. Then, cells were 
dissociated by trypsinization using Trypsin with EDTA for 30 min to 
obtain a single-cell suspension. The samples were stained using 1:200 
MitoSOX red mitochondrial superoxide indicator (Table S1), and incu-
bated for 20 min in the dark at room temperature (RT). Finally, the 
samples were suspended in PBS and analysed using the FACSCanto II 
cytometer with FACSDiva analysis software (BD). 

2.8. Organoid volume measurement 

To determine the volume of hAOs, bright-field images were acquired 
with a Nikon Eclipse TS100 microscope equipped with a digital camera 
(Nikon Instrument Europe) at the end of the MPF exposure. hAOs (n =
10 fields) were analyzed at × 4 magnification. At least three indepen-
dent experiments were analyzed. Organoid volumes were calculated in 
ImageJ software using the following formula: 4/3 π r3, where “r” was the 
mean of the longest diameter and the shortest diameter of the spheroid 
divided by two. 

2.9. MTT test 

The hAOs (control groups and MPFs-treated groups) were seeded as 
previously described and at the end of the MPFs exposure they were 
collected and used for the MTT assay as described below. First, hAOs 
were washed with PBS to remove all the culture medium and succes-
sively seeded into non-tissue culture 24-well plates with a phenol red 
free DMEM high glucose medium containing the MTT substrate. After a 
2 h incubation at 37 ◦C the medium was replaced with a 96% ethanol 
and all the samples were incubated for 1 h at 37 ◦C in dark. Finally, all 
the ethanol containing the product of MTT reaction was collected and its 
absorbance was detected using a spectrophotometer (TECAN, GENios 

plus) at 570 nm. 

2.10. Data analysis 

For statistical analysis of the gene expression data, a two-way anal-
ysis of variance followed by Bonferroni’s multiple comparison test (α =
0.05) was performed. The metabolic activity was tested by t-test analysis 
followed by Kolmogorov-Smirnov correction. Photoshop was used to 
export the image graphs. 

3. Results 

3.1. hAO isolation and characterization 

The hAOs were generated starting from biopsies of healthy lung 
donors. When embedded in Matrigel, lung cells were organized in a 
polarized pseudostratified epithelium with a central hollow lumen, 
resulting positive for basal (KRT5), ciliated (AC-TUB), goblet (Mucin), 
ATI (SFTPB) and club (SCGB1A1) cell markers, supporting their airway 
identity (Fig. 1). Gene expression analysis showed that the hAO lines 
derived from three different donors have similar gene expression pro-
files recapitulating all cell types of airway tissue (compared to human 
pancreas organoids as a control), supporting the reproducibility of our 
culture methods (Figure S2). 

The organoids were analyzed by optical microscopy, confocal 3D 
construction, and SEM imaging. The normal organoids (control group) 
exhibited a spherical shape with a typical diameter of 200–300 µm and 
an inner cavity (Fig. 2A–B). Confocal 3D reconstruction confirmed that 
the cells were well differentiated, showing the presence of ciliated cells 
and nonciliated cells, including club cells (identified by the presence of 
microvilli), that were irregularly distributed on the surface and corre-
sponding to their in vivo position (Fig. 2C–E). Immunofluorescence ex-
periments with the actin cytoskeleton marker revealed the different 
shapes and dimensions of the cells containing nuclei, which were visible 
in the surface section (Fig. 2C–E) and transverse plane (Fig. 2D). 
Moreover, the inner surface of the organoids established a differentiated 
cell structure, including ciliated cells facing the organoid cavity, as 
demonstrated in Fig. 2D. The presence of cilia at the inner surface of the 
organoids could be explained by the rotating motion of the organoid 
cavity, which can be seen in a video recording of the organoids (Video 
S1). Finally, high-resolution SEM imaging of the organoid surface 
showed the same irregularly shaped ciliated and nonciliated cells, dis-
playing the dimensions of the cilia and microvilli (Fig. 2F). 

3.2. MPFs in the air filter of a dryer machine 

The total weight of the MPFs removed from the air filter of a dryer 
machine was 2.3 g (Figure S1), which was released from 5.4 kg of 100% 
polyester fabrics. The procedure was repeated once again with the same 
fabrics (rewashing and redrying), and the release of MPFs was 2.5 g 
(0.44 g ± 0.014 of dry MPFs kg−1 dry fabric, 1 SD, n = 2). Optical mi-
croscopy experiments demonstrated fibers of different colors, reflecting 
the color mixture of the dried materials (Fig. 3A–B). For a more detailed 
analysis, SEM (Fig. 3C–E) revealed that the MPFs varied in size and 
morphology. The fiber length was on average 700 ± 400 µm (1 SD, n =
450, min 68 µm, max 3,638 µm). The size distribution analysis (Fig. 3F) 
showed that the majority of fibers were in the range of 200–800 µm 
(68.5 %). Only 5.6 % of MPFs were smaller than 200 µm, and 0.4 % 
larger than 2,200 µm. Interestingly, the shape of these MPFs differed at 
the transverse surface; no MPFs had a round profile along the entire 
length, but they exhibited a varying profile from flat and twisted to 
tattered (Fig. 3C–E). Flat MPFs exhibited maximum widths of 25 µm 
along their widest dimension and a minimum height of 1 µm along their 
thinnest dimension. The fiber width was on average 10 ± 5 µm (1 SD, n 
= 450). Furthermore, we observed that some fibers showed a rough 
surface, where small pieces of < 10 µm flaked off from the fiber (Fig. 3D) 
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or a chapped ending was revealed (Fig. 3E), which could lead to the 
release of very small MPs from the fibers. 

Although very speculative, we estimated the number of fibers 
released by the drying process by considering the average dimensions of 
the fibers and their uncertainties (SE of the mean). From the mean 
measured dimensions of collected fibers and the propagation of their 
errors, we determined a fiber volume of Vfiber = 7.0 × 10-5 ± 5.2 × 10-6 

mm3 fiber-1 (±δVfiber) and an average mass of a fiber of Mfiber = 9.6 × 10- 

5 ± 7.2 × 10-6 mg fiber-1 (±δMfiber), assuming that the density of poly-
ester is 1.38 mg mm−3 and that the density’s variability was negligible in 

comparison to that of the fiber volume. According to these data, 2.3 g of 
polyester fibers collected in the filter of a dryer machine should contain 
23 × 106 ± 1.7 × 106 fibers. Given the large SD of measured fiber length 
and width and the resulting large uncertainty of the fiber volume and 
mass, the calculated values (number of fibers) also had large variability. 
Nevertheless, the estimate provides an order of magnitude for the 
number of fibers that could be released from the drying of synthetic 
fabrics. 

Elemental analysis of single fibers isolated from the dryer lint 
showed a C:O ratio of 74:26, which corresponds to that of polyester (see 

Fig. 2. Characterization of human airway 
organoids (control group, n ¼ 3). (A) Ste-
reo microscopy image and (B) optical mi-
croscopy image of organoids. (C–E) 
Immunofluorescence imaging of the orga-
noid surface and the transverse section 
generated by confocal microscopy showing 
the cellular organization with a cytoskeletal 
marker (anti-acetylated tubulin; green) and 
counterstaining of the actin cytoskeleton 
(phalloidin 565; red) and nuclei (Hoechst 
33342; blue). (F) Pseudo-colored SEM image 
of the organoid’s surface showing irregularly 
shaped multiciliated (green) and nonciliated 
cells with microvilli (purple). (For interpre-
tation of the references to color in this figure 
legend, the reader is referred to the web 
version of this article.)   
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Figure S3 for the EDS spectrum). The ATR-FTIR spectrum of all original 
bulk fabrics used for the drying showed all characteristic absorbance 
peaks of polyester (Figure S4, ATR-FTIR spectrum of PET from a plastic 
water bottle as reference). 

3.3. hAOs exposed to MPFs 

The hAOs exposed to MPFs were affected by all concentrations of 
MPFs. Based on the average mass of a fiber and the suspension volume in 

the exposure wells (0.5 mL), we estimate the number concentrations of 
MPFs which were added to the organoid cultures to be 5 ± 1, 52 ± 4, 
and 259 ± 19 MPFs well−1. Optical microscopy, confocal 3D construc-
tion, and SEM image analyses revealed that the organoids exposed to 
MPFs were not inhibited in their growth and did not exhibit any cellular 
abnormalities compared to the control group, independent of the MPF 
concentration (Fig. 4A–F). Most organoids did not interact with the fi-
bers, or only to a small extent, and maintained their radial (almost 
spherical) architecture (Fig. 4D–F). 

Fig. 3. Synthetic fibers obtained from the air filter of a dryer machine. (A–B) Optical microscopy images demonstrating MPFs of different sizes and colors. (C–E) 
SEM images of MPFs at different magnifications showing varying morphologies. (F) Size distribution analysis of n = 450 MPFs, number percentages are grouped in 
200 µm size classes. 
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Fluorescence staining of the surface (Fig. 5A–B) and transverse 
(Fig. 5C) sections of the organoids as well as high-resolution SEM images 
(Fig. 5D–H) showed the same cellular structure as the controls, including 
ciliated and nonciliated cells, even when the organoids were in contact 
with MPFs. The notable observation was a higher density of polarization 
of the cytoskeleton near the fiber contact site, visible as an intensifica-
tion of the red color in Fig. 5B. Owing to an organoid that had broken 
apart (likely during the transfer of the dehydrated organoid onto the 
aluminum stub), we were able to take SEM images of the inner surface of 
the organoids and could observe the same cellular differentiation 
(multiciliated and nonciliated cells) as the outer surface (Fig. 5E). Rather 

than depending on the MPF concentration, the observed effects varied 
with the degree of MPF-organoid contact, which presumably depended 
on the development phase of the organoids. The organoids that made 
contact with fibers during maturation grew around the fibers 
(Fig. 5F–H). No assumptions could be made on a size-dependent effect of 
the MPFs as the experimental setup did not account for this. All effects 
are attributed to the size ranges mentioned before. 

Interestingly, the organoids closely bonded to an MPF formed an 
organoid-fiber interlacement or fully encompassed the MPF. We further 
observed that some organoids grew polarized around the fibers. For 
example, Fig. 6A–G shows cell growth along the length of a fiber. The 

Fig. 4. MPFs interact with hAOs in 
coculture. (A–C) Stereo microscopy images 
of organoids in suspension with MPFs at 
increasing concentrations (top to bottom: 1, 
10, and 50 µg mL−1). (D) Phase contrast 
image and (E) immunolabeled 3D recon-
struction of the same organoid (MPF con-
centration: 10 µg mL−1) showing the 
interaction between the organoid and a fiber. 
The organoid was stained for cytoskeletal 
proteins: microtubules (anti-acetylated 
tubulin; green), F-actin (phalloidin 565; red), 
and nuclei (Hoechst 33342; blue). Also 
visible in blue is a synthetic fiber. (F) SEM 
image of an organoid (MPF concentration: 
50 µg mL−1) in contact with a fiber, 
demonstrating a spherical body and a 
differentiated cell structure. All analyses 
were performed at least three times. (For 
interpretation of the references to color in 
this figure legend, the reader is referred to 
the web version of this article.)   
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organoids seemingly surrounded the fibers by developing netlike ex-
tensions of cells (clearly visible in Fig. 6D–F), resulting in a full inter-
nalization of the MPFs. While the cells of the organoid body growing 
along the length of a fiber exhibited a differentiated structure 
(Fig. 6A–B), the thin cell extension covering the surface of a fiber exiting 
the organoid body (Fig. 6D–F) was rather smooth and uniform. These 
observations of cells covering a fiber with a thin layer stands in contrast 
to the images depicted in Fig. 5F–H showing that cells did not cover the 
fibers once they left the organoid. We also noticed that organoids in 
suspension with MPFs can be damaged by fibers piercing the cell tissue 
(Fig. 6C). 

3.4. Effect of MPF on hAOs 

To verify that the lung heritage of hAOs was not affected by their 
exposure to MPFs, we performed gene expression analysis of the typical 

epithelial lung markers NKX2.1 and CLDN1 as well as the specific airway 
lung markers SFTPA1 and SFTPC (AT2 cells), SCGB1A1 (club cells), 
NPHP1 and DNAH5 (ciliated cells), and KRT5 (basal cells); all these 
genes were slightly reduced even if not at a statistically significant level 
except for the SCBG1A1 that was significantly less expressed (Fig. 7A). 
In addition, no difference in the expression of epithelial to mesenchymal 
transition markers was observed (Fig. 7B). 

Regarding the possible obesogenic effects associated to MPF expo-
sure as recently suggested by Kannan and Vimalkumar (2021), we 
observed a slight increase in hAO volume relevance after MPF treat-
ment. However, this tendency was not significant as also showed by 
gene expression analysis of genes involved in the adipogenic pathway 
(Fig. 7C–D). MTT viability test showed no significant differences be-
tween the control group and the MPFs treated group of hAO 
(Figure S5A). 

Fig. 5. hAOs growth around the fibers. 
(A–B) Surface and (C) transverse sections of 
an immunolabeled organoid (MPF concen-
tration: 50 µg mL−1) showing the cell orga-
nization. The organoid was stained to show 
ciliated cells (anti-acetylated tubulin; green), 
F-actin cytoskeleton (phalloidin 565; red), 
and nuclei (Hoechst 33342; blue). Also 
visible in blue is a synthetic fiber. (D) SEM 
image of an organoid’s outer surface 
showing ciliated and nonciliated cells (MPF 
concentration: 10 µg mL−1). (E) SEM image 
of the inner surface of an organoid that had 
broken apart, demonstrating cell differenti-
ation facing the organoid’s cavity (MPF 
concentration: 10 µg mL−1). (F–H) SEM im-
ages of organoids (MPF concentration: 50 µg 
mL−1) demonstrating a differentiated cell 
structure and integration of a fiber into the 
organoid; the image in panel G is partially 
pseudo-colored for better visualization (cell 
tissue, yellow; fiber, blue). All analyses were 
performed at least three times. (For inter-
pretation of the references to color in this 
figure legend, the reader is referred to the 
web version of this article.)   
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3.5. Inflammation and oxidative stress evaluation 

To investigate possible changes in the expression of inflammatory 
cytokines and oxidative stress-related genes, gene expression analysis of 
hAOs was performed at the end of their coculture with the highest MPF 
concentration. The results revealed no significant differences in the gene 
expression of cytokines or oxidative stress-related genes (Fig. 8A–B), 
while GSTA1 and COX1 showed a slight increase in hAOs exposed to 
MPFs in relation to the control hAOs (Fig. 8B). In contrast, an increase of 
inflammatory markers was observed after xenobiotic stimuli, as 
observed in other organoid models (Aguilar et al., 2021, Jose et al., 
2020) (Fig. 8A). Focusing on the protein level, IL 6 was not observed in 
the medium of hAOs treated with microplastics, while an increase 
amount of this cytokine was detected after xenobiotic treatment 
(Figure S5B). Regarding the mitochondrial oxidative stress, hAOs 

exposed to MPFs and to poly(I:C) showed a similar trend of oxidative 
stress, as also observed in 2D cell culture and animal model (Dong et al., 
2020; Ruenraroengsak and Tetley, 2015; Umamaheswari et al., 2021) 
but only with the positive control the level of mitochondrial superoxide 
was statistically significant versus the non-treated hAOs (Figure S5C). 

4. Discussion 

The first objective of the present study was to set up an innovative in 
vitro model based on the use of 3D structures that could adequately 
represent the native lung, where emerging atmospheric contaminants 
such as synthetic materials could have adverse human health effects. 
And secondly, we wanted to use this model to investigate the potential 
effects of polyester fibers isolated from a dryer machine on human lung 
biology, most of all after the recent evidences showing that even the 

Fig. 6. SEM images of hAOs exposed to MPFs. 
Partially pseudo-colored for better visualization 
(cell tissue, yellow; fibers, purple/blue). (A–B) Ori-
ented cell growth of organoids along the length of a 
fiber; the cell structure and partially coated fibers 
are shown (MPF concentration: 10 µg mL−1). (C) 
Complete internalization of a fiber inside an orga-
noid (MPF concentration: 50 µg mL−1). (D) Net-like 
extension of cells growing on a fiber. (E and its 
magnification F) Thin cell extension covering the 
surface of a fiber exiting the organoid body (MPF 
concentration: 50 µg mL−1). (G) Merged image of 
three continuous images showing the polarized 
growth of organoids with the length of multiple fi-
bers (MPF concentration: 50 µg mL−1). All analyses 
were performed at least three times. (For interpre-
tation of the references to color in this figure legend, 
the reader is referred to the web version of this 
article.)   
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emissions of MPFs from mechanical drying are found in the air, partic-
ularly indoor air (O’Brien et al., 2020). 

It is becoming increasingly clear that the 3D cell culture is a more 
accurate way to represent human tissue outside the body and simulate 
conditions in a living organism. Standard 2D cell cultures (monolayers), 
with cells often all at the same stage, cannot accurately represent how 
cells grow or how they are affected by disease and injury (Jensen and 
Teng, 2020). In this context, organoids have been recently exploited to 
overcome the limitations of 2D cell culture systems. Due to their ca-
pacity to self-organize into minimal biological units and thus potentially 
recapitulate the functionality and complexity of the tissue of origin, they 
have emerged as powerful models for studying human development and 
disease (Fatehullah et al., 2016). Although airway organoids do not yet 
recapitulate all of the complex structures and cellular interactions 
associated with the different regions of the lung (e.g., trachea, bronchi, 

bronchioles, alveoli and all mesenchymal and vascular compartments), 
they contain the specific cell types present in the epithelium of the 
original organ. Therefore, they can be applied for basic and translational 
research (Barkauskas et al., 2017). We showed that lung-specific cell 
types, including basal, AT2, and ciliated cells, are represented in our 
human airway organoids (Fig. 5A). 

To date organoids derived from different sources have been used to 
successfully study specific diseases (Dutta et al., 2017; Mellin and 
Boddey, 2020) and to screen new drugs (Broutier et al., 2017). Already 
some studies have been published to support how these three- 
dimensional structures provide a new opportunity to mimic human 
organ development, morphology and physiology in a similar manner as 
in vivo models (Lancaster et al., 2013; Schutgens and Clevers, 2020). In 
this panorama, human lung organoids have been used to mimic a 
response to inflammatory stimuli (Jose et al., 2020) and to study the 

Fig. 7. hAOs were not affected by MPFs. Control organoids compared to organoids exposed to MPFs (MPF concentration: 50 µg mL−1) for selected target genes: (A) 
general epithelial lung markers and specific airway markers, (B) epithelial to mesenchymal transition markers, (C) organoid volume calculated measuring their long 
and short diameter (n = 3). (D) qRT-PCR analysis of the control organoids compared to organoids exposed to MPFs (MPF concentration: 50 µg mL−1) for adipogenic 
target genes. Data in panel A, B, D are shown as means ± S.E.M. (n = 4), statistical analysis was performed by two-way ANOVA followed by Bonferroni correction; * 
P < 0.05. Data in panel C are shown as box and whisker plot; the line within the box marks the median, the boundaries of the boxes the 25 and 75 percentiles, and the 
whisker limits delineate the minimum and the maximum value after outlier removal. 

Fig. 8. qRT-PCR analysis for inflammation and oxidative stress evaluation. Control organoids compared to organoids exposed to MPFs (MPF concentration: 50 
µg mL−1) for selected target genes: (A) Inflammatory cytokines compared to the response of positive control organoids to standard inflammatory stimuli, and (B) 
oxidative stress-related genes. Data are shown as means ± S.E.M. (n = 4), statistical analysis was performed by two-way ANOVA followed by Bonferroni correction. 
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pathophysiology of Cryptosporidium infection (Heo et al., 2018). The 
compatibility of this system for the toxicological assessment has been 
recently reported by Truskey (2018) and by Kuratnik and Giardina 
(2013). 

This study presents an attempt to use human airway organoids for 
the assessment of the effects of MPFs. Although plastics are inert ma-
terials, in recent years several studies have described health risks for 
humans through the many routes of MPF exposure. Not least, the recent 
increased use of synthetic masks due to the COVID-19 pandemic exac-
erbated for example the route of inhalation. Despite the existing 
knowledge about MPs, less is known regarding the MPF particulate 
toxicity effects in a short- and long-term exposure and still many 
mechanisms have to be elucidated regarding their impact on human 
health. 

Synthetic textiles have been identified and extensively described as 
one of the major sources of MPFs in wastewater (Browne et al., 2011; De 
Falco et al., 2019). The current research is the first to report the amount 
and features of MPFs released from synthetic fabrics in a dryer machine, 
addressing potential atmospheric contamination. In fact, a recent paper 
by O’Brien et al. (2020) has shown that the use of dryer machines causes 
an increase of the MPF concentration in the ambient air; however, they 
did not measure the total amount of MPFs released by the drying pro-
cess. Washing and drying textiles in household machines present two 
possible MPF emission pathways: one being through the wastewater 
(residual water in textiles after the centrifugation cycle of the washing 
machine), and one being via the air passing by an integrated air filter. 
The former goes directly into domestic wastewater without filters. Here, 
we focused on the air pathway; MPFs released by textiles and forced by a 
strong air flux into the air exhaust are retained by the air filter and then 
specifically collected at the end of each drying cycle. Considering the 
evidence reported by O’Brien et al. (2020), the air filter does not remove 
all MPFs coming from the dryer machine. Thus, the total amount of 
MPFs released in the air flux can be even higher. FTIR analysis showed 
clean spectra for bulk fabric confirming polyester material (Figure S4). 

Based on a review of studies regarding atmospheric MPs, Prata et al. 
(2020a; 2020b) calculated that a person’s lungs could be exposed to 
26–130 airborne MPs a day. This estimation is slightly lower than the 
average inhaled concentration of 272 MPs per day determined by Via-
nello et al. (2019). The effects of MPs on human health have been pre-
viously tested only using a variety of 2D cell lines (Dong et al., 2020; 
Hwang et al., 2019; Palaniappan et al., 2021; Schirinzi et al., 2017). The 
observed effects were very diverse and depended on the properties of the 
particle (e.g., size and polymer), the duration and concentration of 
exposure (6-12-24-48 h), and the tested cell lines. In particular, tests 
representing the human lung should use MPs in size and shape that have 
been shown to be present in the air. Since a substantial portion of 
airborne environmental MPs consists mostly of MPFs between 200 and 
600 μm (Dris et al., 2016; Henry et al., 2019) and fibers greater than 250 
µm have been found in human lungs (Pauly et al., 1998), the MPFs 
applied in the current study (51% having sizes between 200 and 600 μm) 
represent an environmentally relevant and realistic test material. 

Our experimental MPF concentrations (with an estimated 518 MPFs 
mL−1, corresponding to 50 µg mL−1) are in agreement with previously 
published studies on 2D methodology (Dong et al., 2020; Hwang et al., 
2019). Moreover, in the hAO exposure volume of 0.5 mL (single well 
volume where organoids were incubated), the mass and estimated 
number of MPFs were 0.5 µg and 5 MPFs, 5 µg and 52 MPFs, and 25 µg 
and 259 MPFs, for the three concentrations, respectively. For the pur-
pose of this experiment, which was to determine the effect on hAOs once 
in contact with the fibers, we focused on the direct points of contact 
rather than on the overall fitness of the hAOs in the well (e.g. a counting 
of intact hAOs per well). Indeed, the first step of most of the inhaled 
particles, including MPFs is the deposition by impaction (Vianello et al., 
2019). Therefore, this organoid-MPF contact situation triggered the 
interaction between fibers and lung epithelium once fibers reach the 
inner lung tissues, independently from their concentrations in the air. 

Our findings show that after an MPF exposure of 17 days, only a 
slight non-statistically significant increase in the expression of the in-
flammatory markers both at molecular and protein level was observed. 
Potential toxic effects attributable to MPs observed in exposed animal 
models include impairment of adipogenesis and lipid metabolism 
(Kannan and Vimalkumar, 2021; Lu et al., 2018). Therefore, we inves-
tigated two crucial key regulators of metabolism, PPARγ and adipo-
nectin (Astapova and Leff, 2012), but no statistically significant changes 
were observed. Organoid volumes at the end of the MPF exposure 
showed a slight but still evident increase (Fig. 7C). Overall, no clear 
obesity-promoting effect can be determined after our MPF exposure. 

The airway epithelium is the first barrier of the host defense system 
in the respiratory tract. An adequate and balanced cell composition 
guarantees an optimal epithelial structure and functionality. In respi-
ratory diseases, this balance may be altered. In our experiments, we 
observed a change in this cellular balance but most relevant is that 
SCGB1A1 was found to be significantly reduced. This club cell secretory 
protein is mainly expressed by nonciliated respiratory epithelial cells 
and has demonstrated potent anti-inflammatory, anti-tumor, and anti- 
toxicant functions (Broeckaert and Bernard, 2000; Lakind et al., 
2007). SCGB1A1 has frequently been used as a biomarker to monitor 
lung injury caused by various diseases or environmental exposures. Its 
decrease has been consistently observed to associate with airway in-
flammatory diseases (Broeckaert et al., 2006; Zhu et al., 2019). 

Confocal microscopy and SEM images did not provide any evidence 
of organoid cell growth inhibition. This observation was not completely 
surprising, as the field of biomaterials is increasingly demonstrating how 
plastic can be applied as an inert scaffold to support cell growth for 
human tissue engineering without altering the biological features 
(Jubeli et al., 2019). Although the biocompatibility of several plastic 
materials has already been demonstrated (the hAO themselves grew 
inside plastic wells made of polystyrene, control included), polyester 
fibers can contain additives that can be added to textiles in order to 
impart desirable physical, chemical, and biological (i.e., antimicrobial, 
color) properties (Chu et al., 2021; Sait et al., 2021). Since additives are 
typically not covalently bonded to the polymer matrix and can therefore 
leach, they are considered more harmful than the polymer itself, 
inducing several effects such as endocrine disruption, immunotoxicity 
(Tang et al., 2020), genotoxicity and developmental toxicity (Zhao et al., 
2020). Our results did not show significant inflammation- or oxidative 
stress-induced effects of polyester MPFs on hAO development, suggest-
ing that additives, whenever they were present, did not cause adverse 
effects. However, any further conclusions about long-term effects cannot 
be drawn with this model. 

One of the most relevant results related to MPF exposure was the 
polarization of the cell growth along the fibers such that the organoid 
was induced to envelop the encountered fibers by a cellular layer. This 
behavior was clearly observed in different cases and at different MPF 
concentrations, indicating that it should be carefully considered a 
possible adverse effect of MPFs. This effect is particularly alarming if we 
consider repair processes that could follow MPF inhalation, as it is 
known that fibers can be retained in the lungs. 

If we compare our 3D in vitro experimental approach with the 
already published 2D experimental strategies, we have to underline that 
our system has been exposed to MPFs for a longer period of time, 17 days 
versus 6–24 h (Dong et al., 2020; Hwang et al., 2019; Palaniappan et al., 
2021; Schirinzi et al., 2017). The longer exposure time could explain the 
slight differences observed where our hAO had enough time to adapt to 
the MP environment. The presented data, which combine morphological 
approaches with molecular/biochemical techniques, were suitable to 
characterize the MPFs-hAO interactions from a complementary 
perspective; while confocal and electron microscopy were able to eval-
uate the overall results on organoid morphology and architecture also at 
cellular level, the added toxicological markers analyzed three specific 
toxicological pathways in more detail: inflammation, oxidative stress, 
and obesogenic response. However, further insights are needed to 
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complete the toxicological analysis of MPFs. A more detailed analysis 
could include a co-localization analysis of MPF, changes in specific cell 
markers, levels of key enzymes which control the anti-oxidative balance, 
such as superoxide dismutase (SOD), or the contents of other oxidative 
stress marker, such as malondialdehyde (MDA). These methodologies 
are suggestions for further evaluation of the effects of airborne pollut-
ants such as MPFs on humans and to further test the proposed human 
exposure model. 

5. Conclusion 

In the present study, we employed a 3D in vitro model representing a 
normal lung to test the effects of inhaled and deposited MPFs. Based on 
the findings of this study, the presence of nonbiodegradable fibers 
during the repair phase of a damaged lung epithelium may lead to their 
inclusion in the repaired tissue with unknown effects on long term 
perspective. Moreover, we observed a significant reduction of SCGB1A1 
gene expression, which has frequently been used as a biomarker to 
monitor lung injury. Having thoroughly described the cell composition 
of the hAOs used for the first time via gene expression and microscopic 
analyses, this work contributes to the development of urgently needed 
human models for assessing the impact of particulate matter pollutants. 
We conclude that hAOs are suitable for testing MPs and other airborne 
contaminants, including NPs, to determine the potential risks of atmo-
spheric particles in developing adverse pulmonary effects, but further 
testing is needed to yield valuable insights using this model and com-
plete the analysis of the effects of inhaled MPFs. 
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Supporting Information 

“Human airway organoids and microplastic fibers: a new exposure model for 
emerging contaminants” 

 

Data tables: Table S1 – S2 

Graphics: Figure S1 – S5 

 

Other Supplementary Material for this manuscript includes the following:  

Video S1 (available at https://github.com/AnnaSophieWinkler/Human_airway_organoids)  

 

Table S1. Utilized reagents. 

Reagent Source Identifier or catalogue 
number 

Antibodies   
Anti-acetylated Tubulin Sigma-Aldrich T7451 

Anti-Human MUC1 Glycoprotein StemCell 
Technologies Inc 01423 

Recombinant Anti-Cytokeratin 5 antibody abcam ab75869 
Anti Uteroglobin/SCGB1A1/CC10 (E-11) Santacruz sc-365992 
Anti-Pro + Mature Surfactant Protein B 
antibody abcam ab40876 

Goat anti-mouse igG Alexa Fluor Plus 488 Invitrogen A32723 
Goat anti-rabbit igG Alexa Fluor Plus 647 Invitrogen A32733 
Reagents and chemicals   
A83.01 Tocris 2939 
AdDMEM/F12 Gibco 12634034 
B27 Gibco 1750444 
Bovine serum albumin (BSA) Sigma-Aldrich A9647 
Collagenase I Sigma-Aldrich C9407 
Dispase II Life Technologies 17105-041 
DMEM Euroclone ECB7501L 
DMEM high glucose Sigma-Aldrich D1145 
DNase I Sigma-Aldrich DN25 
EDTA Sigma-Aldrich E7889 
FBS Invitrogen  10270106 
FGF10 Peprotech 100-26 
FGF7 Peprotech 100-19 
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Reagent Source Identifier or catalogue 
number 

Glutamax  Gibco 35050061 
Glutaraldehyde EMS 16316 
Hepes Gibco 15630056 
Hexamethyldisilazane Sigma-Aldrich 440191 
Hoechst 33342 Invitrogen H3570 
Matrigel Corning 356231 
MitoSOX red Life technologies M36008 
MTT substrate Sigma-Aldrich M5655 
N-Acetylcysteine Sigma-Aldrich A9165 
Nicotinamide Sigma-Aldrich N0636 
Noggin Peprotech 120-10C 
Osmium tetroxide (OsO4) Ted Pella 18463 
Paraformaldehyde Sigma-Aldrich 158127 
Penicillin/Streptomycin Gibco 15140122 
Phalloidin-Atto 565 Sigma-Aldrich 94072 
Phosphate-buffered saline (PBS) Sigma-Life Science P4417 
Red blood cell lysis buffer BD Pharm Lyse 555899 
Rock inhibitor Y27632 Peprotech 1293823 
RSPO1 Peprotech 120-38 
SB202190 Sigma-Aldrich S7067 
Staphylococcal enterotoxin B (SEB) Sigma-Aldrich S4881 
Sodium cacodylate Sigma-Life Science C4945 

SuperScript IV VILO Thermo Fisher 
Scientific 11756500 

SYBR Select Master Mix Thermo Fisher 
Scientific 4472937 

Triton X-100 Sigma-Aldrich X100 
Trypsin NB Cell Culture Grade, 0.05% solution 
with EDTA SERVA 37297 

Reagents and chemicals   

TRIzol reagent Thermo Fisher 
Scientific 15596-026 
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Table S2. Genes, forward (FWD) and reverse (REV) sequences of primers and their functions used in 
qRT-PCR analysis. 

Gene Name Prim
er Sequence Function 

SOD1 Superoxide 
Dismutase 1 

FWD CACTGGTGGTCCATGAAAAAG
C antioxidant 

enzyme REV ACACCACAAGCCAAACGACT 

SOD2 Superoxide 
Dismutase 2 

FWD GCTCCCCGCGCTTTCTTA antioxidant 
enzyme REV GCTGGTGCCGCACACT 

GSTA1 Glutathione S-
Transferase Alpha 1 

FWD GCAGCTGGAGTAGAGTTTGAA
GAG 

detoxification 
of 

electrophilic 
compounds REV TCAGGTGGACATACGGGCA 

GPX1 Glutathione 
Peroxidase 1 

FWD AGAGTCTGGCTACTCTCTCGTT detoxification 
of hydrogen 

peroxide REV CCGGGATTTTGCCCTCCAT 

NOX2 NADPH oxidase 2 
FWD CATTATCCCAGTTGGGCCGT maintain a 

healthy level 
of ROS REV GTCTCAGGCCAATCACTTTGC 

COX1 Cytochrome c 
oxidase I 

FWD ATACCAAACGCCCCTCTTCG preventing 
oxidative 

stress REV TGTTGAGGTTGCGGTCTGTT 

CAT Catalase 
FWD TTGCCACAGGAAAGTACCCC catalysis of 

hydrogen 
peroxide REV TGAGGCCAAACCTTGGTGAG 

ND1 
NADH-ubiquinone 

oxidoreductase chain 
1 

FWD ACGCCATAAAACTCTTCACCA
AAG ROS level 

regulation REV TAGTAGAAGAGCGATGGTGAG
AGCTA 

TNF-a Tumor necrosis 
factor-alpha 

FWD GCCCATGTTGTAGCAAACCC Inflammatory 
response REV TATCTCTCAGCTCCACGCCA 

IL-6 Interleukin 6 
FWD GCCCAGCTATGAACTCCTTCT Inflammatory 

response REV GCAAGTCTCCTCATTGAATCC
AG 

CCL2 Chemokine ligand 2 
FWD CATGAAAGTCTCTGCCGCCC Monocytes 

and neutrophil 
activation REV GGGCATTGATTGCATCTGGCT

G 

CLDN1 Claudin 1 
FWD TTACTGCCCCCAGAGGATGA Lung 

epithelium REV TGCAACGTCGTTACGAGTCA 

KRT5 Keratin 5 
FWD GCATCACCGTTCCTGGGTAA Basal cells 

marker REV GACACACTTGACTGGCGAGA 

NKX2.1 NK2 Homeobox 1 
FWD ACCAAGCGCATCCAATCTCA 

Lung marker 
REV CAGAGCCATGTCAGCACAGA 

NPHP1 Nephrocystin 1 
FWD CAGAGCCACATGGCAACCTA Ciliated cells 

marker REV ACCCAGCCACAGCTTAACTC 

SCGB1A1 Secretoglobin 
Family 1A member 1 

FWD TCCTCCACCATGAAACTCGC Club cells 
marker REV AGGAGGGTTTCGATGACACG 

SFTPA1 Surfactant protein 
A1 

FWD CAGACGGGACCCCTGTAAAC AT2 cells 
marker REV CCTGTCATTCCACTGCCCAT 

SFTPC Surfactant protein C FWD ATGGATGTGGGCAGCAAAGA 
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REV CAGCAGGGAATGCCAAATCG AT2 cells 
marker 

DNAH5 Dynein Axonemal 
Heavy Chain 5 

FWD AGAGGCCATTCGCAAACGTA Ciliated cells 
marker REV CCCGGAAAATGGGCAAACTG 

PRSS1 Serine protease 1 
FWD AAGTGTGAAGCCTCCTACCC Trypsinogen 

secretion REV GGTGTAGACTCCAGGCTTGT 

PRSS3 Serine protease 3 
FWD CTCACCTGCCGTCATCAATG Trypsinogen 

secretion REV TTACACTCAGCCTGGGTCAG 

SNAI1 
Snail family 

transcriptional 
repressor 1 

FWD TACAGCGAGCTGCAGGACT Control of 
EMT during 

tumor 
progreassion 

REV ATCTCCGGAGGTGGGATG 

TWIST1 Twist family BHLH 
transcription factor 1 

FWD GGAGTCCGCAGTCTTACGAG Key 
transcription 

factor in EMT REV TCTGGAGGACCTGGTAGAGG 

N-cadherin N-cadherin gene 
FWD GGTGGAGGAGAAGAAGACCA

G EMT marker 
gene REV GGCATCAGGCTCCACAGT 

PPARg 
Peroxisome 

proliferator-activated 
receptor gamma 

FWD CATTCCATTCACAAGAACAGA
T Adipogenesis 

marker REV GGCTTATTGTAGAGCTGAGT 

ADIPONEC
TIN Adiponectin 

FWD TTCCATACCAGAGGGGCTCA Adopogenesis 
marker REV CCCTTGAGTCGTGGTTTCCT 

ACTB beta actin 
FWD CACGATGGAGGGGAAGACGG 

Cell structure 
REV CGCCGCCAGCTCACCATG 

TBP TATA-box binding 
protein 

FWD GCCACGCCAGCTTCGGAGAG 
Transcription 

REV CCGCAGCAAACCGCTTGGGA 

HPRT1 
Hypoxanthine 

Phosphoribosyltransf
erase 1 

FWD CTGGCGTCGTGATTAGTG Nucleotide-
metabolism REV CACACAGAGGGCTACAATG 
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Figure S7. Polyester fibers collected from the filtered exhaust air after the drying of synthetic clothes 
and fabrics. 

 

 
Figure S2. Gene expression heatmap of human airway organoids (hAOs). Organoids were generated 
from the biopsies of three healthy lung donors (hAO1–3) and a human pancreas organoid (hPO) for 
comparison. PRSS1 and PRSS3 are genes associated with the trypsinogen secretion in pancreas and 
used as negative control.    
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Figure S3. EDS spectrum of a polyester fiber from synthetic fabrics. 
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Figure S4. ATR-FTIR spectrum of all original bulk fabrics used for the drying compared to PET from 
a plastic water bottle as reference; (A) PET bottle, (B) Blanket, (C) T-shirt (D) Fleece Jacket, (E) Fleece 
Jacket2, (F) Fleece Jacket3. 
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Figure S5. (A) MTT viability test of hAO; control group (n = 3; in orange) against MPFs treated group 
(n = 3; in blue). Data were presented as % of metabolic activity (control group set at 100%); data were 
normalized considering the number of organoids per well. (B) ELISA test of hAO supernatant: MPFs 
treated group (n = 3; in blue) and xenobiotic stimulated group (n = 3; in orange). Data were reported as 
fold increase of IL6 compared to untreated group. (C) MitoSOX flow cytometric analysis of hAO; 
control group (n = 3; in blue) against MPFs treated group (n = 3; in orange) and stimulated group (n = 3; 
in green). Data in panel A are shown as means ± Standard Deviation (n = 3), statistical analysis was 
performed by t-test analysis followed by Kolmogorov-Smirnov correction. Data in panel B are shown 
as means ± S.E.M. (n = 3). Data in panel C are shown as means ± S.E.M. (n = 3), statistical analysis 
was performed by two-way ANOVA followed by Bonferroni correction; ** P <0.01. 
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CHAPTER III – Conclusions 
This thesis demonstrated the presence and fate of microplastics in a freshwater 

ecosystem and in bottled drinking water, showed that micro- and nanoplastics can be generated 
by opening plastic water bottles, and how secondary nanoplastics can be modified in their 
physical-chemical properties. Finally, a new model for human risk assessment of atmospheric 
plastic particles was presented.  

The freshwater ecosystem investigations show the incidence of microplastics in all four 
analysed abiotic (surface water and sediment) and biotic (the wels catfish Silurus glanis and 
the caddisfly Hydropsychidae from the order Trichoptera) matrices simultaneously sampled at 
the Ticino River, as well as plastic ingestion of an avian freshwater species (Alcedo atthis). The 
results of this project demonstrated a high complexity of the distribution of microplastics along 
the river, evidenced by the absence of correlation of concentration in the biota to that in water 
and sediment and along the river (including pellets of the kingfisher). This finding was 
unexpected considering that higher microplastic concentrations are usually correlated to 
anthropogenic activity (here effluents of WWTPs) which increases towards the lower end of 
the river. In addition, the observed differences in microplastic from sediment and water samples 
in regard to size and shape indicate a considerable influence of other environmental factors 
such as e.g. biofouling in driving the environmental fate of microplastics. The overall results 
evidence that a single matrix alone cannot accurately represent the microplastic pollution level 
because the environmental features of sampling sites (flow velocity) are able to drive 
microplastic loads towards a specific matrix, especially in complex river systems such as those 
characterised by high natural conditions. In consequence, future studies need to perform 
multiple-matrix monitoring to assess microplastic pollution of a freshwater ecosystem - once 
common procedures for sampling and detection have agreed on. Moreover, the spatial 
variability and the opposing microplastic concentrations in water and sediment further indicates 
a strong role of the pronounced hydrodynamic conditions of the Ticino River, where 
microplastics can be deposited, retained and resuspended. The then calculated annual load to 
the Po River of 3.40 x 1011 microplastics demonstrated the order of magnitude of the 
microplastic load to the surface water network and the dimension of the potential load of 
microplastic from the freshwater network to the sea. This impressive but realistic value should 
encourage stricter monitoring and control of microplastic loads in aquatic ecosystems. 

In the context of micro- and nanoplastic impacts on humans, information on plastic 
particle contamination of drinking water and exposure pathways of particles from food 
packaging is most valuable. This thesis’ work as shown the release of micro- as well as 
nanoplastic particles from drinking water plastic bottles (single-use) under simulated use. 
While the PET material of the tested bottles (body and bottleneck) was resistant towards 
mechanical stress, the bottle lid made of HDPE was identified as source of the formation of 
plastic particles, which were also detected on bottlenecks, and therefore, available for human 
exposure via ingestion. Particularly the results regarding nanoplastics release are of interest to 
human exposure studies considering that smaller particles (few micrometer and nanometer 
range) are thought to be more hazardous. This work furthermore suggests that the release of 
micro- and nanoplastic particles from plastic packaging material, which also depended on the 
bottle brand, should be taken into account when designing new sustainable plastic strategies or 
principles guiding the revision of packaging, also regarding life cycle assessments. 
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By coupling different techniques, namely high resolution SEM, XPS, SPES and 
µRaman analysis, and applying concentration steps, this work presents a suitable approach for 
quantifying and identifying nanoplastics in simple matrices like drinking water, and by that, a 
design of improved analytical schemes for secondary nanoplastics. Moreover, it has been 
observed that mechanical stress alone can chemically modify plastic materials (here PE) even 
without the occurrence of other external stressors. The gained knowledge of physical-chemical 
modifications of secondary nanoplastics with respect to those of their original source bulk 
material explains the known challenges associated with their identification and deepens the 
understanding of degradation mechanisms during secondary nanoplastics formation, which is 
urgently needed for environmental nanoplastic sampling, effect and analysis studies.  

Evaluating the effects of micro- and nanoplastics in humans is crucial for determining 
their risk potential. According to the World Health Organization,70 quality-assured 
toxicological data are needed on the most common forms of plastic particles relevant for human 
health risk assessment. Having employed a 3D in vitro model representing a normal lung to 
test the effects of inhaled and deposited microplastic fibres, this thesis contributes to the 
development of urgently needed, reliable human models for assessing the impact of airborne 
particulate matter pollutants such as micro- and nanoplastics. Moreover, the developing of 
more reliable in-vitro toxicological models could contribute to overcome animal model needs 
which should be reduced and even avoided as much as possible, according to EU legislation. 
The cell composition of the used human airway organoids was thoroughly described for via 
gene expression and microscopic analyses. Based on the findings, it has been suspected that 
atmospheric microplastics can cause adverse effects on developing lungs, but further testing is 
needed to yield valuable insights using this model and complete the analysis of the effects of 
inhaled microplastics. The development of human airway organoids is of particular urgency 
since air is assumed to be the main source of  micro- and nanoplastics uptake by humans.56 
Considering the benefits of 3D cell models presented in this thesis and following new 
developments, improvement and understanding, researchers currently working on micro-and 
nanoplastic effects on humans should seriously consider 3D cell culturing options.  

With future plastic waste reduction through circular systems (e.g. reuse, recycling) and 
innovation in the design of plastic products (e.g. synthetic clothes releasing fewer fibres, 
biodegradable plastics), the microplastic emissions might reduce as well. However, plastic 
leakages will further occur, and the plastic present in the environment will steadily break down 
into micro- and nanoplastics that continue to threaten organisms and humans. For this reason, 
the quest on micro- and nanoplastic measurement and effects will continue until the body of 
evidence will be substantially improved. 
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APPENDIX B – Popular publications, educational 
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Popular publications 

PUBLICATION 1 – Alessandro Nessi, Alessandro Balestrieri, Anna Winkler, Paolo Tremolada 

(2020). Il martin pescatore (Alcedo atthis) nella valle del Ticino: distribuzione, dieta 

e microplastiche. Published by “Ente di gestione delle aree protette del Ticino e del 

Lago Maggiore” and “Parco lombardo della Valle del Ticino”. 

https://ente.parcoticino.it/pubblicazioni/il-martin-pescatore-alcedo-atthis-nella-

valle-del-ticino-distribuzione-dieta-microplastiche/ 

PUBLICATION 2 – Paolo Tremolada, Anna Winkler, Andrea Masseroni (2021). Pericolo 

microplastiche nel Ticino. Published by “Piemonte parchi”. 

http://www.piemonteparchi.it/cms/index.php/ambiente/divulgazione/item/4400-

pericolo-microplastiche-nel-ticino 

PUBLICATION 3 – Elisa Allodi, Anna Winkler, Alessandro Balestrieri, Paolo Tremolada 
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Teaching Activity 

COURSE 1 – Approaches to the Study of Ecological Systems; holding lessons (2 h) “Microplastic 

in the Environment (Project Planning)” in 2020 and 2021 

COURSE 2  – Ecologia; holding a lesson (2 h) about “Microplastics” in 2021 

COURSE 3  – Ecologia Quantitativa; tutorial activity (12 h) for the practical sessions on the use 

of the software RStudio 

COURSE 4  – Scientific Writing; holding lessons (6 h) on “Automated bibliography (Zotero and 

Mendeley)” for course I and II organized by Centro Italiano Studi Ornitologici and 

Journal AVOCETTA in 2021 
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External Seminars 

SEMINAR 1 – Microplastic detection in freshwater ecosystems and drinking water; Seminario 

Limnologico, CNR Istituto di Ricerca sulle Acque, Verbania, Italy, November 2019 

SEMINAR 2 – Microplastic in the environment; Rotary Club Frankfurt International, September 

2020 

Achievements 

AWARD – Premio Prof. Nicola Saino 2020 for best published article issued by the University 

of Milan for the paper “Does mechanical stress cause microplastic release from 

plastic water bottles?” published in Water Research, 2019 

CALL – Winning of the Open Access to JRC Research Infrastructures Call by the European 

Commission 2019: Nanobiotechnology 

 


